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Chapter 1: The Proposal - Assessment of status and options 
for recovery of prawns & estuarine biodiversity in 
the Noosa River Estuary 

1.1: Physical Setting 

The Noosa River estuary and lakes system is considered to be a relatively unmodified estuarine 
system (http://www.ozestuaries.org) although it flushes through a modified mouth that affects the 
tidal regime. The river mouth has been extensively changed by dredging, to stabilise and nourish 
eroded banks along the foreshore of the Noosa Spit Recreational Reserve and to replenish coastal 
beaches (Skilleter et al., 2006). These intertidal sand banks are important foraging and breeding 
grounds for a wide diversity of commercially and recreationally important finfish (Miller & 
Skilleter, 2006). 

There is primarily natural forest within conservation areas in the upper catchment and no substantial 
agriculture occurs along the estuary (Schlacher et al., 2007). Recreational fishing is common within 
the system, taking advantage of a number of boat ramps and easy access points (Webley et al., 
2009). Excess nutrients from the system have been blamed for nuisance blooms of the brown alga, 
Hincksia sordida, along the main ocean beaches: the alga occurs in the lower reaches of the Noosa 
River and may be the source of these blooms (Phillips, 2006). The Noosa estuary does not receive 
licensed discharges of sewage (ref). There is less than 1 km2 of mangroves within the Noosa system 
(Manson et al., 2005). Seagrass is widely distributed throughout the system, below Lake Cooroibah 
(Lucrezi, 2010). 

1.2: The Problem 

Many fisheries around the world are reported to be in decline due to a range of anthropogenic 
factors (Sheaves et al., 2014), however, in many cases there are insufficient long-term or baseline 
data, measured at appropriate scales, against which change can be measured (Creighton, 2012; 
Thurstan, 2015). This lack of historical data often results in a phenomenon called ‘shifting baseline 
syndrome’, which is a shift in our perception of the natural environment due to lost information 
over generations (Pauly, 1995). 

The Noosa River system has a long history of recreational and commercial fishing, for finfish 
(mullet, bream, flathead, tailor, whiting) and prawns (greasyback & school), but there is a 
perception that over recent decades, catches of some, if not many, of the species have declined. 
There is an inherent friction between commercial net fishers and recreational line fishers over 
access to the resources, with commercial fishing often blamed for perceived declines in catches of 
fish. Both sectors agree that the marked changes in hydrology from dredging and development near 
the river mouth (see above) have affected catches of most species. Other issues that have been 
raised include declining biodiversity within the sediments of the system (the food base for finfish 
and crabs), loss of mangroves along the foreshore, possibly from excessive boat wash and the 
extensive decline in the coverage of seagrass, most likely a consequence of excessive sedimentation 
from the Kin Kin catchment. 

There are clear benefits to arise from rehabilitation and protection of foreshore vegetation such as 
mangroves, with increases in the abundance of benthic animals (food base), including crabs and 
prawns, where mangroves are replanted (Bosire et al., 2004). The presence of seagrass is well 
known to provide refuge from predation for many species of animals living in sediments and on the 
vegetation (Leber, 1985; Skilleter, 1994).  
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Changes in hydrology at the river mouth are likely to have modified tidal flows within the estuary 
(Johnston, 1981; De Jonge, 1992), which leads to marked changes in sediment distribution, sorting 
and resuspension (De Jonge, 1983). The numbers and types of animals living in and on the 
sediments (macrofauna) are very closely linked to these sediment variables (Rhoads, 1974), so 
changes in sediments usually leads to changes in these benthic communities (Snelgrove & Butman, 
1994). 

The long history of beam trawling for prawns and various forms of net fishing for finfish within the 
Noosa River system is likely to have led to dramatic changes not only to the species being targeted, 
but to those species forming the by-catch (Andrew & Pepperell, 1992) and the benthic animal 
communities which may be crushed underneath trawl doors and the beam trawl sleds and smothered 
by mobilised sediments (Gilkinson et al., 1998; Kaiser, 1998; Kaiser et al., 1998). It is these small 
benthic animals, such as worms, snails and clams, and crustaceans including prawns and crabs that 
form the diet of many of the fish targeted in both the recreational and commercial fisheries (Miller 
& Skilleter, 2006). Beam trawling has also anecdotally removed much of the in-stream cover from 
the main river channel between Lake Cooroibah and Lake Cootharaba. Therefore, changes to the 
seafloor and the animals found there may result in a negative feedback to the fisheries through loss 
of their food base. 

Two species of prawns that have traditionally been targeted in the Noosa River system: the 
greasyback prawn (Metapenaeus bennettae), school prawn (Metapenaeus macleayi) and a third 
species, the eastern king prawn (Penaeus plebejus) relies on the estuary for part of its lifecycle (i.e. 
this species recruits to the estuary as a juvenile then moves to the coastal shelf as an adult) (Coles & 
Greenwood, 1983). The declining prawn fishery was identified as one of two key issues for 
immediate investigation, at a ‘The Nature Conservancy’ sponsored workshop for estuarine scientists 
with expertise in regional issues (the other was the restoration of oyster reef habitat) (TNC 2015). A 
further assessment of historical fishing trends commissioned by Noosa Regional Council, The 
Thomas Foundation and The Nature Conservancy, found that historically there have been annual 
fluctuations in the total reported catch of various prawn species, but the quantity of prawns caught 
has dropped substantially in the last three years, particularly for the school prawn (Thurstan, 2015). 
There has also been a decline in the number of fishers catching school prawns, from a historical 
high of 26 licensed in 1991 (1103 catch days) to just seven licenses (65 catch days) as a 
consequence of declining stocks (Thurstan, 2015). Explaining the decline in prawns and other 
species remains hampered by a lack or currently dispirit and disconnected baseline ecological data 
on the Noosa River, Lakes and Estuarine systems.  

The planned study will investigate the critical links between the pelagic (water-column) and benthic 
(sedimentary) environments including prawns at different stages of their life history. The study will 
review existing data on the broader components of the ecosystem and supplement any identified 
gaps, including the physico-chemical conditions and the biodiversity found in both environments. 
Given there has been a measured decline in the school prawn fishery and a perceived decline by the 
community, this study will use prawns as a sentinel group to assess the broader environmental 
conditions within the Noosa River system. Sentinel species are used to gain early warnings about 
current or potential negative trends and impacts – an holistic understanding of what is happening 
with the populations of the prawns will simultaneously provide detailed baseline ecological 
information about the Noosa River, lakes and estuary, against which future changes can be 
measured. 

1.3: Noosa River Prawn Populations 

The greasyback (Metapenaeus bennettae) and school (Metapenaeus macleayi) prawns support 
significant commercial fisheries along the east coast of Australia (Montgomery & Wales, 2010). 
These species have the capacity to complete their entire life-cycle within enclosed waters (Young & 
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Carpenter, 1977), in contrast to the eastern king prawn (Penaeus plebejus), which has an estuarine 
(post-larvae and juveniles) and coastal (breeding adults) phase (Montgomery et al., 2007). There 
has traditionally been a recreational fishery targeting eastern king prawns (Penaeus plebejus) in the 
Noosa system (Montgomery et al., 2007) and a substantial commercial fishery for the greasyback 
and school prawns (Metapenaeus bennettae and M. macleayi respectively) (Coles, 1979). Most of 
the commercial catch occurs in Lake Cootharaba (see Figure 1). 

Metapenaeus macleayi is the numerically dominant species caught in beam trawls in the Noosa 
System (Coles, 1982; 1986) and Noosa River traditionally supported the largest populations of this 
species in Queensland (Ruello, 1977), however over the past three years, the fishery for school 
prawns has declined sharply resulting in a reduced number of licenses and substantial reduction in 
catch rates relative to other prawn fisheries (Figure 1; Thurstan, 2015). Studies on this species done 
elsewhere (Ruello, 1973a) indicate that M. macleayi feeds on bottom organic material, spending 
most of their time buried beneath the substratum. The abundance of food on the bottom affects their 
distribution (De Jonge, 1983). Metapenaeus bennettae has been shown to respond to changes in 
sediment type (from sand to mud) (Greenwood & Aziz, 1982). 

The eastern king prawn (Penaeus plebejus) while not targeted commercially in the Noosa estuary, 
are intimately linked to estuaries as juveniles. Populations of eastern king prawns (Penaeus 
plebejus) within the Noosa system are primarily juveniles (CL < 5mm), explaining the lack of a 
commercial fishery for this species within the waterway. Individuals of this species tend to be more 
abundant closer to the mouth of the estuary in the higher salinity waters (Ruello, 1973b). They then 
migrate seaward following increased rainfall and riverine flows during summer months, resulting in 
a temporary increase in their abundance in coastal waters. The prawn population then typically 
increases in abundance in estuarine waters due to enhanced recruitment, growth and survival of the 
post-larval stages, which is reflected in the annual fluctuations in commercial catch. The eastern 
king prawn therefore provides a suitable sentinel species to contrast against the school and 
greasyback prawns that are more reliant on a healthy Noosa estuary for their whole lifecycle. 

 

 
 
Plate 1.1: Sampling along the banks of Lake Weyba at high tide. 
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Figure 1.1: Map of Noosa River and Lakes system. White outline demarks the rough boundaries of 
the system.  

 

1.4: The Solution 

There are a number of different (but not mutually exclusive) explanations for why stocks of prawns 
in the Noosa estuarine system have declined to the point where the fishery is no longer viable. 
These include: 

• Recruitment over-fishing (no longer sufficient adult stocks to provide next generation); 
• Poor water quality reducing larval prawn survival (e.g. low planktonic food supplies); 
• Poor water quality affecting early life history of prawns (e.g. pollutants in water); 
• Sediment pollution, including run-off from catchments (e.g. pollutants in sediments); 
• Changed habitat conditions (e.g. loss of seagrass and/or mangroves); 
• Physical disturbance to bottom sediments from excessive trawling and netting; 
• Changes to other components of the benthic communities affecting the prawns. 



 6 

It is not currently possible to distinguish among these (and other) possible models for the decline in 
stocks due to a lack of comprehensive understanding of the physical and biological conditions 
within the lakes and estuary (i.e. the current environmental status of the Noosa River, lakes and 
estuary) (Figure 2).  

The study will therefore provide a comprehensive review of existing data about the state of the 
environment, supplement gaps in our knowledge where feasible and use this to determine the likely 
explanations for the decline in prawn stocks within the Noosa River and lakes. Recommendations 
for enhancing or restocking the prawn populations will be provided based on our assessment in the 
final report (36 months post project inception). Critically it will also provide essential analysis and 
interpretation of information about the status of the lakes and estuary that will contribute to our 
understanding of the current environmental status of the system. This will be used as a baseline 
against which improvements or declines in the system overall can be measured. 

1.5: An Integrated Ecological Analysis of the System 

This integrated ecological study will provide a detailed assessment of the environmental conditions 
that currently occur within the Noosa River, lakes and estuarine systems, including the occurrence 
of any pollutants in the water column and sediments and review the distribution of seagrass and 
mangroves as part of our assessment of the current status of the aquatic environment (Figure 2).  

1.5.1: Component 1: Desktop review and gap analysis of the current environmental condition 
of Noosa Lakes and Estuary 

We will extend on the recent workshop report completed by The Nature Conservancy (TNC 2015) 
for Noosa Parks Association by reviewing the existing data, mapping and reports on the historical 
distribution of estuarine habitats (particularly mangroves, seagrass and saltmarsh), diversity and 
abundance of sentinel species (prawns) and other benthic invertebrates (where data are available) 
and historical water and sediment quality for the estuary. We will seek to provide a baseline 
assessment for the state of benthic and pelagic habitats in the Noosa Lakes and estuary against 
which future restoration of the estuary can be measured. We will also identify any gaps in our 
understanding, which are likely to include: 

a) Mapping the change in whole of estuary distribution of marine plants (mangroves, seagrass and 
saltmarsh) using GIS to determine the amount and locations where the greatest extent of marine 
plant habitat has been lost. This will be done by comparing historical distribution with up to date 
maps of marine plants distribution created from high-resolution imagery and validated in the field 
using standard assessment techniques developed by researchers at the University of Queensland. 
We assume that Noosa Regional Council will supply or license high-resolution images and existing 
data. 

b) Historical analysis of water and sediment quality, including reviewing data collected by Healthy 
Waterways between 2000 and 2015 and additional data where available through council. Including 
mapping of potential pollution inputs from point sources. 

c) Review historical records of the commercial prawn fishery (extending the previous report 
completed by Thurstan 2015 for council, TNC and the Thomas Foundation)10, any records of 
recreational fishing activity and if these are linked to historical patterns in the distribution of 
seagrass and mangroves, water or sediment quality. 

d) Provide a report on the desktop review including identification of gaps in our current 
understanding and providing recommendations for addressing those gaps. 
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1.5.2: Component 2: Assessment of the current stocks of benthic sentinel species (prawns)  

This component of the proposed study will assess the current standing stocks of the three main 
species of prawns of interest (Metapenaeus bennettae, Metapenaeus macleayi and Penaeus 
plebejus) to determine if there has been a decline relative to historical accounts (where these are 
available/exist) as the available catch data from Qld Fisheries are relatively coarse in resolution and 
may be confounded for decreasing fishing licenses and fishing effort. These surveys will also 
include examination of the abundance of larval and post-larval stages of the prawns in the water 
column, during the period when they should be recruiting to the benthic stocks to determine 
whether declines in abundance are due to recruitment failure. 

This component will also require an assessment of key environmental parameters in the benthic and 
pelagic environments at each survey location, which would include assessing habitat parameters, 
measuring water quality, and assessing sediment parameters including particle size distribution and 
total organic carbon (among other parameters to be determined through the gap analysis). 
Correlations between the environmental parameters and the distribution and abundance of sentinel 
species will be tested. 

We will assess whether there are links between the abundance of these three sentinel species and the 
historical and current environmental condition of the Noosa Estuary and from this provide 
recommendations for enhancing (though habitat restoration etc.) or restocking of prawns to the 
estuary to improve the fishery. 

1.5.3: Component 3: Community Engagement  

An important component of this project will be engaging the community and working with existing 
community groups to access relevant ecological and environmental data.  These groups include 
Healthy Waterways (which currently have a strong working relationship with the University of 
Queensland through numerous co-funded projects); SEQ Catchments (again who have a strong 
working relationship with the University of Queensland); Seagrass Watch; and Mangrove Watch 
(which was founded by the University of Queensland scientists and the University of Queensland is 
currently a Major Sponsor). Where possible, we will engage with volunteers associated with these 
groups, in order to gain from their involvement and local knowledge. 

We plan to work involve members of the Noosa Parks Association in the collection of relevant 
ecological data (in collaboration with our students and research staff), we will also engage with 
relevant indigenous elders to better understand the traditional knowledge of the system, and seek 
education opportunities for the broader community through outreach days held at least annually.  

Reports, metadata and project communications will be deposited into a Noosa Knowledge Hub to 
be hosted eventually by Noosa Biosphere Reserve Foundation. All data will be available upon 
request where licensing allows. A dedicated web-page, hosted by the University of Queensland, will 
be developed for the project, providing regular updates on progress and allowing access by the 
public to relevant newsletters we will produce for the project. 
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Figure 1.2: Conceptual framework for the integrated study to assess the environmental conditions 
and stock evaluation of prawn populations in the Noosa River estuary and lakes. 

 

 
 

Plate 1.2: Silver Biddy caught by trawl in Noosa River - 2018 
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Chapter 2: Conceptual Approach 

The four main issues facing the Noosa River estuarine system fall under the broad categories of: 

• recreational fishing impacts 

• commercial fishing (prawns and mullet) 

• dredging operations 

• catchment land clearing 

Each of these issues is likely to interact with the others, compounding and exacerbating any 
impacts, so an integrated approach that attacks the combination of these issues will help move 
towards an understanding of potential solutions. This, however, soon becomes an intractable 
problem because of the scale, scope and cost of trying to investigate all the possible components of 
these four issues. To help us break down the problems, we have developed conceptual diagrams 
which identify these components and these are used to shape the most cost-effective approach 
within the tight limitations of both budget and project duration (3 years). These diagrams are shown 
here. These will be developed and elaborated upon at the first workshop in September. 

 

 
 

Issue 1: Recreational Fishing 
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Issue 2: Commercial Fishing 

 

 

 
 
 
 
 

Issue 3: Dredging 
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Issue 4: Catchment Clearance 

 

 

 

2.1: Rationale for Sampling Design 

There is usually considerable variation in the abundance of fauna and flora at a number of spatial 
scales, from a few metres to many kilometres.  To demonstrate any influences of an impact from, 
say, release of spilled fuel in a marina into local waterways, on the organisms in a particular 
location, it is necessary to demonstrate that the densities of the plants and animals, and any changes 
in these densities from time to time, are significantly different from those that are occurring 
naturally in places where no such influences are occurring.  This is best done by comparing the 
abundances of plants and animals in the location reputed to be affected by the environmental 
disturbance with those found on average elsewhere.  Multiple Control locations are necessary 
because any two randomly-chosen locations will almost certainly differ in the abundances of 
organisms present, through natural variations from place to place. 

If a single Control location were sampled and compared with a single putatively disturbed 
(polluted) location, they may have different intrinsic mean abundances of some organism regardless 
of whether or not the disturbance had any effect.  Hence, properly replicated control locations are 
essential.  Comparisons using only a single Control location are highly likely to detect differences 
which may have nothing to do with the dredging operations.  In this particular example, there is 
only a single putatively impacted location (Noosa River Fisheries Habitat Reserve ) so the 
appropriate comparisons are done using asymmetrical designs recently published in the peer-
reviewed scientific literature (Underwood, 1991, 1992, 1993, 1994). 

Similarly, it is a basic requirement that replicated sites within each location are chosen to ensure 
that, in any analysis of data, variation from Site to Site is not inextricably tangled up (technically, 
confounded) with any variability from one Location to another.  If only a single Site in each 
location were sampled, a difference detected between, for example, the Fisheries Habitat Reserve 
and a control Location might simply be due to the fact that sites within any location differ and 
therefore single sites examined from several locations will automatically differ.  If several sites are 
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sampled in each location, their average should not differ from one location to another unless there is 
some overall difference among the locations. 

Reviews of environmental studies in the literature have indicated that many studies investigating 
environmental impacts only utilise a single control location.  There must be several control 
locations even when examining a very large disturbed area which requires extensive sub-sampling.  
The sub-sampled areas cannot serve to unconfound comparisons among locations - they only assess 
how much variability there is within locations. 

 

 

 
 

Plate 1.3: Research Assistant, Natalie Meiklejohn, sampling in Lake Cootharaba - 2018 
 
  



 13 

Chapter 3: The Ph.D. Thesis (Mr. Dylan Moffitt) 

3.1: Summary 

Estuaries are considered among the most important, valuable and dynamic ecosystems on the planet 
and provide humans with a number of goods and services of economic, cultural and social value. 
Among the core services provided by estuaries is their immense value as habitat and nurseries for a 
wide range of fish and invertebrates, many of which support important local and offshore fisheries. 
Estuaries are also considered one of the most degraded and threatened of all ecosystems. 
Burgeoning coastal populations continually encroach upon and denude estuarine habitat resulting in 
a loss of estuarine biodiversity. The resultant loss of valuable ecosystem services (e.g. fisheries) has 
prompted global cries for better accounting and management of estuarine condition. Efforts to 
mitigate and, where necessary reverse the declines in estuarine ecosystem condition are 
significantly curtailed by a lack of biological and ecological information for many estuaries. In this 
project, I will investigate the linkages between human development and fisheries activities and 
estuarine biodiversity in an important SE Queensland estuarine system, Noosa River and Lakes. 
This will be achieved through four integrated chapters: 

1. Assessing the threats and impact of land use change on biodiversity in the Noosa river 
system; 

2. Using citizen science to determine the size and scope of the recreational fishery in Noosa; 

3. Assessing the impact of human activities on food web dynamics in Noosa using prawns as a 
sentinel species; and 

Meta-analysis and literature synthesis of available research on the impacts of fisheries and coastal 
development in for data-poor versus data-rich estuaries. 

3.2: Overarching Project Aim 

To provide an integrated assessment of ecological condition in the Noosa River estuary and 
determine the linkages between human activities and spatial patterns of biodiversity for estuarine 
benthic and pelagic assemblages. 

3.3: Background 

3.3.1: What Are Estuaries? 

Estuaries occur in the transition zone (or ecotones) between coastal terrestrial and freshwater 
ecosystems and coastal marine ecosystems (McKlusky & Elliott, 2004). They are widely considered 
among the most important, valuable and dynamic ecosystems on the planet, occurring along the 
coastlines of all the continental landmasses (Costanza et al., 1997; McKlusky & Elliott, 2004). 
Subterranean estuaries have even recently been discovered beneath the ice sheets of Antarctica 
(Horgan et al., 2013). By virtue of their position as the meeting place between rivers and the sea, 
estuaries act both as conduits for the flow of matter and energy and as mixing zones between 
terrestrial, freshwater and coastal environments. Consequently, estuaries experience some of the 
highest rates of primary and secondary productivity of any natural ecosystem (Schelske & Odum, 
1962). Estuaries also support diverse and productive plant and animal communities, the latter of 
which includes many artisanal, recreational and commercially harvested fish and invertebrate 
species (Schelske & Odum, 1962; Pollard, 1981). 
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Estuaries vary considerably in their physical (e.g. geomorphology, hydrography) chemical (e.g. 
nutrient regimes, salinity) nature. Numerous attempts have been made to develop a universal 
definition that encapsulates the features common to all estuaries (see Pritchard, 1967: Perillo, 1995: 
Day, 1980: Kjerfve, 1989: Potter et al., 2010). Early definitions were typically modelled on 
estuaries in the temperate regions of the northern hemisphere, the most widely cited of which is the 
definition posited by Pritchard (1967):  

“An estuary is a semi-enclosed coastal body of water which has a free connection with the open sea 
and within which seawater is measurably diluted with freshwater derived from land drainage.” 

This and other early definitions failed to acknowledge the propensity of some estuaries (particularly 
those in southern Australia and South Africa) to transition periodically from well-mixed stratified 
estuaries to hypersaline systems isolated from the sea by sand bars at their mouths (Potter et al., 
2010). The Wellstead estuary in southwestern Australia for instance, experiences protracted periods 
(up to 45 months recorded in one study) of complete isolation from the sea (Young & Potter, 2002). 
During this landlocked phase, salinity in the Wellstead estuary can rise up to an incredible 120 ppt 
(Young & Potter, 2002). Relief from these extreme hypersaline conditions occurs only when 
significant freshwater flow breaches the bar at the mouth of the estuary allowing tidal flushing and 
exchange. 

In order to account for this important component of temporal variability in estuaries across both the 
northern and southern hemispheres, the definition of an estuary has been broadened several times, 
most recently by Potter et al. (2010) as: 

“a partially enclosed coastal body of water that is periodically open to the sea and which receives at 
least periodic discharge from a river(s) and thus, while its salinity is typically less than that of 
natural sea water and varies temporally along its length, it can become hypersaline in regions where 
evaporative water loss is high and freshwater and tidal inputs are negligible” (Potter et al., 2010, 
page 499).  

Potter's definition will be adopted in this thesis. 

3.3.2: Types Estuaries 

Further attempts have been made to categorise estuaries into discrete groups based on their physical 
and morphological idiosyncrasies. Estuaries have been characterised by their morphology as either 
fjords, fjards, rias, coastal plain estuaries, bar-built estuaries, blind estuaries, delta front estuaries, or 
tectonic estuaries (Fairbridge, 1980); by their tidal range as either microtidal (< 2m), mesotidal (2-
4m) or macrotidal (> 4m; Davies, 1964); or by their degree of stratification as either well-mixed, 
partially mixed, highly stratified or salt wedge. Many other classification frameworks have been 
developed for estuaries, all seeking to characterise the distinct types of estuaries for which 
differences in physical characteristics are thought to be reflective of broader patterns in the physical 
controls within those systems and ultimately biodiversity (i.e. estuaries in the same class according 
to a classification scheme will possess biological communities more similar than those of different 
classes). 

3.3.3: Natural Controls in Estuaries 

Several authors have described estuaries as “physically-dominated systems” (Day, 1980, McKlusky 
& Elliot, 2004). That is to say that physical processes exert a dominant influence on salinity, 
sediment and nutrient regimes that ultimately drive change in the structure and function of the 
biological communities that live within these systems. At local (i.e. estuary-wide) scales, the 
interaction between tidal range and freshwater input is of principal importance in regulating the 
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structure and function of estuarine ecosystems (Tweedley et al., 2016; Gillanders & Kingsford, 
2002). The vast majority of Australian estuaries (68%) occur in the wet and dry tropical and 
subtropical region of the country from northern NSW, to northern Western Australia, including 
Queensland and the Northern Territory (Bucher & Saenger, 1991). The climate in these regions is 
typified by episodic, short-lived, large freshwater inputs during the summer and very little to no 
flow during the winter. Changes to freshwater input therefore exert a dominant influence on the 
physical and chemical nature of most Australian estuaries, thereby constituting the major natural 
driver of changes in estuarine biotic communities. 

3.3.4: The Importance Freshwater Flows 

Changes in these physical properties in turn alter the structure and function of habitats and biotic 
communities (Gillanders & Kingsford, 2002). Increases in rainfall and river flow have been 
correlated with greater abundances, growth and survival in several fish and invertebrates 
(Loneragan & Bunn, 1999). Commercial harvests for some prawn species are larger during years 
with high rainfall across several Australian estuaries (Hunter River NSW – Ruello, 1973b; Clarence 
River NSW- Glaister, 1978; Gulf of Carpentaria - Staples and Vance, 1986; Logan River – 
Loneragan & Bunn, 1999). The mechanisms for the increases in harvests are still poorly understood 
though and likely to vary from estuary to estuary and from species to species.  

Freshwater may enter estuaries in a variety of forms including groundwater, riverine input, land-
based runoff and rainfall. Variation in the source, amount and timing of freshwater input is driven 
principally by local climate and the physical properties of the drainage basin and can be modified 
by anthropogenic disturbance (Gillanders & Kingsford, 2002).  

Large quantities of riverine and terrestrial sediments are delivered to estuaries through freshwater 
flows. Depending on the rate of freshwater flow and the size of particles being transported 
downstream, sediments may be held in suspension or deposited onto the estuary floor. When 
deposited, sediments can create new habitat (e.g. sandbars), replenish existing ones (e.g. intertidal 
flats) or in severe cases smother existing estuarine habitat (e.g. seagrass meadows). The build-up of 
sediments in the lower portions of an estuary may form sand bars or deltas that can act as a 
mechanical barriers between the estuary and the ocean restricting or even preventing tidal flushing 
(Schlacher & Woodridge, 1996). The formation of barriers in estuaries significantly affect estuarine 
geomorphology and hydrology, restricting exchange between marine an estuarine systems and the 
circulation of water within estuaries. Suspended sediments can also alter the physical properties of 
the water column by reducing the depth that light can penetrate into the water column. Declines in 
light penetration can lead to shifts in phytoplankton community structure, shade bottom vegetation, 
altering production sources and estuarine food-web structure (e.g. McLelland & Valiela, 1998). 

Changes in the rates of flow may lead to shifts in the quantities of nutrient levels including 
dissolved nitrogen, carbon and phosphorus, in a system. Increases in rainfall may increase in the 
amounts of nutrient-laden sediments delivered to estuaries through runoff (e.g. Ford et al., 2005). 
Pulses in nitrogen and phosphorus levels corresponding with periods of increased flow have been 
implicated with increases in phytoplankton abundance, and growth in many species of estuarine 
macroalgae and macrophytes that form the base of estuarine grazing food webs (Nicastro & Bishop, 
2009). Runoff from terrestrial and intertidal environments also delivers a significant proportion of 
organic material that fuels estuarine detrital pathways. 

 Changes in freshwater flows also alter salinity and temperature regimes, thus affecting the 
stratification of estuaries and the distribution of estuarine organisms. Wortmann et al. (1998) 
proposed that reductions in freshwater flow allowed certain species of marine plants to colonise 
estuarine habitats further upstream. The effects of changes in salinity and temperature will likely 
vary between taxa. 
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Changes in the timing of freshwater discharge can also have significant implications for the ecology 
of estuarine ecosystems. Many animals may use seasonal pulses of freshwater as cues for breeding, 
movement to breeding grounds or recruitment to estuaries (e.g. Young & Carpenter, 1977). 
Differences in timing of recruitment between similar species have been postulated as an important 
mediator of competition between those species (Coles & Greenwood, 1983). The temporal 
partitioning in recruitment of three penaeid species to the Brisbane River may allow these species to 
exploit essentially the same habitat with very little interspecific competition (Young, 1978). 

3.3.5: The Importance of Estuaries 

Healthy estuaries provide humans with a number of goods and services of economic, cultural and 
social value. In terms of economic benefit, estuaries contribute considerably more value per hectare 
than tropical rainforests and coral reefs combined (Costanza et al., 1997). Structurally complex 
estuarine macrophyte communities, including seagrass meadows, saltmarshes and mangrove forests, 
act as crucial buffers between terrestrial and coastal environments by trapping, retaining and 
recycling sediments, nutrients and pollutants (Kennedy, 1986). The assimilative capacity of these 
intertidal vegetated communities may protect sensitive estuarine communities from excessive 
nutrients or sediment pulses during storm or flood events. Estuarine mangroves also dissipate wave 
energy protecting coastal shorelines and human populations from erosion and stochastic severe 
weather events. Kathiresan and Rajendran (2004) compared the impacts from the 2004 tsunami in 
Indonesia among coastal villages with fringing mangroves with those lacking mangroves and found 
that the former had significantly fewer human mortalities. Estuarine plant communities also 
sequester disproportionately large amounts of atmospheric carbon compared with other vegetated 
ecosystems and play an important role in climate regulation (reviewed in McLeod et al., 2011). A 
single estuary may represent the sole environment for the entire life of many invertebrates and some 
species of fish (the so-called “estuarine residents”; Lenanton & Potter, 1987); areas for the growth 
and development of obligate or facultative users of estuaries (Blaber, 2000); an essential connection 
between freshwater and ocean environments for diadromous fauna (Ford et al., 1994; Bulger et al., 
1995); or critical staging sites for migratory shorebirds along their annual migrations between 
summer breeding grounds and winter feeding sites (e.g. Goss-Custard et al., 1995; Zharikov & 
Skilleter, 2003). 

3.3.6: The Value of Estuaries to Fisheries 

Undoubtedly, one of the most widely cited values of estuaries is their contribution to global 
fisheries production (Pollard, 1981). In some parts of Australia, it has been estimated that up to 70% 
of fish caught commercially rely on estuaries at some stage of their life cycle (QLD – Quinn, 1993; 
NSW – Pollard, 1981). It is important to note however that this figure only includes those animals 
that physically spend a portion of their lives in estuaries. If the number of species that benefited 
from estuaries indirectly through food-web interactions were included, these figures would 
undoubtedly be much greater in some places. 

A wide range of allocthonous nutrient inputs, coupled with a diverse assemblage of primary 
producers (including phytoplankton, microphytobenthos, epiphytic algae, macroalgae and marine 
angiosperms), means that estuaries are among the most productive of all natural ecosystems (Odum 
& Schelske, 1962; Alongi, 2009). The large primary and secondary productivity in estuaries 
provides an important food source for a wide variety of fisheries species (Creighton et al., 2015).  

The predilection of many animals to use estuaries as juveniles has led to the global designation of 
estuaries and the habitats within them as important nursery areas (Beck et al., 2001). This “nursery” 
function is conveyed through the combined effects of greater rates of growth and reduced predation 
risk compared with that which could be achieved in their natal environments (Beck et al., 2001; 
Nagelkerken et al., 2015).  
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3.3.7: Estuaries as Nurseries for Fisheries 

This “nursery” function of estuaries is of immense ecological and economic value. The value of 
estuaries and estuarine habitats is conveyed to animals through the provision of habitat, food, 
refuge, and favourable physical conditions (Mumby & Hastings, 2008; Sheaves et al., 2014). These 
effects combine to advantage juvenile animals in estuaries with greater rates of growth and survival 
compared with their natal environments (Beck et al., 2001; Nagelkerken et al., 2015). Due to their 
contribution to global fisheries production, much of the research on estuaries over the past two 
decades has focused on their role as critical nursery areas (Beck et al., 2001). Initially, many studies 
considered whole estuaries as nurseries for their contribution of juveniles to offshore adult 
populations. Larger densities and increases in commercial yields of offshore adult populations of 
species were correlated with increased proximity to estuaries (Turner, 1977). 

The impracticability of protecting entire estuaries spurred several attempts to quantify the relative 
contributions of different habitats within estuaries to the overall nursery value of estuaries 
(Meynecke et al., 2007; and examples therein). Early studies typically compared juvenile densities 
between vegetated and unvegetated habitats (e.g. Orth et al., 1984). Studies showed considerable 
increases in the densities of juvenile animals from bare to vegetated substrata (Orth et al., 1984). 
Other studies have also shown positive correlations between near shore fisheries productivity and 
the extents of vegetated habitats in their natal estuaries (Loneragan et al., 2005; Manson et al., 
2005a).  

More recently, studies have analysed the differences in mobile nekton between different spatial 
combinations of two or more habitat types. Skilleter et al. (2005a) found that seagrass beds closer to 
mangrove forests supported larger densities of juvenile school and king prawns (Metapenaeus 
macleayi and Penaeus plebejus respectively) than those further away (see also Skilleter et al., 
2017). These studies imply that combinations of different habitat types are important to the 
provision of nursery function for fisheries species and the maintenance of estuarine biodiversity and 
management should prioritize the protection of combinations of habitats rather than specific habitat 
types. 

How habitats combine to convey nursery function to fisheries is still poorly understood and 
represents a key direction of recent and future research in the field of estuarine management and 
conservation (Meynecke et al., 2007). The answer to this question will be resolved, at least partly, 
through a greater understanding of the connectivity between different estuarine habitats and habitat 
patches. 

3.3.8: The Importance of Connectivity in Maintaining Nursery Function 

Estuaries and the coastal ecosystems they contain may be viewed as a complex mosaic of 
interconnecting habitats (Skilleter & Loneragan, 2003). Connectivity between these habitats is 
maintained through both physical and biological processes and has important implications for 
overall ecological function in these ecosystems (Sheaves et al., 2014).  

Physical processes such as tidal currents, land-based runoff and river flow link habitats in estuaries 
and adjacent terrestrial, freshwater and oceanic systems through the passive movement of nutrients, 
organic material, propagules and larvae (Abrantes & Sheaves, 2010). The outwelling of organic 
carbon from saltmarsh habitats was recognised early on as having a significant role in supporting 
some of the most valuable fisheries in the USA (Odum, 1968). Organic material (e.g. leaves, 
rhizomes, and epiphytic algae) exported from both seagrass meadows and mangrove habitats has 
been shown to fuel production in adjacent estuarine and offshore habitats (Connolly et al., 2005; 
Abrantes & Sheaves 2009; Bouillon et al., 2008). In some places, the material exported from 
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seagrass meadows is even considered to be an important food source for detrital foodwebs in deep-
sea channels (Heck et al., 2008). 

Connectivity in estuarine habitat mosaics is also mediated through biological processes, chief 
among which is the movement of animals between habitats (Deegan, 1993; Boström et al., 2011). It 
is now well-established that animals use (and move between) a variety of habitats during their 
lifecycles. Animals may move between habitats as an obligatory response to shifts in dietary or 
habitat requirements through ontogeny (Nagelkerken et al., 2015) or as a facultative response to 
access patches rich in food or shelter. These movements occur at a range of spatial and temporal 
scales. 

Animal movements between donor and recipient habitats are critical in facilitating the supply of 
adult populations with juveniles from their estuarine nurseries (Beck et al., 2001). Not only do 
animal movements contribute individuals (and thus biomass) to recipient populations but the 
movements of animals through estuaries constitute important, biologically mediated exchanges of 
productivity and process (e.g. predation, grazing) between habitats and ecosystems (Sheaves et al., 
2014). Animals that are intermediate consumers in one habitat may become prey to higher 
consumers in another, essentially relaying productivity from habitats that higher consumers may not 
otherwise have had access to (Kneib, 1997). This means that certain habitats within estuaries, even 
if not used directly by a species, may still comprise an important component of the overall value of 
estuarine habitat mosaics to that species.  

3.3.9: Human uses of estuaries and their associated impacts 

Humans began using estuaries soon after they developed, as decelerating sea level rise afforded 
access to resource-rich coastal plains and wetlands (Stanley & Warne, 1993; Stanley & Chen, 
1996). The potential for agriculture, coupled with the extraordinarily high productivity (particularly 
fish and shellfish) within estuarine waters provided a seemingly inexhaustible food source 
conducive to more sedentary forms of human society (Stanley & Warne, 1997). Archaeological 
evidence for human occupation of estuaries and coastal areas in the form of village remnants, shell 
middens and even fish traps dates the beginning of human settlement in estuaries back to at least 
5500 years ago (Stanley & Warne, 1993; Faulkner, 2009; McNiven, 1992). 

Throughout modern history estuaries have remained important focal points for human settlement 
(Saenger, 2000). The sheltered waters within estuaries provide a convenient location for mooring 
ships, rich fishing grounds, potential for trade and a conduit for the transport of goods such as 
timber from the hinterland for processing and export (Saenger, 2000). As a result of increases in 
human use of estuaries, physical modifications were made to estuaries (e.g. dredging of mouths, 
widening of channels) to facilitate safe navigation through these systems. Human settlement around 
estuaries also meant estuarine waters soon became a sink for urban, industrial and agricultural waste 
(Kennish, 1996). 

Today, estuaries are widely regarded as one of the most degraded and threatened of all ecosystems 
(Jackson et al., 2001; Elliot & Kennish, 2011). The widespread decline in the condition of the 
world’s estuaries has largely been attributed to human influence both through massive alterations to 
coastal watersheds for agriculture, industry and urban development and through ongoing activities 
within the estuaries themselves such as fishing, construction and shipping activities (Kennish, 
1996). With coastal populations set to top 6 billion people by 2025, the habitats and organisms that 
exist within estuaries and the capacity of these systems to provide the ecosystem goods and services 
that ultimately drew so many people to their banks in the first place are under serious threat (Worm 
et al., 2006; Wolanski & Ducrotoy, 2015). 
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A myriad of human activities impact estuarine environments, contributing to loss of estuarine 
biodiversity, function and resilience (Blaber et al., 2000; Kennish, 2002). Human activities have 
been demonstrated to have direct and indirect effects on estuarine biodiversity and have impacted 
estuarine biota all levels of biological organization (Kennish, 1991). For the purpose of this thesis, 
human activities that impact estuarine ecosystems have been placed into two main categories: 
coastal development and fishing. Each presents a range of threats to estuarine biodiversity and each 
is reviewed in detail in later chapters. 

Impacts from individual human activities can accumulate across time and space to yield problems 
that are far more serious than those that result from a single isolated disturbance event. For 
example, the construction of a new sewage treatment plant (STP) that discharges treated urban 
wasted into an estuary might initially have highly localised effects, but over time, successive 
discharges from the same STP can accumulate and/or spread to other locations in the estuary 
(Kennish, 2002). The impacts from individual activities may also be additive or synergistic with the 
impacts from other human activities in estuaries (Harris, 1988). The functional extinction of oysters 
in several estuaries worldwide as a result of historical overharvesting is thought to have facilitated 
subsequent eutrophication in these systems following increases in nutrient loadings from 
agricultural and urban sources in the surrounding catchments (Jackson et al., 2001). Thus managing 
estuaries where a number of users and a diversity of uses interact to alter the biological assemblages 
within them is a highly complex undertaking. 

3.3.10: Managing human impacts on estuaries 

Estuaries and estuarine fisheries are subject to a number of anthropogenic and natural stressors and 
have a long history of use (Lotze et al., 2006). The loss of valuable ecosystem services (e.g. 
fisheries) brought on by human disturbance in estuaries has prompted global efforts to mitigate and, 
where necessary reverse the declines in estuarine ecosystem condition (Duarte, 2009).  

Historically, management of estuaries focused on the protection or maintenance of single species’ 
populations of economic value or single habitats of perceived importance to those species through 
the use of marine protected areas (Meynecke et al., 2007). In traditional fisheries management, fish 
stocks were managed solely by the restriction of fishing pressure. Early marine protected areas in 
estuaries were placed around vegetated habitats such as mangroves or seagrass meadows due to 
international research citing their importance for the maintenance of biodiversity and fisheries 
productivity (Thrush et al., 2008). While such approaches have proven effective in some instances, 
in many cases fish stocks have experienced ongoing declines despite tight regulation of fisheries 
that exploit them and protection of fisheries habitats with marine protected areas (Hilborn, 2004; 
Worm et al., 2006; Pikitch et al., 2004). These declines mainly arise through the inability of single 
species stock assessments to account for the indirect effects of the fisheries on target species 
populations (e.g. the destruction of critical habitats, the depletion of important food sources) and a 
systematic failure to consider the ongoing degradation of ecological function in estuarine 
ecosystems in response to the cumulative impacts of multiple human stressors in the coastal zone 
(Link, 2002). In some cases, this mismanagement of estuaries and consequent declines in 
biodiversity have gone undetected by monitoring efforts until complete fisheries collapse (the so-
called “Invisible collapses" described in Post et al. (2002), or rapid shifts in ecological condition 
(Thrush et al., 2008).  

In response to the failure of single species management approaches to curb the decline in global 
fisheries, many have advocated for the implementation of a more holistic approach to management, 
whereby the goal of management is to maintain healthy ecosystems that support target species, and 
where fishing is considered as one of many human activities that contribute to observable declines 
in target species populations. In fisheries management parlance, this approach is referred to as 
“Ecosystem Based Fisheries Management” (hereafter referred to as EBFM; Link, 2002; Pikitch et 
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al., 2004). EBFM is based on a set of principles, most important among which are: (1) fisheries 
management should limit (to the greatest extent possible) the ecosystem level impact of fishing; (2) 
ecological relationships between target organisms and other species (both dependent and 
associated) need to be maintained (McPhee, 2008). One of the greatest challenges facing the 
implementation of EBFM in Australia is the data-poor nature of most Australian fisheries and 
estuaries (McPhee, 2008).  

3.3.11: Data poor fisheries and estuaries 

Fisheries are considered as “data-poor” when inadequate information exists to determine 
meaningful reference points (e.g. quotas) against which stock status can be assessed (Pilling et al., 
2008). In the context of ecosystem-based fisheries management, the reference points for a fishery 
correspond to the levels of fishing activity that can be sustained without adverse effect on the health 
or integrity of the ecosystem that supports the fishery (Pikitch et al., 2004). Data-poor scenarios 
may arise in estuaries for a number of reasons (reviewed in Link, 2002) and require that 
management is carried out in an air of uncertainty. In such circumstances, management is, by 
necessity, carried out in a conservative fashion with decisions based on the limited understanding of 
the system being managed and broad generalisations derived from studies on estuarine function in 
other (well-studied) systems (McPhee 2008; Banks et al., 2005). These model systems are, in many 
cases, very different in physical and biological nature from the systems being managed. Many 
studies have begun to show exceptions to widely held paradigms in estuarine management. For 
instance, Edgar and Shaw (1995) showed that contrary to expectations, densities for some fish were 
greater in unvegetated habitats than adjacent seagrass in some estuaries in southern Australia.  

A lack of biological data of the estuarine ecosystem being managed and a poor understanding of the 
drivers that control biodiversity in this system can therefore lead to an inability to achieve the 
desired management outcomes for fisheries and other socioeconomic values derived from that 
system (Abrantes et al., 2015). A lack of detailed, ongoing biological monitoring data for most 
estuaries also makes it impossible to assess accurately their current condition and how this 
condition might change in response to a range of overlapping anthropogenic uses including coastal 
development and fisheries exploitation. The lack of biological information is a pertinent issue in 
Australian estuaries where only 19.2 % of Australia’s 783 estuaries are considered to have adequate 
literature coverage to afford assessment of their ecological condition (Saenger, 2000). Most of this 
literature coverage is afforded to estuaries close to large urban centres but even in these well-
studied systems, there remains a considerable shortfall in life history information (diet, habitat use 
etc.) for most of Australia’s estuarine fishery species (Meynecke et al., 2007; Smith et al., 2009). 

3.4: The Noosa River System: An Example of a Data-Poor Estuary 

3.4.1: Physical Description of the System 

The Noosa River estuary (-26.38; 153.079) is a wave-dominated tidal delta on the southern coast of 
Queensland (Figure 1). The estuary consists of a series of shallow lakes (Cootharaba, Cooroibah, 
Doonela and Weyba; average depth of 1 meter) connected by a deeper, narrow river (mid-river 
depths averaging between 7 and 11 meters). The river flows from spring fed sand deposits 
originating from the Cooloola section of the Great Sandy National Park. The catchment surrounding 
the Noosa River consists of low-lying, highly porous sand or gravel terrain and covers an area of 
841 km2. The estuary experiences semi-diurnal tides and is micro-tidal with a maximal tidal range 
of 1.4 m at the mouth that decreases progressively to the northern end of Lake Cootharaba (which 
some consider as not truly tidal). Tidal influence can create strong currents, with current velocities 
reaching 2.5 knots in the main channel during spring tides (Stephens, 1973). 



 21 

Noosa experiences a subtropical climate with disproportionately higher rainfall in summer and 
autumn months including episodic flooding events, and dry conditions in the winter and spring. The 
shallow nature of the Noosa River and the regular occurrence of wind-driven resuspension events is 
thought to have prevented the establishment of significant areas of dense seagrass in the Noosa 
estuary. Dense patches of seagrass dominated by Zostera capricorni have been found in the main 
river channel in the lower portion of river (close to the river mouth; Hyland et al. 1989). Patches of 
seagrass consisting predominantly of Z. capricorni and, to a lesser extent, Halophila ovalis have 
also been detected in Lake Weyba, Lake Doonela and Lake Cooroibah (Hyland et al., 1989). This 
information is based on assessments close to thirty years old however and in crucial need of review 
as anecdotal evidence suggests that there have been widespread declines in seagrass cover in recent 
years. 

 

 

Figure 3.1: Map of the Noosa River System with shaded areas (light blue) demarcating areas 
considered in this study 

 

3.4.2: Human use of the estuary 

3.4.2.1: Fishing 

The Noosa river estuary has a long history of commercial and recreational fishing. Mullet have 
dominated commercial catches over the past 70 years, while tailor, bream whiting and flathead have 
also formed a substantial finfish harvests (Thurstan et al., 2017). Along with mullet, prawns are the 
dominant species harvested in the Noosa River system. The commercial fishery for prawns 
commenced in the 1950s with three species comprising the bulk of the catch; the school prawn 
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(Metapenaeus macleayi) and the greasyback prawn (Metapenaeus bennettae) are caught in the 
estuary while eastern king prawns (Penaeus plebejus) use the river as juveniles and are caught as 
adults close to the continental shelf (Coles & Greenwood, 1983). Prior to the establishment of 
commercial beam trawling, prawns were caught for bait by recreational fisherman using scissor and 
scoop nets, a practice that still continues today though the magnitude of this recreational fishery is 
unknown (Thurstan, 2015). 

3.4.2.2: Dredging 

Marked changes have occurred to the geomorphology of the Noosa estuary particularly around the 
estuary mouth (Skilleter et al., 2006). A canal estate was constructed in 1974 near the southern end 
of the river mouth. In response to concerns about erosion of near the newly constructed canal estate, 
a dredging program was established in 1978 (to present), which continually replenishes sediment 
eroded from the beaches on the southern end of the river mouth with sand taken from sites in the 
lower estuary (Tomlison & Chamberlain, 2006).  

3.4.2.3: Coastal Development 

Compared with many other estuaries in Queensland, Noosa has retained a great deal of remnant 
vegetation in the catchment around the estuary. Nevertheless, considerable changes have occurred 
to the catchment for urban and agricultural development that could impact the plants and animals 
living in the Noosa estuary. Other studies have shown that only small amounts of coastal 
development can produce deleterious effects. Fish community degradation was observed in 
estuaries in the Hudson River with as little as 10% urbanisation (USA - Limburg & Schmidt 1990). 
A large proportion of the Noosa catchment (61%) is uncleared, with vast tracts of remnant 
vegetation protected in national parks in the northern end of the catchment. Most urban 
development in the catchment has occurred at the base of the estuary while agriculture and rural 
development are more prominent in the north. Certainly, the construction of the canal estate in the 
lower Noosa River resulted in the direct loss of large areas of mangrove, saltmarsh and seagrass 
habitat (Tomlison & Chamberlain, 2006).  

3.4.2.4: Changes in estuarine biodiversity - Noosa 

A study by Skilleter et al. (2006) found few differences between macrobenthic communities in 
dredged versus natural sediments near the river mouth of the Noosa estuary although macrobenthic 
community composition in dredged sites was more similar to control sites after dredging than 
before. The authors suggested that dredging may have homogenised sedimentary environments in 
the area, reducing overall habitat complexity and therefore macrobenthic diversity in the lower 
Noosa. The implications of these changes on ecological function are unknown. In addition, the 
long-term effects due to the hydrological changes associated with the dredging works are unknown 
as no continuous monitoring is carried out on the plant or animal assemblages of the Noosa River. 
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Figure 3.2: Annual landings for school prawn (M. macleayi) from Noosa River by commercial 
beam trawling industry (blue bars) and annual rainfall patterns (orange line) between 1997 and 
2015. There were no apparent links between rainfall and school prawn catch as with other estuaries 
in eastern Australia. Data sources: QFISH Database (Grid V35bye) and Bureau of Meteorology 
(Tewantin) respectively. 

 

The commercial catch of school prawns in the Noosa River is highly variable between years and 
there does not appear to be a strong link between prawn harvest and rainfall patterns as has been 
demonstrated in many other estuaries across its range (Clarence River – Ruello, 1973; Hunter River 
– Glaister, 1987; Logan River – Loneragan & Bunn, 1999). In recent years, however, there has been 
a trend of decrease in the numbers of school prawns caught in the Noosa estuary. The number of 
commercial operators catching school prawns has declined steadily over the past two decades from 
a high of 26 licenses in 1991 (the equivalent of 1103 days fishing effort) to just 7 licenses in 2015 
(17 days fishing effort). Particularly concerning, is the apparent flat-lining of catch and effort 
statistics for this fishery over the past 5 years of available data (i.e. 2011 to 2015; Figure 2). In 
addition to the apparent collapse of the prawn fishery, catch rates for recreational fishing trips and 
fishing competitions in the Noosa River have declined steadily over the past 100 years (Thurstan et 
al., 2017). 

3.4.2.5: Knowledge Gaps 

As with many estuaries in regional Australia, detailed biological information on the assemblages 
that inhabit the Noosa estuary is lacking. The spatio-temporal patterns in abundance and 
distributions of species have previously been explored in some parts of the estuary (Miller & 
Skilleter, 2005) and for some species (Coles & Greenwood, 1983). These studies have provided a 
catalogue of the species that use the Noosa estuary and have shown that abundances of certain 
species or feeding guilds varies significantly spatially (i.e. between areas of the estuary, habitats 
within the estuary) and temporally (i.e. between seasons, months, lunar period and day and night). 
However, the processes driving changes in abundance and distribution of biological communities in 
the Noosa estuary are still largely unknown. The functional roles of different habitats in the Noosa 
estuary and their roles in maintaining productivity in important fishery species are also still 
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unresolved. Thus it is currently not possible to assess the ecological condition of the Noosa estuary 
or resolve which, if any, of the above-described human uses of the estuary is resulting in the 
perceived and realised declines in biodiversity in the Noosa estuary. This thesis will examine the 
Noosa River system as a case study for other data poor estuaries in Australia. 

3.4.3: Aims 

The overarching aim of this study is to provide an integrated ecological assessment of the combined 
effects of multiple anthropogenic stressors, on a data-poor multispecies estuarine fishery in 
subtropical Australia. 
The specific aims of the study will be: 

1. To identify the effects of different types and levels of land-use change on estuarine 
biodiversity and function by comparing nekton and benthic assemblages between highly 
impacted and reference locations in the Noosa River through time; 

2. To quantify the intensity, scope and extent of fishing-related impacts for a multi-species 
data-poor recreational fishery using a citizen science based approach to address data 
shortfalls currently prohibiting stock assessment; 

3. Assess the impacts of human activities on food web dynamics in a data-poor estuary using 
prawns as sentinel species; and 

4. Perform a meta-analysis to compare what we know about the ways human activities impact 
biodiversity in data-rich versus data-poor estuaries across Australia. 

 

3.5: Assessing the Impact of Land Use Change on Biodiversity in the 
Noosa River System 

3.5.1: Background 

3.5.1.1: Land Use Change in the Coastal Landscape 

One of the most pervasive forms of anthropogenic pressure on estuaries arises from land use 
changes associated with coastal development in the surrounding watersheds (Hale et al., 2004). For 
more than a century, vast swathes of native vegetation surrounding estuaries have been cleared to 
make way for expanding agriculture, forestry, industry and urban sprawl associated with coastal 
population growth (Seabrook et al., 2002; Lotze et al., 2006). These changes have dramatically 
altered the hydrology and geomorphology of estuarine basins, and consequently, the flow of 
sediments, nutrients and contaminants from coastal terrestrial landscapes into estuarine waters 
(Lotze et al., 2006). 

Approximately 85 percent of the Australian population currently lives within 50km of the coast 
(Australian Bureau of Statistics, 2010). Furthermore, due to the harsh and inhospitable conditions in 
the Australian interior, much of the country’s future population growth is forecast to occur in 
coastal regions (Wolanksi & Ducrotoy, 2015). Protecting Australia’s estuaries from ongoing 
anthropogenic-driven degradation will require an understanding of the key species, critical habitats 
and environmental processes that maintain ecological function within these systems (Roff & Taylor, 
2000). Management can then be targeted to protect those components of the system that are most 
important to sustaining its overall function (Roff & Evans, 2002). 

3.5.1.2: Threats and impacts of coastal development for estuarine biodiversity 

Coastal development presents a range of threats to estuarine ecosystems. These threats can have a 
range of direct or indirect impacts on estuarine biodiversity that are summarised in Table 1.  
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Threats can have different impacts depending on the system in which they occur (i.e. just because a 
threat (e.g. changes to freshwater flow) has been shown to have a particular effect in one estuary, 
does not mean that the same threat will produce that same effect in every other system (e.g. 
Lindegrath & Hoskin, 2001). The impacts of a particular threat may vary in accordance with 
differences in the physical controls between different estuaries. For example, macrotidal estuaries 
are thought to be less vulnerable than microtidal estuaries to nutrient enrichment and eutrophication 
due to comparatively high flushing rates (Tweedley et al., 2016). Moreover, habitats or areas within 
estuaries may experience different combinations and varying levels of anthropogenic disturbances 
based on their physical, biological and chemical properties. For instance, saltmarsh and mangrove 
areas are well known for their assimilative capacity and may act as vegetative buffers for nearby 
subtidal plant and animal communities to anthropogenic nutrient additions (e.g. Lin & Dushoff, 
2004). Morrisey et al., (1996) showed that the impacts of artificial enhancement of sediment copper 
concentrations on infaunal communities varied in accordance with sediment grain size in different 
areas of an estuary. 

Land use change in catchments surrounding estuaries present direct and indirect threats to the health 
and function of estuarine ecosystems (summarized in Table 1). Land use changes has been linked to 
increased sedimentation, eutrophication, and pollution of estuarine waters as well as subsequent 
declines in biodiversity and loss of ecosystem function in many estuaries in Australia (Schlacher et 
al., 2007; Sheaves et al., 2014) and elsewhere in the world (Kennish, 2002). 

3.5.1.3: Habitat Classification Frameworks 

Habitat classification schemes work by categorising estuaries or areas within estuaries into discrete 
classes or groups based on shared biophysical properties (Valesini et al., 2003). The biophysical 
properties used in habitat classification frameworks represent biologically-relevant surrogates and it 
is therefore assumed that habitat patches with similar properties will support similar biological 
communities (Banks & Skilleter, 2007).  

Several habitat classification schemes have been developed and applied to estuarine ecosystems in 
Australia to predict or explain local patterns in biodiversity (Tasmania - Edgar et al., 2000; Western 
Australia - Valesini et al., 2003; Queensland - Banks & Skilleter, 2007). The most useful among 
these schemes have been those classification frameworks based on a suite of enduring 
environmental variables (Valesini et al., 2010).  Enduring environmental characteristics are 
environmental characteristics that do not change (or change very little) through time and either 
directly influence distribution patterns in estuarine biota or provide representative surrogates for the 
processes that influence estuarine biota (Valesini et al., 2010). Enduring environmental 
characteristics are also quantitative measures that can usually be easily derived from mapped 
sources (e.g. distance from estuary mouth; Valesini et al., 2003). Using a classification framework 
based on a suite of enduring environmental variables, Valesini et al., (2010) categorised nearshore 
habitats in the Swan and Peel Harvey estuaries into 18 and 17 (respectively) statistically distinct 
habitat types. These habitat types were shown to correlate significantly with the changes in 
physicochemical variables in those estuaries, as well as the compositions of benthic invertebrate and 
fish assemblages (Valesini et al., 2010; also see Wildsmith et al., 2005 and Hourston et al., 2005). 

An important component yet to be incorporated into habitat classification frameworks are 
quantitative measures of human activities that potentially impact estuarine biodiversity. Most of 
Australia’s estuaries are modified by human activities to some degree (Saenger, 2000). Changes in 
biodiversity have been correlated with a number of anthropogenic stressors (Table 1). Detecting the 
individual impacts of different types of land-use change in estuaries with multiple uses and users is 
one of the greatest challenges facing scientists and resource managers. In order to minimise the 
future impacts of ongoing coastal development on estuarine ecosystem health, resource managers 
require an understanding of the full range of threats presented by coastal land-use change and the 
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impacts these threats have on the status of biotic communities and the function of estuarine 
ecosystems. 

3.5.2: Aims 

In this chapter, I will develop a set of quantitative measures for the main threats from anthropogenic 
activities in the Noosa catchment on the plant and animal assemblages in the Noosa estuary. Using 
a suite of these variables I will classify nearshore habitats in the Noosa estuary into distinct groups 
based on the different types and levels of human activities occurring in the adjacent terrestrial areas. 
I will then determine the extent to which differences between levels of human activity in the Noosa 
estuary can account for differences in estuarine biodiversity, by comparing benthic invertebrate and 
fish communities between habitat classes. 

3.5.3: Research Plan and Methods 

As explained above, impacts of catchment activities on downstream estuarine ecosystems may vary 
according to the type of activity undertaken. Urban, agricultural and industrial landscapes each 
present a unique combination of multiple threats that may interact with one another to impact 
estuarine biodiversity (Table 3.1). Past studies assessing the impact of land use change on estuarine 
biodiversity have generally involved the grouping of estuaries or (to a lesser degree) parts of 
estuaries into distinct land use categories and comparing the biological assemblages between 
multiple areas that fall into relatively broad categories (e.g. urbanised vs rural estuaries, Morrisey et 
al., 2003). Such approaches have often been marred by an inability to detect consistent patterns in 
the response of biotic communities from different impacted sites due to the high levels of 
confounding natural variability in estuaries that often conceal or overshadow the impacts of 
anthropogenic disturbance (e.g. Morrisey et al., 2003; Lindegarth & Hoskin, 2001). Furthermore, 
sites placed in the same category (e.g. “impacted” sites) may vary dramatically in the types of 
threats they experience (i.e. the sites may not be strictly comparable; Warwick, 1986). 

3.5.3.1: Mapping Land-Use Patterns in Noosa 

For our study, I grouped portions of the Noosa estuary into 4 different major land-use categories 
(urban, agricultural, natural and rural). Current geo-referenced, high-resolution aerial imagery of the 
Noosa River estuary, extending from the northern end of Lake Cootharaba (where the Noosa River 
and Kin Kin Creek enter the system) down to the river mouth, was sourced from the Queensland 
Globe Database (a State Government aerial image database viewable through Google Earth as a 
KML).  

Details of the Noosa estuary, including all associated lakes (Lake Cootharaba, Lake Cooroibah, 
Lake Doonela and Lake Weyba), were converted into a shape-file by tracing the boundary of the 
estuary using the “Create Polygon” tool in Google Earth. All creeks and streams feeding into the 
Noosa estuary (Kin Kin creek, Cooloothin Creek etc.) were mapped from their respective mouths 
using a “Create Polyline” function in Google Earth. 

To determine the distribution of land-use types (e.g. urban, natural, agricultural and rural), the most 
recent Queensland land-use mapping data from the Queensland Land Use Mapping Program 
(QLUMP) were sourced from the Queensland spatial catalogue (last updated in September 2016). 
This dataset comprises an ESRI geo-database a consisting of polygon layer files that depict the 
current distributions and spatial extents of different land-use categories across in the State. 

We arranged the land-use categories from the QLUMP maps into 4 categories (Table 3.2). These 4 
categories were selected because they were deemed to represent the dominant land use types in the 
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Noosa catchment and each of these land use categories has been shown to have significant impacts 
on the estuarine biota elsewhere in the world (Table 1 and associated references). 

The percent contribution of each of land use category above was determined within a 1km radius 
from the estuary boundary by creating a buffer of the estuary perimeter using the ArcGIS “Buffer” 
function. The shoreline of the Noosa estuary was also divided into horizontal segments 
(perpendicular to the shoreline) from the mouth at roughly 500m intervals. These breaks in the 
shoreline were extended from the shoreline to the outer edge of the 1km buffer, creating 157 
segments across the system, in which we could determine the percentage contribution of different 
land-use categories (Figure 3.3). Note that due to the sinuous nature of the Noosa estuary at various 
points along its length, the shoreline boundary of some segments had to be modified (i.e. made 
larger or smaller than 500m) so that the majority of segments possessed a shoreline boundary 
roughly 500m in length. 

The percent contribution of each land use type was then estimated for each 500m wide segment 
(hereafter referred to as a “patch”), by dividing the area of each land use type by the total area in 
each patch. Patches were then assigned to one of the four major land-use categories described above 
based on the dominant land-use type that occurred in that patch (i.e. contributed more the 60% of 
the total area).  

As described above, different land-use categories vary in the types and number of threats that they 
may present to estuarine biota. To differentiate further between the levels and types of human 
activity in each patch assigned to one of the four land-use categories, several continuous measures 
were conceived. These are described here in detail. 
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Table 3.1: List of potential threats and impacts of coastal development on estuarine biodiversity 
and example systems where these impacts have been detected. 

 
Threats Impacts Examples 

(Australia) 
Examples 
(Global) 

Land clearing 
Increased sediment erosion Higher sediment loads Ord River Estuary, WA 

(Wolanski et al., 2001)  
 
Moreton Bay, QLD 
(Dennison & Abal, 
1996) 

Multiple estuaries, 
New Zealand (Thrush 
et al., 2003) 

Increased turbidity 
 
Loss of seagrass (light 
reductions, smothering) 
 
Loss of sessile benthic 
invertebrates (smothering) 
Higher nutrient loads 

Agriculture 

Liberation of acid sulphate soils Heavy metal contamination Clarence River NSW 
(Sammut et al., 1996) 
 

Multiple estuaries, 
Finland (Wallin et al., 
2015) Hypoxia 

Fish kills 

Changes in estuarine faunal 
community composition 

Changes in amount and timing 
of freshwater input (water 
diversion and extraction for 
irrigation) 

Changes in estuarine 
stratification 

Logan river estuary, 
QLD (Loneragan & 
Bunn, 1999) 

Gulf of Mexico, USA 
(Sklar & Browder 
1998) 
 
Yangtze estuary, 
China (Yang et al., 
2005) 

Saltwater intrusion 
 
Coastal erosion and changes 
in sediment regimes 
Changes in distribution of 
plants 
 
Changes in cues for 
breeding / spawning 
Changes in distribution of 
animals 

Fertilizer use Increased nutrient loads  Peel Harvey Estuary, 
WA (McComb & 
Humphries, 1992)  

Chesapeake Bay, 
USA (Dauer et al., 
2000) 

Changes in estuarine 
primary producer 
communities 
 
Harmful algal blooms 
Loss of seagrass 

Pesticide use 
Persistent organic pollutants 
(e.g. organophosphates, DDTs) 

Sublethal effects on 
estuarine animals (e.g. DNA 
damage) 

Multiple estuaries, QLD 
Great Barrier Reef 
region (Humphrey et al., 
2007) 

San Francisco Bay 
estuary (Kuivila & 
Foe, 1995) 

Animal wastes (e.g. from high 
density animal farms, 
aquaculture ponds)  

Increased nutrient loads 
 
Algal blooms 
 
Anoxic conditions 
 
Fish deaths 

Moreton Bay, QLD 
(Jones et al., 2001) 

New River Estuary, 
USA (Burkholder et 
al., 1997) 

Pathogen impairment (e.g. 
E. coli) 

Urban development 
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Increases in impervious surfaces Increased runoff Swann-Canning estuary, 
WA (Petrone, 2010) 

Tamaki estuary, New 
Zealand (Abrahim & 
Parker, 2002) 

Increased sedimentation 
 
Contaminants from urban 
surfaces (heavy metals, 
hydrocarbons, chemicals 
etc.) 

Sewage Increased nutrient loads Maroochy estuary, QLD 
(Schlacher et al., 2007) 

Tyne Estuary, United 
Kingdom (Hall et al., 
1997; Lye et al., 
1997) 

Chemical contamination 
(treated waste) 
Pathogen impairment (e.g. 
reproductive abnormalities) 

Plastics and debris Mortality from 
entanglement/ ingestion 

 
Multiple estuaries, 
Brazil (Possatto et al., 
2011) Vectors for invasive species 

Stormwater runoff Heavy metal contamination Sydney Harbour 
estuaries, NSW  (Birch 
et al., 2013) 

Fal estuary, United 
Kingdom (Bryan et 
al., 1987b) 
 
Jinzhou Bay estuaries, 
China (Li et al., 2012) 
 

Persistent organic pollutants 
(e.g. PAHs, household 
chemicals, lawn fertilizers) 

Industrial development 
Thermal waste Thermal pollution Gladstone River, QLD 

(Saenger et al., 1982) 
Garnock/ Irvine 
estuary, United 
Kingdom (Barnett, 
1971) 

Point discharges of industrial 
wastes 

Heavy metal pollution 
 

 Pearl river estuary, 
Hong Kong (Fu et al., 
2003) Bioaccumulation 

 
Benthic community changes 

Artificial structures in estuaries 
Boardwalks, jetties, moorings, 
underwater pipelines, seawalls 
and revetments etc. 

Direct habitat loss (removal 
of seagrass, salmarsh, 
mangrove and riparian 
vegetation) 

NSW (Fitzpatrick & 
Kirkman, 1995) 
 
Queensland (Skilleter & 
Warren, 2000)  
 
Swan River Estuary, WA 
(Burt & Ebell, 1995) 

Yangtze estuary, 
China (Li et al., 2014) 

Indirect habitat loss 
(shading effects, grazing 
halos etc.) 
 
Habitat alteration (e.g. 
reduction in 
pneumatophores) 
Barriers to connectivity 
Point sources of organic 
pollution (i.e. increased 
localised detritus 
production) 
Alteration of hydrological 
and sediment regimes 
Chemical pollution (e.g. 
endocrine disruption from 
TBT in antifouling paints) 

 

The conversion of intertidal wetlands and riparian vegetation to urban sprawl can markedly alter 
the amount, timing and composition of freshwater input to estuarine waters. Reductions in 
vegetation cover and increases in impervious surfaces (such as roads, rooftops and carparks) 
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associated with urban development reduce the infiltration of rainfall into coastal aquifers and 
consequently increase the volume and thereby erosive power of surface runoff entering estuaries 
(Hwang & Foster, 2006). Stormwater runoff scours urban surfaces on its way to the estuary, 
collecting a number of contaminants including heavy metals, polycyclic aromatic hydrocarbons 
(e.g. fuels and oils), pesticides (e.g. from public parks) and pathogens (e.g. fecal coliforms) along 
the way (Lee et al., 2006). This potent cocktail of chemicals can have a variety of lethal and 
sublethal effects on estuarine organisms (Carr et al., 2000). Furthermore, these contaminants may 
biomagnify through estuarine food webs eventually posing a potential threat to human health 
(Kennish, 1996). Pollution of estuaries may further be exacerbated through increases in point 
sources of pollution associated with urban centres, such as sewage treatment plants and industrial 
outfalls (Kennish, 2002; Birch et al., 2013). 

The replacement of diverse and structurally complex remnant vegetation stands with homogenous 
pastures or crop fields has also dramatically altered the volume, pattern and composition of diffuse 
runoff (Sheaves et al., 2015). Large quantities of nutrients used in fertilizers are deposited into 
estuaries via diffuse runoff from agricultural landscapes (Rothenberger et al., 2009). Initial (and 
moderate) enhancements in estuary nutrient loadings can be assimilated into estuarine food webs by 
stimulating growth in primary producers that are subsequently consumed by higher trophic levels 
(Pearson & Rosenberg, 1978). Increased nutrient loadings, on the other hand, result in enhanced 
growth in some primary producer groups (particularly phytoplankton; Nixon 1995). If grazing 
communities are unable to keep pace with this growth, phytoplankton blooms may occur resulting 
in shading effects, loss of benthic primary producers, hypoxia and anoxia, benthic community 
changes and fish kills (Pearson & Rosenberg, 1978; Cloern, 2001; Nixon, 1995). In some instances 
bloom species produce noxious chemicals hazardous to human and fish life (Glibert et al., 2005). 
Anthropogenic nutrient enrichment may also be stimulated through highly localized inputs of 
nutrients from point sources such as sewage treatment plants (Schlacher et al., 2007). 

The construction of artificial features in estuaries such as marinas, boat ramps, jetties, moorings 
and underwater powerlines results in direct removal of intertidal and subtidal habitat, the death of 
many sedentary taxa and the displacement of mobile taxa (Kennish 2002). Swing moorings have 
been shown to completely remove areas of seagrass in an arc around the cinder block to which the 
mooring is fixed (Walker et al., 1989). Indirect losses of habitat may also occur, such as the loss of 
seagrass that occurs under jetties and pontoons due to shading effects (Fitzpatrick & Kirkman, 
1995). Habitat fragmentation due to in-water construction activities may disrupt important linkages 
between habitats within estuaries including trophic links and gene flow and this may have denuded 
the nursery value of estuaries for important fisheries species (Palumbi, 1994; Bishop et al., 2017). 
Man-made structures in estuaries may alter hydrodynamics affecting sediment and nutrient delivery 
to adjacent habitats through eddy effects (McAllister et al., 1996). The ecological footprint of 
artificial features in estuaries may extend beyond the spatial extent of the feature itself due to 
indirect effects that proliferate to other areas of the estuary (Arioldi et al., 2005). Enhanced numbers 
of grazers around artificial structures that provide food and a refuge may reduce the abundance and 
cover of primary producers in the area immediately adjacent to those structures (the so-called 
“grazing halos”, e.g. Posey and Ambrose 1994). Detritus subsidies from animals living on artificial 
structures may accumulate in nearby habitats altering food web structure (Bishop et al., 2017 and 
references therein). 

The threats and impacts described above interact in a number of complex ways to produce changes 
in the biological communities that live in estuaries. Due to the dynamic nature (i.e. high natural 
variability) in estuaries and the multitude of threats, the impacts of individual threats on estuarine 
ecosystems are often cryptic and difficult to detect (Thrush et al., 2008). Many threats produce only 
incremental changes to estuarine ecosystems but the overall cumulative impacts of land-use change 
have produced widespread declines in estuarine biodiversity (Harris, 1988). This loss of 
biodiversity has significant implications not only for estuaries and the species within them, but the 
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functioning of estuaries and the capacity of these systems to provide valuable ecosystem goods and 
services (Costanza et al., 1997). 

Mounting observational and experimental evidence from terrestrial, freshwater and marine systems 
suggest that loss of biodiversity leads to a decline in important ecosystem services (Tilman & 
Downing, 1994; Cardinale et al., 2002). The loss of biodiversity in coastal ecosystems has been 
associated with declines in at least 3 significant ecosystem functions – namely fisheries production, 
the provision of nursery grounds and filtering function (i.e. the trapping and recycling of nutrients 
and contaminants before they reach the ocean) (Worm et al., 2006). There is also correlative 
evidence to suggest that the loss of biodiversity from estuaries and coastal ecosystems has reduced 
productivity and food web connectivity. Finally, declines in biodiversity may hamper the capacity 
of estuaries to resist and recover from future disturbances (Palumbi et al., 2008). Stachowicz et al., 
(1999) showed that sessile benthic invertebrate communities with greater species diversity were 
more resistant to species invasions than communities with lesser species diversity. The functional 
extinction of oysters from estuaries around the world is thought to have preconditioned these 
systems to eutrophication by reducing their natural filtering capacity (Jackson et al., 2001). 

The recognition that biodiversity declines have the potential to impact the economic, aesthetic and 
cultural value of estuaries has sparked global cries for better accounting and management of 
estuarine biodiversity (Palumbi et al., 2009). Sustaining high biodiversity is now a key tenet of 
ecosystem based management and a fundamental goal for the sustainable management of estuaries 
in Australia and around the world (e.g. European Water Framework Directive, Europe – Hering et 
al., 2004; Clean Water Act, US – Kennish, 2016). A key limitation for managing and protecting 
estuarine biodiversity in Australia is that baseline data on the distributions of many species is 
lacking in a large number of its estuaries (Banks et al., 2005). This is especially true for estuaries in 
remote coastal regions away from the large urban centres, where most of the country’s monitoring 
programs predominate (Smith et al., 2009; Davis & Koop, 2006). The need to manage the impacts 
of coastal development, and overcome these issues of data paucity, is particularly acute in Australia 
with most of its population (and indeed most of its forecast population growth) occurring around 
estuaries and the coastal zone (Wolanski & Ducrotoy, 2015). 

In the absence of detailed biological data (species’ distributions etc.), habitat classification 
frameworks have emerged as a key tool used to predict the distribution of biota in an estuary 
thereby enabling management to make decisions about how best to manage estuarine biodiversity 
(e.g. where to place marine protected areas) (Banks et al., 2005). 
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Table 3.2: Summary of major land-use categories in the Noosa River catchment and relative 
percentage contributions to land use types within 1km of the estuary. 

 
Land-use category Description Percentage contribution to total 
Agriculture Areas of land set aside 

for grazing, horticulture, 
intensive animal 
husbandry, aquaculture 
and forestry 

4.12 

Rural Large blocks of rural 
land not used for 
agriculture. These blocks 
occur in areas outside 
urban centres, may have 
more than one house per 
block, and may possess 
tracts of uncleared native 
vegetation 

6.54 

Urban Includes urban 
residential areas 
(including canal estates) 
and associated services 
(e.g. schools, hospitals, 
landfills, public parks 
and sporting grounds) as 
well as urban commercial 
and industrial areas 

14.64 

Nature and 
conservation 

National parks, marsh 
and wetland areas that 
support minimal human 
activities other the 
recreation. 

78.34 
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Figure 3.3: Noosa Estuary with segmented 1km buffer (light blue lines). 

 

3.5.3.1.1: Quantitative Measures of Human Activity 

The measures described below could be easily derived from mapped sources and were selected 
because they were deemed to provide a quantitative proxy for a common anthropogenic threats 
associated with the different types of land-use we selected in this study. For instance, the density of 
dwellings in a patch was considered to provide a proxy for one type of contaminant load in surface 
waters running into the estuary adjacent to that patch, since each house could be considered a small 
point source of pollution (e.g. nutrient pollution for sewage seepage from septic tanks, heavy metal 
pollution from corrosion of roofs). Each of these proxies were selected in order to quantify the 
magnitude of the threats in each patch within each of the land use categories.  This would then 
provide a quantitative mechanism by which all of the patches could be categorised on the basis of 
these threats. The localized measures of human activity used in this study were as follows: 

The density of dwellings was used as a measure of population density. Each house in the Noosa 
catchment was assigned a placemark in Google Earth. The density of dwellings (i.e. placemarks) 
was then calculated for each patch by dividing the number of placemarks by the total area covered 
by the patch. 

The average area of impervious surface per dwelling (e.g. roof area, paved parking lots, roads 
etc.) was also calculated as housing designs varied greatly for different portions of the estuary, and 
some areas that were primarily urban included a number of large commercial or industrial sites that 
greatly increased the area of impervious surface but not the number of dwellings. To calculate the 
percentage of impervious surfaces, 3 sets of 20 random points were assigned to each patch using the 
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ArcGIS “Create random points” function. The total area of impervious surfaces was calculated by 
determining the percentage of points that intersected impervious surfaces for each set of 20 points 
and then averaging across the three sets per patch. 

The potential threat due to the extent of roads in each patch was calculated by creating polyline 
shapefiles for every road with a 1km radius of the estuary perimeter. The density of roads per 
patch was then calculated by dividing the total length of road in each patch by the patch area.  

Storm water infrastructure information was sourced from the Noosa council providing data on the 
number and locations of storm water infrastructure (e.g. culverts, outlets and channels) in the Noosa 
catchment. These structures were deemed to represent concentrated point sources for urban and 
commercial (non-prohibited) runoff. We identified storm water outlets that drained directly into 
estuarine waters or into the marsh / riparian vegetation bounding the Noosa estuary. We then 
calculated the density of storm water outlets in each patch by diving the number of outlets by the 
total length of the shoreline for that patch (remember that these shoreline lengths varied slightly 
from patch to patch).  

As a measure of potential recreational boating and fishing activity, the locations and numbers of 
boat ramps, jetties, and marinas were mapped in Google Earth. Place-marks were assigned to 
each boat ramp, and jetty, and polygons were created to depict the area covered by marinas. The 
density of jetties or boat ramps per patch was calculated by dividing the total number of place-
marks for that feature in a patch by the length of shoreline for that patch (as length of shoreline 
varied slightly between patches). This was repeated for boat ramps and marinas. 

3.5.3.1.2: Statistical procedures for classifying patch based on enduring environmental & 
anthropogenic variables 

These data on the environmental and anthropogenic variables were used to design the sampling 
program for the benthic and nektonic assemblages, by identifying patches of nearshore and on-shore 
habitat most similar to each other that could then be sampled and compared with other patches that 
differed in the nature of the existing threats. The highly variable mixture of activities on the 
shoreline, which also changed along the length of the estuary and within the various lakes, posed a 
challenge to selecting places to be sampled without use of these quantitative data. Given each of the 
variables that was quantified was used as a proxy for a possible threat to the ecological 
communities, the variation in the threats among the patches could be considerable. Unless this 
variation is specifically incorporated into the design of the sampling program, any comparisons of 
the ecological communities associated with the four different categories of human activity (i.e. 
urban, rural, agricultural and natural) in different parts of the system are likely to lack power if the 
threats are manifested as impacts. 

The patches were sorted into groups based on the quantitative environmental and anthropogenic 
data using an hierarchical agglomerative clustering procedure, based on a similarity matrix created 
using the Euclidean distance measure. Complete linkage dissimilarity clustering was used because 
of its non-metric properties, suitable for a mix of physical data types (Clarke et al., 2014). Complete 
linkage clustering uses the ranks of the similarity measures to calculate clusters and was considered 
more suitable than single-link clustering because of an interest in identifying small clusters of 
patches in different parts of the estuarine area for subsequent sampling. The Similarity Profiles 
procedure (SIMPROF) was then used to determine statistically that these clusters were genuine 
groupings and not due to simple seriation of the patches. 
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3.5.3.2: Mapping Estuarine Vegetative Habitats 

The presence and complexity of vegetated habitats in the intertidal and subtidal and the spatial 
arrangement (e.g. proximity) of these habitats relative to one another have been shown to influence 
the distributions of organisms in these (and adjacent) habitats (Skilleter et al., 2006; and 2017). 
Vegetated habitats are impacted by human activities in the adjacent catchment and may decline in 
extent or complexity in accordance with human activities in nearby land parcels or upstream areas 
(see Table 1 for examples). These habitats may also mediate the impacts of natural and 
anthropogenic disturbance on animals that use these habitats and adjacent areas. For example, by 
diffusing or absorbing excess nutrients, intertidal mangroves may protect adjacent subtidal areas 
from anthropogenic nutrient loadings (Breaux et al., 1995). It is therefor important to consider the 
presence of estuarine vegetated habitats when assessing the impacts of human catchment activities 
on patterns in faunal communities in the subtidal, as they affect these communities both directly and 
indirectly by moderating the impacts of certain human activities. In this study, the distributions of 
three prominent macrophyte groups found in the intertidal and subtidal zones of the Noosa estuary – 
seagrass, saltmarsh and mangroves – will be mapped. Knowledge of the locations of these habitats 
will allow me to account for their influence either by constraining our sampling to a particular type 
of habitat (e.g. seagrass areas) or particular combinations of habitats, or by stratifying our sampling 
effort by habitat type. 

3.5.3.2.1: Seagrass 

Current detailed maps of bottom vegetation in the Noosa estuary are presently lacking. Information 
on distributions of marine plants in the Noosa estuary will be generated using high-resolution aerial 
imagery (for mangrove and saltmarsh communities) and field-based georeferenced photo-transect 
surveys of benthic habitats using an approach developed by Roelfsema and Phinn (2009) with some 
modifications. Briefly, this method involves the following steps. 

In shallow clear waters (<2 m), surveys of the benthic plants along multiple transects will be done 
perpendicular to the shoreline in the creeks, channels and lakes of the Noosa estuary. These surveys 
will be done at low speed covering a set distance of 500 meters up to one hour either side of low or 
high tide to standardise as much as possible any effects of water turbidity on visibility. 

A track log of the path of each transect will be stored on a GPS unit kept on board the vessel. The 
track logs are initiated at the beginning of each transect and stopped at the end of each transect. The 
transect ID, time and GPS coordinates for start and end point for each transect will be recorded in a 
data logsheet.  

Photos will be taken along the transect with a GoPro Hero 5 session. The camera is attached at 0.5m 
above the base of a 2.5 meter long pole and set to video with photo mode. This mode takes a video 
along the entire transect with photos taken automatically at 5 second intervals.  Photos will be 
sorted (and only photos that clearly show the substratum with the camera positioned correctly above 
the bottom are kept. 

Selected photos will be linked to GPS track logs using GPS PhotoLink Software which then 
generates a ‘kml’ output file of point source data, each point containing a georeferenced photo of 
the substratum. 

Each photograph will then be analysed by overlaying 100 random points over the image using the 
Coral Point Count software. Cover types intersected by points will be identified (e.g. seagrass 
species, algal species, sand and mud) and percentage cover of seagrass or macroalga to be 
estimated. The kml (track log details) files for each transect will be uploaded to ArcGIS and the 
point estimates of seagrass cover interpolated to provide maps of seagrass extents and cover. 
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3.5.3.2.2: Mangroves and Saltmarsh 

The extents and distribution of mangrove and saltmarsh habitats will be mapped through a 
combination of aerial imagery analysis and field sampling. Mangrove and saltmarsh areas will be 
mapped in Google earth using the “Create Polygon” to outline mangrove and saltmarsh areas. 
Colour, texture and structure of the aerial imagery will be used to identify mangrove and saltmarsh 
areas. The maps generated through aerial imagery analysis will then be validated through ground 
truthing. 

3.5.3.3: Sampling Faunal Assemblages 

3.5.3.3.1: Sampling Design 

Sampling of faunal assemblages will be done at replicate sites in subtidal areas adjacent to patches 
placed into distinct groups by the clustering and SIMPROF procedures described above. It is 
expected that the clustering analysis will provide a number of statistically distinct groups. For 
example, the clustering analysis may yield five groups - “urban with low housing density”, “urban 
with high housing density”, “rural”, “agricultural” and “natural”, consisting of many patches each. 
From these, we will select a subset of groups and patches within each group that are (preferably) 
spread across the full length of the estuary. As much as possible, sites for sampling from each of the 
different groups will be interspersed among the groups to avoid spatial confounding (e.g. all of the 
sites from one group occurring upstream while sites for another group occur downstream). We will 
then designate multiple sample sites within each patch at a set distance from the shore. Faunal 
assemblages will be repeatedly sampled at each of these replicate sites at 8 time points over the next 
two years (twice in the summer and twice in the winter each year) to account for the natural 
temporal variation in biodiversity (e.g. seasonal peaks in the abundance of certain species as a result 
of natural spawning and recruitment cycles)  This study will employ a combination of grab 
sampling, beam trawling and otter trawling to sample the macrobenthic and nektonic (i.e. prawns 
and fish) assemblages in the nearshore habitats of Noosa estuary (intertidal and shallow subtidal). 
The number of trawls and grab samples collected will be determined once the clustering analysis 
has been completed and the experimental groups finalised. 

Macrobenthos: Macrobenthic invertebrates are those animals that live in or near the surface of 
bottom sediments in aquatic environments. These animals are used frequently in environmental 
impact studies and monitoring programs in estuaries due to a range of desirable characteristics 
including their: 

- role in estuarine food-web connectivity as an important food source for many estuarine 
animals (including fish and invertebrate species of great commercial importance) 

- role in other important ecosystem functions including nutrient cycling and bioturbation 

- sensitivity to environmental and anthropogenic disturbance at many levels of biological 
organisation 

- ease of sampling 

Subtidal macrobenthic communities will be sampled with a Smith and MacIntyre grab sampler. 
Sampling will be done at all experimental sites and multiple grabs will be collected at each 
sampling point. The GPS coordinates of each sample will be recorded. A small subsample of each 
grab sample will be removed for sediment grain size analysis. The remainder of the sample will be 
preserved in a 5% formalin-seawater solution with a Rose Bengal stain and returned to laboratory. 
After at least two days in the formaldehyde solution, the sample will be sieved through a 0.5mm 
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mesh sieve. The fauna retained in the sieve will be sorted to the lowest possible taxonomic unit 
under dissecting microscopes and enumerated. 

Nekton: The sampling of nekton in this study will focus specifically on prawns and fish as these 
animals constitute an important cultural, recreational and commercial resource for the Noosa 
estuary. We have selected methods that have proven effective at sampling these types of animals in 
estuarine systems and will allow us to sample prawns and fish simultaneously. 

Beam trawling for juvenile prawns: Postlarval stages of prawns will be sampled using a beam 
trawl. The beam trawl gear comprises a small sled comprising of steel frame (1.5 m wide, 0.8 m 
high) mounted on two wooden shoes with a 6 m long cone-shaped mesh net attached to the frame. 
The mesh size of the net is 1.2 mm for the body of the net, narrowing to 1.0 mm at the cod-end (the 
back of the net). This gear enables the capture of smaller, juvenile stages of prawns and fish that are 
smaller than the mesh size of the otter trawl net (described below) that will provide crucial insights 
into the recruitment of animals to the Noosa River system. The beam trawl is hauled for a set 
distance (most likely 100m but trials are to be done) along a pre-marked transect line parallel to the 
shore. 

Otter trawling for adult prawns and fish: The otter trawl gear consists of a funnel shaped net 
bounded on either side by two wooden "otter" boards which when towed behind a boat are forced 
apart opening the net. The top leading edge carries a series of floats while the bottom edge is 
weighted down with steel chain. This opens the net vertically whilst trawling is underway. The 
mesh size of the net is 10 mm for the body of the net, narrowing to 3 mm at the cod-end (the back, 
narrow end of the net). This gear enables the capture of larger adult stages of prawns and fish that 
avoid capture with the beam trawl. The otter trawl is therefor necessary to provide insights into the 
survival and growth of and distribution of adult animals to the Noosa River system. Because of the 
way the trawl must be deployed, from the stern of a small boat, it is difficult to haul the net for a set 
distance. Instead, once the otter boards are fully extended, the net is hauled for a set time period at a 
constant speed, before the net is retrieved. GPS coordinates are then used to calculate the total 
distance covered by the net.  

For both beam trawling and otter trawling, fish and prawns in line with the trawl are funnelled into 
the cod-end. Upon completion of the trawl, the net will be hauled back to the boat. Larger fish, that 
are readily identifiable (without need of a dissecting microscope), will be immediately removed 
from the net and placed in a 20L holding tank filled with ambient, aerated sea water (note that the 
water in this tank will be regularly turned over with fresh water from the environment to maintain 
close to ambient conditions). These fish will be identified, measured and photographed before being 
released to the wild. The remainder of the "catch" will be humanely euthanized and stored on ice for 
return to the laboratory for later analysis.  

In the lab, all animals in each catch will be identified to species, counted, measured, weighed. Gut 
contents will be removed for food web analysis. 

3.5.3.4: Sampling Physical Environmental Characteristics 

Data for a number of physical and chemical variables in both the bottom sediments and water 
column of sample sites will be collected through the course of this study. The environmental 
variables to be sampled have been shown in other studies in Australia and around the world to 
influence the distributions of estuarine benthic invertebrates and nekton. These variables have also 
been shown to be sensitive to anthropogenic disturbance (e.g. organic material concentrations have 
been found to be greater in sediments from areas adjacent to STPs than areas adjacent to native 
vegetation stands). Should we detect a difference in the biological communities between sample 
sites with different levels of human activity, the physical and chemical data that we collect at these 
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sites may help determine the potential pathways through which the changes in the biological 
components of the system are being manifested. 

3.5.3.4.1: Water Quality 

Data for salinity, pH, conductivity, temperature and dissolved oxygen will be collected from all 
sample sites at regular (fortnightly) intervals over the course of the next two years. Water quality 
data will also be collected more intensively during periods of faunal sample collection. All water 
quality measurements will be collected using a YSI meter with the appropriate probe deployed from 
a boat and allowed to acclimate for 10 minutes. Multiple measurements for all water quality 
variables will be taken at each sampling point. 

High rates of sediment resuspension and deposition can have a range of impacts on biotic 
communities (Table 1). Water column sediment loads may increase to natural disturbance (e.g. 
wind-driven resuspension, flooding) and anthropogenic disturbance (e.g. bank erosion from boat 
wake, dredging). To account for the changes in water column sediment loads, sediment traps will be 
laid at sample sites and monitored monthly for data on sediment resuspension and sediment 
deposition rates. 

3.5.3.4.2: Sediment Quality 

Sediment core samples will be collected at each of the experimental sites during the times of faunal 
sampling. Sediment cores integrate information on nutrient and contaminant inputs over longer time 
periods than water quality measurements and hence provide a long-term measure of contamination 
at a site that can be related back to the types of activities that are occurring in the vicinity of that 
site. Several replicate sediment cores will be collected with a pvc coring device at each sampling 
site during each sampling period. Samples will be analysed for sediment grain size composition, 
organic content and heavy metal content. 

3.5.3.5: Data Analysis 

A range of multivariate and univariate tests to compare communities, dominant taxonomic groups, 
species and (in the case of prawns) population age classes between sample sites and across time will 
be used. 

 

3.6: Using Citizen Science to Determine the Size and Scope of the 
Recreational Fishery in Noosa 

3.6.1: Background 

Fishing predates all other human disturbances affecting biodiversity in coastal ecosystems (Jackson 
et al., 2001). Commercial fishing is often blamed as one of the leading causes of declines in global 
marine biodiversity (Dayton et al., 1995; Hilborn et al., 2003; Worm et al., 2009). Unsustainable 
commercial fishing practices have led to population declines (e.g. Myers and Worm 2004), species 
extinctions (e.g. Allan et al., 2005), and the loss of important ecosystem function (Jackson et al., 
2001) As a consequence, the commercial fishing sector is now closely monitored and regulated in 
many countries (Cooke & Cowx, 2004). The impacts of recreational fishing (or angling) on 
estuarine ecosystems have received comparatively less attention than those of commercial fishing 
(Lewin et al., 2006). However, increasing evidence from around the world shows that angling plays 
a considerable role in altering marine ecosystems, particularly coastal and estuarine areas (see 
reviews by McPhee et al., 2002 (Australia), Coleman et al., 2004 (USA) and Post et al., 2002 
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(Canada)). In fact, in developed countries, angling dominates over commercial fishing for many 
inshore areas in terms of biomass harvested (Arlinghaus et al., 2002). Recreational fishing presents 
a number of threats that in turn have a range of impacts (both direct and indirect) on estuarine 
biodiversity.  

3.6.2: Direct Impacts of Recreational Fishing 

3.6.2.1: Over-exploitation and Population Declines 

The obvious and immediate consequence of recreational fishing on estuarine communities is the 
depletion of target species’ populations and eventually localised population extinctions (Post et al., 
2002). Once depleted beyond a certain threshold level, populations may be unable to recover from 
exploitation as characteristics important to the survival of the population, such as reproductive or 
foraging success, and predator avoidance become impaired by low population densities (i.e. 
depensatory effects; Lewin et al., 2006). Non-target species may also decrease in abundance as a 
result of certain recreational fishing activities. The collection of bait from mudflats (e.g. yabby 
pumping) may destroy the burrows of (or excavate entirely) animals other than the target species 
increasing their exposure to predation (Skilleter et al., 2005b). The excavated sediments once 
discharged may bury animals in surrounding areas (Lewin et al., 2006). Mortalities may also occur 
after fishers have moved on. Fishing lines and hooks lost or discarded can ensnare or become 
ingested by fish, turtles and birds leading to death by starvation, suffocation or drowning (Bell et 
al., 1985). 

Anglers may preferentially target and keep larger animals in their catch. The removal of larger 
individuals may reduce overall recruitment rates as larger individuals may be more fecund or 
experience higher rates of hatching success than smaller individuals (Berkeley et al., 2004). Anglers 
also often catch juvenile stages of fish in estuaries reducing levels of recruitment in these systems 
(Cooke & Schramm, 2007). Despite, minimum size limits, many instances of undersized catch are 
still reported for recreational fisheries (e.g. West & Gordon, 1994). Although many recreational 
anglers release a large proportion of their catch, post release reductions in fitness and mortality can 
be substantial (Cooke & Schreer, 2002; Cooke & Suski, 2005). This means that the magnitude of 
angler releases may be equivalent to discards from the commercial fishery and will conceivably 
have similar effects on the ecosystem (e.g. food subsidies and food web cascades; Alverson, 1994).  

3.6.3: Indirect Impacts of Fishing 

3.6.3.1: Loss of important ecosystem function and controls 

The loss of species and populations associated with overexploitation by recreational fishing may 
constitute an important loss of ecosystem function (reviewed by Blaber et al., 2000). Many popular 
recreational fish species are grazers (e.g. Luderick, Girella tricuspidata) and play an important role 
in controlling algal biomass (Jones 1988). Many intertidal invertebrates that are harvested for 
recreational bait (e.g. ghost shrimps Trypaea australiensis) play an important role in bioturbation 
and biogeochemical cycling (Cryer et al., 1987). The loss of such species, and hence the roles they 
perform in the ecosystem, has been correlated with changes in the chemistry of the environment, 
biological community structure, and even regime shifts (Hughes, 1994). For instance Jackson et al., 
(2001) proposed that the loss of top predators from fishing (millennia before industrialised 
commercial harvest) increased the susceptibility estuarine ecosystems to nutrient enrichment and 
eutrophication. 
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3.6.3.2: Trophic Cascades 

Species targeted by anglers may play a significant role in structuring estuarine communities through 
their role in the food web. Some species are important prey for higher trophic levels or important 
links between different trophic levels (Kneib, 1997). Top order predators may also control levels of 
competition or predation between species in lower trophic levels (i.e. top-down controls; Altieri et 
al., 2012). Incidentally, these top predators are often prized and targeted by recreational anglers due 
to high palatability and prestige associated with their catch (Henry and Lyle, 2003). The loss of 
these species through high recreational fishing selective pressure has the potential to cause trophic 
cascades, where the loss of a species reverberates through the food web (Pinnegar et al., 2000), but 
documented incidents of such trophic cascades from recreational fishing are rare (for exceptions 
see: Westera, 2003; Altieri et al., 2012). This can largely be attributed to the difficulty in detecting 
recreational fishing impacts due to the confounding effects of other human activities such as 
commercial fishing and the scantness of information surrounding recreational fishing. 

3.6.3.3: Habitat Loss and Degradation 

Biodiversity may be affected by fishing indirectly through the alteration or degradation of habitats 
(see reviews by Dayton et al., 1995 and Thrush et al., 1998). A myriad of activities associated with 
recreational fishing lead to habitat loss and degradation. Vegetation has been lost and sediments 
compacted in littoral habitats that are used by anglers to gain access to water bodies for fishing 
(Brosnan & Crumrine, 1994). Bait harvesting of ghost shrimps (Trypaea australiensis) by digging 
in the sediments reduces not only shrimp densities in the short term, but delays recovery of shrimp 
populations by reducing sediment porosity and oxygen content in impacted areas making conditions 
unfavourable to shrimps for recolonisation up to 3 months after the cessation of harvesting activities 
(Contessa & Bird, 2004). Skilleter et al., (2006b) showed that harvesting of bloodworms (Marphysa 
spp.) for bait resulted in significant losses of seagrass in the short term, a shift in seagrass 
community structure over the longer term, and decreases in abundance of many benthic infaunal 
groups that lasted for up to 4 months. The use of ground bait to attract fish to an area has been 
shown to increase the nutrient content and microbial activity in those areas and subsequently 
decrease sediment oxygen concentrations which could lead to changes in benthic community 
composition (Cryer et al., 1987). Increasing intensities of boating activity associated with 
recreational fishing may also lead to the loss of habitat through boat scarring or erosion from boat 
wake (Bishop, 2005). Burfeind and Stunz (2007) showed that growth rates of white shrimp 
(Litopenaeus setiferus) were significantly smaller in areas heavily scarred by boat traffic compared 
with those areas with relatively little scarring. Sheer stress from boat wake may also dislodge fish 
eggs and increase turbidity (Morgan et al., 1976). The impact of recreational fishing on habitat can 
therefore have long-lasting effects on biodiversity by reducing recruitment, survival and growth of 
certain species and the magnitude of these impacts will depend on the intensity of fishing and 
associated threats. 

3.6.4: Why should we manage recreational fishing in estuaries? 

Around the world, participation in recreational fishing is on the rise (Cooke & Cowx, 2004). In 
Australia, over 5 million people participate in recreational fishing annually providing significant 
social, cultural and economic benefit (Australian Bureau of Statistics, 2007). The recreational 
fishing sector makes a particularly important contribution to employment and income in regional 
coastal areas (e.g. through tourism, bait and tackle industry and the recreational boating industry). 
In these systems – the majority of Australian estuaries - the number of animals caught each year by 
the recreational sector often (or likely) exceeds the corresponding commercial harvest for many 
species (e.g. West & Gordon 1994; Reid & Montgomery 2005). Recreational fishing pressure is 
most keenly felt in nearshore areas such as beaches and estuaries where fishing sites can be 
accessed without need of a boat (Arlinghaus et al., 2002). The recreational fishery is also less 
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selective, targeting a broader range of species than the commercial fishery and is less regulated, 
meaning that recreational fishing can occur in areas inaccessible or restricted to commercial 
operators (McPhee et al., 2002). For many species caught recreationally, there is still a lack of basic 
biological and life history information such as habitat use and diet (Cooke & Cowx 2004) and there 
is also a lack of reliable estimates of recreational fishing catch and effort at scales ecologically 
relevant to animals that use estuaries (i.e. within waterbody estimates). Moreover, the full 
magnitude of impact from recreational fishing on estuarine ecosystems is still largely unknown and 
may vary from estuary to estuary. This leads to data-poor situations (i.e. where insufficient data 
hinders the capability of fisheries management to assess stock status and set thresholds for 
ecologically sustainable recreational harvest; McPhee, 2008). There is an urgent need to develop 
recreational fisheries monitoring approaches that provide quantitative data on the size of the 
recreational fisheries and the scope of their impacts at within estuary scales as patterns in fishing 
effort can affect the sustainability of the fishery. 

3.6.5: Monitoring Recreational Fisheries 

Recreational fisheries are typically open-access, so monitoring schemes lack the funding afforded to 
the commercial sector through annual licensing agreements. Approaches to monitoring recreational 
fisheries in Australia are costly due to the magnitude and diffuse nature of the fishery and the lack 
of regular mandated reporting (Henry & Lyle, 2003). Some states (e.g. NSW) have introduced 
annual license and registration fees for anglers to fund monitoring of recreational fishing in their 
estuaries but this has not been implemented in Queensland. As a consequence, there are few 
systematic programs for monitoring the magnitude and impacts of angling so localised impacts, 
even in systems considered to be extremely important to the recreational sector, may go unnoticed 
until systems are irrevocably changed (Post, 2002). 

In Australia presently, recreational fisheries are mostly monitored by State and Territory 
government agencies (e.g. Department of Forestry and Fisheries, Queensland). The main survey 
techniques employed include boat ramp surveys, with telephone-based surveys, angler diary 
programs and roving creel surveys applied to a lesser extent (Henry & Lyle, 2003; McInnes et al., 
2008). Due to high costs and logistical requirements involved with collecting fisheries data over 
such a broad area, State-wide surveys are often only carried out at coarse temporal resolutions. In 
Queensland for instance, boat ramp surveys are carried out every 2-3 years across a subset of all the 
estuaries in the State (McInnes et al., 2004; Webley et al., 2009; Taylor et al., 2012; Webley et al., 
2015). Catch and effort data for harvested species are also collated over broad marine bioregions.  

3.6.6: Critical Information for Management 

The approach currently employed to monitor recreational fishing in Queensland means that small-
scale spatial (e.g. within estuary) and temporal (e.g. between seasons) variability in fisheries catch 
and effort are presently unaccounted for. This represents a significant knowledge gap in Queensland 
and across the world (Lewin et al., 2006). Ignoring small-scale spatial and temporal variation in 
recreational fishing effort significantly hinders the capacity of fisheries management as it limits our 
capacity to assess local scale impacts of fishing on species and habitats within an estuary (Maggs et 
al., 2016). Juveniles and adults for many estuarine species vary in their habitat usage (Gillanders et 
al., 2003). If fishing effort is higher in areas frequented by juveniles, the impacts of fishing could 
lead to recruitment failures in years to follow (Gracia, 1996). Furthermore, some species are known 
to aggregate annually at predictable times and in predictable locations (e.g. School prawns – Young, 
1978; Dusky flathead – Pollock et al., 2014). These species are highly vulnerable to 
overexploitation (Erisman et al., 2011). If anglers are reliably able to locate and time fishing efforts 
with spawning aggregations each year, they may be able to harvest large numbers of animals in a 
short amount of time, thus yielding large CPUE values for the estuary (Maggs et al., 2016). These 
large CPUE values could be interpreted to mean that fishing levels for the target species are 
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sustainable and thus conceal a reality of declining populations, which may only manifest years later 
when the population eventually collapses (e.g. “the illusion of plenty” - Erisman et al., 2011). 
Species with high site fidelity might also be highly vulnerable to overexploitation if angling effort is 
higher in preferred habitat patches (e.g. Luderick; Ferguson et al., 2013) 

Some habitats may be more sensitive to fishing impacts than others (e.g. Hiddink et al., 2007). If 
fishing effort is greater in sensitive habitats, the consequent impact on habitat may be significant. 
Sustained intense fishing pressure in the same location can significantly degrade the habitat in that 
area (Thrush et al., 1998). If these habitats play a role as critical nursery habitat, continued habitat 
degradation may impair this function and consequently reduce survival, growth and recruitment in 
some species (Blaber et al., 2000). Currently, the distribution of fishing effort (and hence intensity 
of disturbance) between different habitats within estuaries is unknown. It is important to understand 
how anglers divide their fishing effort at small spatial and temporal scales so that the impacts of 
fishing on biodiversity can be detected and targeted management actions can be put in place to 
mitigate these impacts.  

In addition to a lack of spatial and temporal resolution, several methodological issues exist with 
current approaches to fisheries monitoring in Queensland (and indeed elsewhere in Australia). For 
instance, the use of a single survey technique (e.g. boat ramp surveys) accounts for a specific 
contingent of the overall angling population. The reliance on a single survey methodology may 
drastically underestimate the size of the recreational fisheries by failing to account for anglers who 
access the estuary via private boat ramps or private jetties, hire boats, marinas or the shoreline 
(Pollock et al., 1997). All of these issues arise due to prohibitive costs and logistical requirements 
for governments to monitor recreational fishing at small spatial and temporal resolutions. A new 
cost-effective approach is needed to quantify the impacts of recreational fishing on biodiversity in 
Australian estuaries at a local scale. 

3.6.7: Citizen Science 

Citizen science may hold the key to overcome some the prohibitive barriers associated with 
monitoring at fine spatial and temporal scales (Silvertown 2009). Citizen science is the engagement 
of individuals of the public – not formally trained in science – in the collection, analysis and 
reporting of scientific data (Bonney et al., 2014). Citizen science projects cover a breadth of topics 
from microbes to galaxies (Dickinson et al., 2010). Despite notable concerns about the quality of 
data arising from citizen science (Fitzpatrick et al., 2009), studies have shown that volunteers can 
collect data of quality equal to scientists where appropriate training and oversight is provided 
(Danielson et al., 2014). As such citizen science has become a mainstay in many branches of 
scientific research, particularly the field of biodiversity conservation (Dickinson et al., 2010) 

Most recreational fishers have an inherent interest in conserving the resources they exploit, both for 
their own continued use and for future generations. Indeed recreational anglers have previously 
contributed to scientific data collection through voluntary donations of fish or fish frames for stock 
assessment (Fairclough et al., 2014); tagging fish for satellite tracking studies (Hill et al., 2016); and 
volunteering in fisheries monitoring programs  (Pattengill-Semmens et al., 2003). Citizen science 
has greatly increased the spatial and temporal resolution of datasets beyond what was previously 
attainable within the constraints of limited scientific funding and capacity. Citizen science has 
previously been shown to increase the cost effectiveness, sample representativeness and sample size 
of fisheries monitoring surveys (Fairclough et al., 2014). 

The recreational fishery in the Noosa River in SE Queensland is an example of a data-poor, 
multispecies, estuarine fishery in Australia. In other words, there is currently a lack of the 
information needed to determine whether recreational fishing in the Noosa River is occurring at 
ecologically sustainable levels. There is little or no information about the effect of recreational 
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fishing on the species and habitats in the Noosa River, nor the ecological processes driving changes 
in biodiversity. Once touted as “Queensland’s great fishing ground” (Sydney Mail 1909 in 
Thurstan, 2015), Noosa has long been considered the jewel the crown of the Sunshine Coast 
tourism industry. In recent years, concerns have been raised that this jewel has lost some of its 
former luster. Anecdotal evidence from longtime Noosa residents and a growing number of 
scientific studies highlight a potential decline in the biodiversity that sustains this vibrant and 
productive recreational fishery (Thurstan, 2015). A recent study by Thurstan et al., (2017) 
compared recreational catches in the Noosa estuary reported in popular media and fishing 
competition records across a 140 year period. The study found that the average number of fish 
caught per angler has declined significantly both in fishing competitions and in recreational fishing 
trips. As for many Australian estuaries, detailed data on the size and scope of recreational fishery in 
Noosa at scales relevant to management is lacking. Furthermore considerable uncertainty surrounds 
the status of many fish species harvested in this estuary, due to a lack of long-term, fisheries 
independent monitoring data. It is therefore currently not possible to determine whether the declines 
in average catch rates reflect a decline in overall biodiversity in the Noosa estuary or whether these 
declines reflect an increase in the number of anglers and decline in each angler’s share of the 
resource. The question remains - are the spatial and temporal patterns in biodiversity of the Noosa 
estuary linked to the spatiotemporal distribution of recreational fishing effort? In other words, does 
recreational fishing contribute to the decline of biodiversity in the Noosa estuary? If so, what are the 
potential mechanisms behind this decline? 

3.6.8: Aims 

In this chapter, I will address these questions by filling in the knowledge gaps about the recreational 
fishery in Noosa, engaging the local community to help collect fishery data required for fishery 
stock assessment. Specifically this study will: 

1. Quantify the intensity, scope and extent of a multi-species data-poor, recreational fishery. I 
will use multiple survey techniques to account for the varied nature of the recreational 
fishery 

2. Employ citizen science to address data shortfalls in assessment of recreational fishing, 
particularly the present lack of high-resolution data on spatiotemporal variability on fishing 
intensity within an estuary. 

3.6.9: Research Plan and Methods 

3.6.9.1: Fisheries Monitoring Design 

The recreational fishery in Noosa is diverse with a wide range of users employing a range of fishing 
gear types (e.g. cast nets, pots, fishing lines) and accessing the estuary from multiple points 
(Thurstan, 2015). Boat ramp surveys currently employed to monitor recreational fishing in Noosa 
may only account for a select (and potentially small) contingent of anglers who access the estuary 
from well-known public boat ramps. The estuary has multiple access points aside from public boat 
ramps however, including marinas, private boat ramps, public and private jetties and the shoreline. 
In order to quantify the full magnitude of recreational fishing in Noosa, it is important that these 
additional anglers are accounted for and their contribution to the total recreational fishing effort be 
quantified. No single survey technique is adequate to quantify such a diverse cohort of fishers 
(Pollock et al., 1994). It is therefore necessary to employ a range of complimentary survey methods. 
In order to identify the methods most relevant to the Noosa estuary we divided the recreational 
fisheries in the Noosa estuary into four main groups which represent the most-harvested groups of 
species by recreational anglers across Australia according to weight (i.e. fish, prawns, crabs and bait 
(including yabbies and bait fish); Henry & Lyle, 2003). These four groups represent a range of 
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different recreational fishing activities, each distinct in the types gear employed by anglers, the way 
in which the anglers access the estuary and the threats presented to estuarine biodiversity. Therefore 
each group requires a slightly different monitoring approach. We used these four groups a basis to 
identify and select survey techniques that would capture the full extent of Noosa recreational 
fisheries (Figure 3.4). 

Traditional assessment techniques, such as point of entry and roving surveys and observational 
surveys, will be supplemented with detailed volunteer-based data collection (Figure 4) to quantify 
the magnitude of recreational fisheries in the Noosa estuary and the distribution of fishing catch and 
effort across the Noosa estuary. I will work closely with the Qld Department of Agriculture, 
Forestry and Fisheries (DAFF), sharing data and findings. Volunteers surveyors for the point-of-
access surveys will be recruited the Noosa Parks Association (a partner on this project) and trained 
by me in correct survey methodology. 

 

 

Figure 3.4: Conceptual model showing 4 main species groups targeted by recreational fishery in 
Noosa and the potential methods for collecting data on these fisheries. Solid lines represent 
traditional fisheries monitoring approaches, while dotted lines represent citizen-based science 
approaches. POE = Point of Entry; Send us your frames is program by QLD DAFF whereby anglers 
deposit fish frames in convenient locations, once catch is filleted. 

 

3.6.9.2: Point of Entry Surveys 

To quantify the total catch and effort of recreational fishing from private boats, point-of-entry 
surveys will be conducted at the most popular boat ramps for fishing locations at different times of 
the year, corresponding to specific periods when targeted species are most readily available in the 
system.  For example, during winter species such as flathead and bream are popular. In summer, 
prawns and whiting are targeted (Thurstan et al., 2015).  
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Survey design will incorporate variation due to factors such as day of the week (weekday vs 
weekend), season (summer vs winter) and weather (rainy vs sunny days) all of which have been 
shown to affect angler avidity and activity (Arlinghaus et al., 2013). Data on the number of fishers, 
duration of sessions, number & species caught, weight of catch and (when permissible) the length 
or size of catch will be collected through structured interviews by trained observers. Observers will 
begin surveys at dawn counting the number of boats launched, and the number of anglers per boat 
departing the boat ramp, and the number of boats that return. Anglers will be approach upon their 
return to boat ramps and asked to participate in the survey. Anglers that participate in surveys will 
also be provided with labelled sample bags and encouraged to donate unwanted (and otherwise 
discarded) fish frames, crab shells and prawn shells to local collection points once the animals have 
been filleted, shelled or peeled. The frames and shells will allow allometric data on the size 
structure of the catch to be compiled, given it may be difficult to get anglers to allow their catch to 
be measured in the field.  

3.6.9.3: Roving Surveys and Observational Surveys 

In the lower Noosa estuary, a number of properties have private jetties. These jetties serve as access 
points to the fishery, either directly as pseudo-fishing platforms or indirectly as mooring locations 
for private boats. The anglers that use jetties in addition to those that engage in shore-based fishing 
are presently unaccounted for in the statewide boat ramp surveys. To quantify the number of anglers 
accessing the estuary from private jetties and the shore, regular observational surveys will be 
carried out simultaneously with point of entry surveys. Observational surveys will be carried out 
from a boat in multiple predesignated areas spread throughout the Noosa estuary. In each area, the 
time of the observation, the number of fishing boats, number of boat-based anglers, number of 
shore-based anglers, number of jetty-based anglers will be recorded and number of crab pots. These 
data will be used to calculate total fishing effort (F – number of angler hours). 

To characterize patterns in angler effort distribution, total counts for each group of anglers (and of 
crab pots) will be aggregated into 500-meter sections of shoreline (for jetty and shore-based 
anglers) and 500-meter lengths of estuary (for boat-based anglers). These 500-metre sections will 
correspond to the 500-meter patches determined in chapter 2. Information on the type of fishing 
gear used, time spent fishing, and where possible number and type of animals caught will be 
recorded through observations as well. This information will be combined with information 
gathered in interviews to estimate fishing success (r – number of fish caught per angler hour). 

Information from observational surveys will be used to identify prominent shore-based fishing 
locations. These locations will be visited regularly to conduct creel surveys so that the species, 
number, and where possible (length and weight) of animals caught by shore-based anglers can be 
quantified. Random boats and jetties and shore-based anglers will also be approached interviewed 
for information on catch and fishing effort (i.e. time spent fishing, number of fish caught). 
Information from these roving surveys will be used to validate fishing success estimates from boat-
based observational surveys. Total harvest (H) in each area will then be calculated (H = Fr). It is 
important that both observational and roving creel surveys be carried out as studies have shown that 
creel surveys may underestimate total catch because anglers may be unwilling to have their catch 
counted, or may underreport their catch (McPhee & Skilleter 2002). 

3.6.9.4: Angler Diary Program 

Avid local anglers will be recruited if possible as citizen scientists to participate in a detailed spatio-
temporal assessment of recreational catch and effort in the Noosa River system. Anglers will be 
recruited during fishing club events or following bait and tackle shop interviews. Citizen scientists 
will be provided with a survey pack containing an angler diary, a waterproof species identification 
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guide, digital cameras, scales, rulers and Vernier calipers and trained in the collection of fisheries 
biological data. Information recorded in angler diaries will include: 

- Species ID (where known) 
- Location caught 
- Standard length 
- Weight 
- Time caught 
- Fishing gear type 

The vessels belonging to participating anglers will also be fitted with GPS data loggers to provide 
detailed time-series spatial information on fishing trips (including overall distance covered and time 
spent in particular locations). This information will allow the identification of hotspots (locations 
within the estuary that experience high intensities of fishing pressure) and also the temporal 
breakdown of when anglers are most active on the waterway. 

3.6.9.5: Data Analysis 

Data will be analysed with a combination of univariate (multiple regression and analysis of 
variance) and multivariate (PERMANOVA, ANOSIM, SIMPER) techniques to examine the spatial 
(position within the estuary, category of adjacent land-use (see Chapter 2) and temporal (time of 
day/week/year) patterns in abundance, species composition and size structure of the recreational 
catch for each of the different gear types employed. 

From the track logs derived from the angler diary program, I will quantify the distributions of 
fishing effort using the “Kernel Density” function within the spatial analyst extension in ArcGIS. I 
will use the total time spent in each locality by all anglers in the tracking study as the density 
variable to estimate space utilisation. From this, I can then create a contour map for the spatial 
distribution of fishing effort across the Noosa estuary. 

 

3.7: Assessing the impact of human activities on food web dynamics 
in Noosa using prawns as a sentinel species 

3.7.1: Background 

Food web dynamics play a central role in structuring estuarine populations and communities as well 
as maintaining nursery function and ecosystem resilience (Polis et al., 1997; Link et al., 2006). 
Populations of important fisheries species may still decline or collapse, even if fishing on the 
population is managed and the habitats used by the species are protected, if important food web 
linkages underpinning the productivity in these species are eroded (Boström et al., 2011). Human 
driven alterations to food webs often preclude structural changes in estuarine ecosystems (e.g. 
population declines, changes in community composition) and may serve as early warning for 
deleterious anthropogenic impacts (Christianen et al., 2016). In some cases it may take years for the 
impacts of food web alterations to be manifested and detected as structural changes in populations 
or communities (e.g. Jackson et al., 2001; Scheffer et al., 2005). By this point, systems may already 
be irrevocably changed so early detection and management is key to the long-term sustainability of 
estuarine ecosystems and the fisheries they support. Changes in food web dynamics can also have 
cascading effects on estuarine biodiversity and ultimately denude the economic, social and 
ecological value of these systems (Pinnegar et al., 2000). Effective management of fisheries species 
in estuaries thus requires an understanding of the food webs that support populations throughout all 
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life stages so that human activities can be managed in a way that key trophic links and habitats that 
support fisheries are maintained (Sheaves et al., 2015). 

3.7.2: Human Impacts on Estuarine Food-Web Function 

A number of human activities have degraded estuaries and estuarine fisheries through their 
combined direct and indirect effects on estuarine food webs (Link, 2002). Human activities may 
impact estuarine food webs by changing the dynamics of key production sources (McLelland & 
Valiela, 1998). For instance, activities associated with coastal development such as land 
reclamation or dredging may result in complete removal or mortality (e.g. via smothering) of large 
tracts of seagrass, saltmarsh and mangrove habitat (Thrush & Dayton 2002; Boström et al., 2011). 
In addition to providing habitat and shelter for many species, these macrophyte communities 
constitute important and highly productive food sources for many species that live in estuaries or 
use estuaries temporarily (see reviews by Manson et al., 2005b; Heck et al., 2003; Minello et al., 
2003). Macrophytes in estuaries also provide important food subsidies for adjacent terrestrial and 
near shore coastal ecosystems in the form of active animal movements or passive transport of 
material between these systems (Connolly et al., 2005, 2006; Heck et al., 2003). Thresher et al., 
(1987, 1992) showed that growth rates for larvae of the commercially important Blue grenadier 
(Macruronus novaeselandiae) in offshore waters of Tasmania were greater during storm events 
when export of seagrass material from nearby estuaries is enhanced, than other times of the year. 
The loss of macrophyte communities is therefore often followed by reduced growth and survival in 
species that live in and directly feed on macrophytes within estuaries, in addition to those species 
that rely on plant material exported from estuaries (Polis et al., 1997; Bishop et al., 2010).  

Human activities may also alter the relative importance of production sources in estuaries by 
augmenting nutrient inputs to estuaries (e.g. fertilizer use or sewage discharges; McLelland and 
Valiela, 1998). Certain producers are more capable of taking advantage of sudden anthropogenic 
nutrient pulses than others. For instance, increases in nutrient concentrations from land-based runoff 
are well known to increase productivity in phytoplankton and macroalgae, which are typically 
nutrient-limited in growth as opposed to seagrass, which is light-limited (McLelland et al., 1997). 
Increases in phytoplankton abundance may increase the growth rates and productivity in many 
planktivorous fish species that feed on both zooplankton and phytoplankton (e.g. Attayde et al., 
2010). Conversely, excessive productivity in phytoplankton may lead to reduced seagrass growth, 
loss of seagrass habitat and a subsequent decline in the contribution of seagrass and seagrass 
epiphytes to estuarine foodwebs through shading from increased turbidity (McLelland & Valiela, 
1998; Bowen & Valiela 2001). McLelland and Valiela (1998) found that phytoplankton and 
macroalgae were the main food sources for primary consumers in estuaries of Waquoit Bay with 
both high and low levels of anthropogenic nitrogen inputs, but seagrass could contribute 
considerably to the diet of primary consumers in estuaries with low nitrogen loads (as much as 31% 
in some consumers). Increases in nutrient loads associated with coastal development could therefore 
conceivably alter the structure of estuarine communities as conditions shift to favour certain trophic 
pathways, or certain species over others (e.g. in the case of the Waquoit Bay; pelagic planktivorous 
trophic pathways over benthic grazing pathways). Connolly (2003) showed that seagrass 
contributed significantly less the diets of some species of herbivorous fish (e.g. hemiramphids) but 
not others (e.g. sparids) in artificial waterways compared to natural waterways in southern 
Queensland. 

Human activities may also disrupt important food web connectivity by restricting, enhancing or 
preventing the movement of animals, propagules, detritus and nutrients between habitats (Bishop et 
al., 2015). Dams block the migratory routes of anadromous and catadromous fish whose eggs and 
larvae may provide important seasonal food subsidies for animals in receiving habitats (Drinkwater 
& Frank, 1994; Gillanders et al., 2003; Sheer & Steel, 2006). Seawalls or revetments built in the 
intertidal for shoreline protection may prevent the movement of animals into intertidal habitats 
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during the high tide and thus prevent access of those species to important intertidal food sources and 
disrupting trophic transfers from intertidal to subtidal habitats (e.g. Kneib, 2003). Reductions in 
freshwater flow to estuaries through river watercourse diversion and damming, markedly reduces 
the transport of allocthonous food subsidies to estuaries from rivers (Drinkwater and Frank, 1994). 
Fishing may alter the densities and/or composition of predators and prey in estuarine food webs 
(Pinnegar et al., 2000). These animals may provide important trophic links between different 
habitats or trophic levels or important controls of biological interactions (predation, competition) 
and their depletion can have flow-on effect to the rest of the food web (Abrantes et al., 2015b) 

Finally, human activities can impact estuarine food webs by offsetting important seasonal patterns 
in estuarine food webs (Abrantes et al., 2015). For example, the interception of natural freshwater 
flows for flood control, irrigation or hydroelectric power generation has markedly changed the 
seasonal patterns of freshwater flow in many estuaries across the world (Davies et al., 1992). Many 
species spawn or migrate during times of peak rainfall and runoff (Glaister, 1978) and several 
studies have linked increases in freshwater flow with higher growth and survival in many estuarine 
and adjacent coastal fishery species (e.g. Loneragan et al., 1997; Robins et al., 2005). A change in 
the timing of freshwater discharge may alter spawning and migration cues for some species with 
potentially dire consequences for populations and entire ecosystems (Drinkwater & Frank 1994). 
Changes in flow patterns due to irregular discharges of freshwater could result in asynchrony 
between spawning and peak runoff and reduce growth and survival of larvae and juveniles, and 
ultimately fisheries stock abundance for species that rely on seasonal freshwater discharge (Robins 
et al., 2005; McCarthy et al., 2008). 

So in summary, human activities may lead to the loss or disruption of key productivity sources, 
changes to densities and/or composition of predators or prey, or loss of food web connectivity in 
estuarine ecosystems and as a result may cause fisheries collapses or impede efforts to halt 
population declines and restore denuded populations (Swain & Sinclair 2000; Link 2002). As such, 
it is important to consider the implications of human activities on food web dynamics when setting 
management targets - a consideration now increasingly incorporated in to estuarine management 
and conservation goals around the world (Thompson et al., 2012). 

3.7.3: Monitoring and management of human impacts on estuarine foodwebs 

Detecting and responding to deleterious changes in the food web function of estuaries relies largely 
upon well-designed monitoring programs. Current estuarine monitoring programs collect 
continuous streams of data on a range of indicators that together respond predictably to 
anthropogenic stress and are expected to provide an ecologically meaningful appraisal of the 
ecosystem’s capacity to provide the goods and services valued by human society (Carstensen et al., 
2011). Integrative approaches that employ a number of physical, chemical and biological measures 
are considered most useful in achieving this because, by in large, indicators still focus 
predominantly on the structural characteristics of the estuarine ecosystems (Rombouts et al., 2013). 
Physical and chemical indicators such as measures of water quality or sediment quality provide a 
measure of anthropogenic stress and are useful in identifying the magnitude and potential sources of 
disturbance (Carstensen et al., 2011). Biological indicators such as measures macrobenthic and (in 
some systems) fish communities’ species diversity provide a measure of the ecosystem level 
response to anthropogenic stress. Changes in diversity of plant and animal assemblages if detected 
are often related back to changes in chemical and physical indicators based on a conceptual 
understanding of the system being studied (Dauer et al., 2000). Measures of biological assemblage 
characteristics, although useful, only provide an a posteriori assessment of anthropogenic 
disturbance (i.e. changes in indicators only take place once biological communities have already 
been altered). Moreover, changes in species diversity can only provide an indirect measure of 
ecosystem function and only in systems where the feeding strategies and other ecological roles 
performed by species in these assemblages are known (Connolly, 2003; Christianen et al., 2016). 



 49 

3.7.4: Gaps in Information on Food-Web Dynamics in Estuaries 

Information of the food webs supporting important fisheries species and their environment is 
patchily distributed across Australian estuaries and still lacking in many estuaries across Australia 
(Abrantes et al., 2015a, 2015b). Inferences made from estuarine monitoring programs about the 
impacts of changes to community-based indicators often rely on broad generalisations derived from 
studies on estuarine function and energetic connectivity in other (well-studied) systems. In many 
instances, these model systems are very different in physical and biological nature from the systems 
being managed leading to the mismanagement of many estuaries and the fisheries they support 
(Abrantes et al., 2015b). Understanding trophic connectivity between habitats in the coastal 
seascape is therefore a crucial component of fisheries management as it allows the identification of 
critical habitats and trophic links that need to be maintained in order to support the growth and 
survival of fishery species, and the health and resilience of the ecosystem supporting those fisheries 
(Pikitch et al., 2004). Furthermore, incorporating measures of connectivity into fisheries monitoring 
may provide a useful tool for elucidating potential mechanisms underlying structural changes in 
marine communities that occur in response to fishing and other anthropogenic disturbance (e.g. 
eutrophication). Such measures could provide an additional level of detail to environmental impact 
assessments seeking to identify the key human activities that alter estuarine structure and function, 
and fisheries productivity (e.g. Connolly, 2003).  

3.7.5: Methods for analysing food web dynamics 

3.7.5.1: Gut Contents Analysis 

Early examinations of estuarine food web dynamics relied chiefly on gut contents analysis where 
tedious hours were spent sorting through ground up gut contents to identify microscopic remnants 
of prey items (Hyslop, 1980). Gut contents analysis can be useful in identifying trophic 
relationships within complex estuarine food webs but various limitations exist with gut contents 
analysis beyond the encumbrance on the scientists charged with analysing them (reviewed in 
Hyslop, 1980). From a management perspective, the main limitations with gut contents analysis are: 

1. gut contents of an organism depict only a snapshot of that organism’s recent diet (i.e. 
consumed within hours of sampling). Many species within estuaries are opportunistic 
foragers and their diet may vary substantially over short and long timescales. Not all dietary 
items are equally assimilated into the tissues of animals as growth and some prey items are 
more valuable in terms of productivity than others. Gut contents can therefore be 
misleading. Just because an item is present in the gut of an organism does not mean it is 
important for growth and productivity (Hadwen et al., 2007). It is also impossible to reliably 
determine the relative contributions of different items to the diet of an organism solely based 
on gut contents analysis; 

2. gut contents analysis becomes increasingly difficult as the size of the organism being 
sampled decreases and it can be especially difficult to separate the dietary sources in 
generalist first order consumers and herbivores; 

3. in higher order consumers, gut contents analyses cannot identify key habitats and 
autotrophic sources of productivity whereupon productivity in those consumers ultimately 
depends. 

3.7.5.2: Stable Isotopes 

Stable isotope analysis provides a useful complementary tool to guts content analysis to study 
trophic connectivity and food web interactions in estuarine food webs (Hadwen et al., 2007). Stable 
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isotope signatures tell us about food items that have been consumed and assimilated over longer 
periods of time than gut contents analysis (i.e. weeks to months; Post, 2002). The underlying 
premise for stable isotopes analysis is that the elements that comprise organisms exist in multiple 
isotopic states in nature (Peterson & Fry, 1987). Each primary producer possesses a unique and 
constant ratio of rare heavy isotopes (e.g. 13C, 15N, 34S) to common lighter isotopes (e.g. 12C, 14N, 
32S) for each element (a stable isotope signature). When a primary producer is consumed, its 
isotopes are assimilated into the tissues of the consumer and the ratio of heavy to light isotopes 
changes (Peterson & Fry 1987). This change occurs at a constant (and therefor predictable) rate for 
each element with each consecutive trophic level (De Niro & Epstein 1978; Owen 1987). The stable 
isotope signature of organism tissues can therefore be used to determine the diet and trophic 
position of an organism and how these qualities change through time and space (Peterson & Fry, 
1987).  

Changes in stable isotope signatures have previously been used to elucidate the trophic positions of 
certain species (Post, 2002); identify key nutrient sources and putative nursery areas for important 
fishery species (Taylor et al., 2016); detect modifications to food webs in response to fluctuations in 
production sources due to natural seasonal patterns in freshwater flow (Darnaude et al., 2004; 
Vinagre et al., 2011) or anthropogenic disturbance (McLelland et al., 1997; Connolly 2003; 
Martinetto et al., 2006); and to compare differences in estuarine food web structure through time 
and across space (Peterson & Fry 1987; Loneragan et al., 1997). Continuous monitoring of stable 
isotopes can therefore provide a valuable means for identifying critical habitats and trophic links 
that support fisheries and how these links change through time and space in response to 
spatiotemporal patterns in natural and anthropogenic disturbance (e.g. McLelland et al., 1997). 

This chapter will examine changes in the food web dynamics of an estuarine ecosystem in response 
to spatial and temporal variability in environmental conditions and anthropogenic disturbance. I will 
employ a combination of gut contents and stable isotope analyses to study changes in food webs in 
the Noosa estuary. I will specifically identify the critical habitats and trophic links that support a 
particular species group of considerable economic, cultural and ecological value for the Noosa 
estuary and many estuaries across Australia – the penaeid prawns.  

3.7.6: Prawns stable isotopes as indicators for anthropogenic impacts on estuarine food webs 

Penaeid prawns support thriving commercial fisheries globally (Turner, 1977), and are locally 
important in supporting small-scale commercial bait fisheries and recreational fishing (Coles & 
Greenwood, 1983; Reid & Montgomery, 1995). The typical penaeid life cycle begins when adults 
spawn in offshore waters (Dakin, 1958). Larvae are carried on the ocean currents to estuaries and 
coastal embayments where, following a series of metamorphoses, the juvenile prawns settle in 
estuarine habitats. Here, the juveniles will proceed to feed and grow until reaching sexual maturity 
whereupon they return to open ocean (sometimes as far as the continental shelf) to spawn (i.e. Type 
II and Type III life cycles; Dall et al., 1990). Some species of penaeids are also known to spend 
their entire life cycles confined to estuarine waters never migrating to the continental shelf (Ruello, 
1973a). 

Prawns perform many roles integral to the ecological function of estuaries (Sheaves et al., 2012). 
Penaeids are an important prey item for a variety of predatory fish prized by recreational anglers 
including species such as snapper, bream and the iconic barramundi (Salini et al., 1990). Prawns are 
mainly omnivorous, feeding opportunistically on detritus, microphytobenthos, macrobenthic 
invertebrates, seagrass and seagrass epiphytes although their specific diet may be a function of the 
habitat they occupy (Dall, 1958; Moriarty 1977). The penchant of prawns to carry out tidal, dial and 
lifecycle migrations also provides important food web connections across spatially distinct habitats 
and ecosystems (Sheaves et al., 2009). For example, foraging forays of prawns into mangrove 
habitats during high tide may provide a trophic link between intertidal and subtidal habitats (Vance 
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et al., 1996). Vertical migrations of prawn postlarvae as they “leap frog” up an estuary with 
successive incoming tides could similarly provide a link between benthic and pelagic environments, 
as the prawns which feed on benthic material become prey to pelagic consumers (Sheaves et al., 
2009). Prawns may also perform other important functional roles in estuaries (e.g. nutrient cycling 
(Sheaves et al., 2009); ecosystem engineers (Coleman, 2002)). Changes in prawn diet and habitat 
use could therefore be used as early warning indicators for anthropogenic alterations to overall 
function of estuarine ecosystems. Furthermore, the carbon half-lives in the muscle of small fish and 
invertebrates (e.g. penaeids) are typically less than 1 month meaning that their stable isotope 
signatures should reflect their diet within the last 1-2 months (Guelinckx et al., 2007). These 
animals therefore provide high-resolution, time-integrated information that would adequately 
capture seasonal shifts (i.e. at least every 3-4 months) in production sources (Abrantes et al., 2015a) 

3.7.6.1: Prawns in the Noosa River 

The Noosa River possesses a long history of commercial beam trawling for bait prawns (Coles & 
Greenwood 1983). Two species - the greasyback prawn (Metapenaeus bennettae) and the school 
prawn (Metapenaeus macleayi) – have traditionally been caught in the river. These two species 
typically complete their entire life cycles within an estuary, seldom migrating further than the river 
mouth to spawn (Racek, 1958; Young & Carpenter 1977). A third species – the eastern king prawn, 
(Penaeus plebejus) – may also be caught as juveniles in the estuary. This species recruits to the 
Noosa River annually as postlarvae after drifting on the East Australian current. After about 2-3 
months in the estuary, maturing eastern king prawns emigrate from the estuaries along the eastern 
coast of Australia to begin a northward spawning migration along the continental shelf (Braccini et 
al., 2012). During this migratory phase, king prawns are caught in the East Coast Otter Trawl 
Fishery – the most economically valuable trawl fishery in Queensland (Montgomery, 1990; Gordon 
et al., 1995). Although all three of these species of prawn described above use the Noosa estuary, 
their numbers, distributions and times of recruitment and spawning, and even diurnal feeding 
patterns vary significantly (Coles & Greenwood 1983). It has been suggested that the serial 
recruitment of school, greasyback and eastern king prawns to the Noosa estuary (and indeed other 
estuaries in Queensland) is an important mediator of competition between these species allowing 
them to exploit similar habitat and food resources with little interspecific competition (Coles & 
Greenwood 1983; Young & Carpenter 1977). The differences in spatial and temporal patterns of 
use of the Noosa estuary between species might also imply that each species relies on a slightly 
different set of habitats and production sources spread throughout the estuary and thus contributes 
to unique trophic pathways. 

In recent years, the number of prawns harvested from the Noosa estuary has declined. Most 
concerning is the apparent flat-lining of the school prawn fishery over the last 6 years with a 
historical low harvest in 2015 of just 2,989 kg; a more than ten-fold decrease from the annual 
average harvest of 38,778 kg (+- 8.62 SE) (QFISH database; school prawn catch statistics, Grid 
V35, 1999-2015). Commercial fishing effort has also declined from a record high of 26 licensed 
commercial operators in 1991 (1103 fishing days) to only seven licenses in 2015 (17 days). There is 
an exhaustive list of competing, but not necessarily mutually exclusive explanations for the decline 
and failure of school prawn populations to recover including: 

- loss of critical habitats through the combined activities of destructive trawling and coastal 
development (e.g. disruption of key nutrient sources, loss of refuge habitat) 

- reductions or alterations to juvenile or adult food supplies affecting prawn survival, growth 
or reproductive success 

- recruitment overfishing 
- other food web effects of human impacts (e.g. predator release) 
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It is not currently possible to determine which if any of these mechanisms has caused changes in 
biodiversity in the Noosa estuary. 

3.7.7: Aims 

In the preceding chapters, I will examine the impacts of two major threats, fishing and coastal 
development, on the distribution, composition and abundance of nekton (including prawns) and 
benthic assemblages of the Noosa estuary. In order to resolve the potential ecological pathways 
underpinning any structural changes to communities that result from anthropogenic impacts, this 
chapter will explore the food web impacts of coastal development. Specifically this chapter will: 

1. Identify the diets and trophic relationships between species in the Noosa River system using 
gut contents analysis 

2. Determine the critical food sources and habitats used by adult and juvenile stages for three 
species of prawn in the Noosa River system using a combined analysis of carbon, nitrogen 
and sulfur stable isotope signatures 

3. Compare the relative contribution of different production sources to the overall diet in these 
three species between areas with varying levels of anthropogenic impact and through time. 

3.7.8: Research Plan and Methods 

3.7.8.1: Sample Collection 

All animals collected in beam and otter trawls in chapter 2 will be stored on ice and frozen 
following return from the field to cease digestion and preserve gut contents. In the lab, following 
species identification, specimens will be thawed and dietary tracts of fish and invertebrates will be 
dissected. I will then sort the various identifiable components of the gut contents (e.g. decapod 
gastric mills) to the lowest taxonomic level to provide some qualitative data on the diets of fish and 
invertebrate species in the Noosa estuary. 

To identify the range of primary producers and possible prey sources available to prawns in 
different parts of the Noosa estuary and at different times of year, composite samples of all major 
species of seagrass (along with their associated epiphytic algae), mangroves, saltmarsh and benthic 
macroalgae, benthic microalgae, seston and benthic organic material will be collected from the 
vicinity of each location sampled in chapter 2. Seagrass and algae will be collected by hand in situ 
or from grab or trawl samples. Mangrove leaves will be collected from the growing tips of trees 
adjacent to the sample sites. Previous authors have shown that the δ13C values of seagrass and 
mangrove leaves change little during decomposition (Zieman et al., 1984) so in collecting seagrass 
and mangrove leaves, I will be able to determine the contribution of these macrophytes to prawn 
diet whether eaten directly or as part of the detritus and debris in sample sites. Benthic microalgae 
will be sampled by collecting several sediment cores from the top 5cm in sample locations. Samples 
of seston will be collected from the water column through several sweeps of a small 37μm net in the 
sample locations. All autotroph samples will be frozen upon collection until they can be processed 
in the lab. 

3.7.8.2: Sample Preparation 

All seagrass, saltmarsh, mangrove and macroalgal samples will be rinsed with deionised water to 
remove loose detritus, sediments and animals. Seagrass epiphytes will be scraped from seagrass 
using a scalpel, washed in distilled water and collected on Whatman glass fibre filters. Benthic 
microalgae will be extracted from sediment cores by rinsing samples through a 53μm and then a 
5μm sieve to remove infauna and sediments and then centrifuging the remaining material to extract 
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the diatoms (see Connolly, 2003). Seston samples will rinsed through a 125μm sieve with deionised 
water to remove zooplankton. 

To quantify the relative contribution of different primary producers to prawn diet across the estuary 
and through time, a random subsample of 5 adult and 5 juvenile prawns from Metapenaeus 
macleayi, Penaeus plebejus, and Metapenaeus bennettae (and other species if found in significant 
numbers) will be selected from each trawl sample. Prawns are known to alter diet and habitat use 
through ontogeny (Dakin 1958). For this reason, stable isotope signatures of adult and juvenile 
prawns (carapace length (CL) ≥ 3mm) will be analysed separately. The exoskeletons and dietary 
tracts of prawns will be removed and a sample of the abdominal muscle tissue will be taken.  

3.7.8.3: Stable Isotope Analysis 

All autotroph samples and prawn samples will be dried to constant weight at 60°C and ground to a 
fine powder in a mortar and pestle for stable isotope analysis. Due to the diversity of carbon sources 
in estuaries and the similarities in stable isotope signatures for some elements between certain 
primary producers (especially seagrasses and their associated epiphytes), multiple stable isotopes 
approaches employing two or more elements have been recommended by previous studies on 
estuarine food webs (Loneragan et al., 1997; Connolly et al., 2005). In heed of this advice, this 
study will use a combination of carbon, nitrogen and sulphur stable isotope analyses to determine 
the relative contributions of different primary producer groups to prawn diet and how these 
contributions vary in response to natural and anthropogenic disturbance. The use of these three 
stable isotopes has been shown to provide significantly higher discriminatory power in resolving 
ultimate sources of primary production in estuarine food webs (Peterson et al., 1985). All stable 
isotope analyses will be carried out at the Stable Isotope Geochemistry Laboratory at the University 
of Queensland.  

Due to the high number of production sources being tested, the relative contributions of different 
primary producers to the assimilated carbon in each species of prawn will be calculated using the 
mixing model described in Phillips and Gregg (2003) trialling all possible combinations of primary 
producer contributions: 

Equation 1: Phillip and Gregg (2003) mixing model where ƒA, ƒB, and ƒC are the proportions of 
primary producer isotopic signatures (δA, δB and δC) which coincide with the observed signature for 
the mixture 

δM = ƒAδA + ƒBδB + ƒCδC 

1 = ƒA + ƒB + ƒC 

The signatures predicted from the model above will be compared with the observed signatures in 
the prawn muscle tissue samples. Predicted signatures within a tolerance of 0.01% will be 
considered as feasible primary producer combinations. Sulphur and nitrogen stable isotope 
signatures in prawn tissues will be compared to those for different primary producers to in help 
delineate between feasible solutions. 

3.7.8.4: Data Analysis 

I will compare the relative primary producer contributions between adult and juvenile prawns of the 
same species, between species, between locations and between seasons using a combination of 
univariate and multivariate statistical procedures. 
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3.8: A Meta-analysis comparing the effects of coastal development 
and fisheries on biodiversity in data-rich and data-poor estuaries 

3.8.1: Background 

As discussed in previous chapters, estuarine ecosystems are subject to a range of human uses and a 
growing number of users (Kennish et al., 2002). The multitude of anthropogenic threats facing 
estuaries today interact in complex, system-specific ways to alter biodiversity and ecological 
function of estuaries, and denude their capacity to provide valuable goods and services (Borja et al., 
2010). Different estuaries may be unique in the way that they respond to anthropogenic disturbance 
(Cloern, 1999). Variation between different estuarine ecosystems in their responses to the same 
anthropogenic stressor can arise from intrinsic differences in the structure and function of their 
biological communities brought about by differences in geographical location, geomorphology and 
hydrodynamics as well as extrinsic differences in the number, types, magnitude and distribution of 
threats impacting these systems (e.g. Anderson et al., 2002; Valiela et al., 1997). Management of 
human impacts should therefore ideally be carried out at the local scale and management decisions 
should be based on a detailed understanding of the system being managed. 

Detailed information on the types and numbers of animals that live in estuaries and their ecological 
roles within those systems is lacking for a number of estuaries across Australia however (Saenger, 
2000; Ward, 2000). For example, of the 294 commercially harvested fish and invertebrate stocks 
currently assessed under the Status of Australian Fish Stock scheme (SAFS), the status of 49 stocks 
are considered “Undefined” (SAFS, 2016). In other words, 17% of commercial fisheries monitored 
in Australia lack the information required (e.g. rates of recruitment and natural mortality, habitat 
impacts of fishing gears) to assess stock status and set sustainable harvest thresholds. The time and 
funding afforded to research and data-collection for the biology of fish stocks and species usually 
decreases as a function of fishery value (e.g. Bentley and Stokes, 2009). This paradigm usually 
results in a preponderance of data poor situations in small-scale regional fisheries even though these 
fisheries may still be important for local economies (Honey et al., 2010). Information on 
recreational or indigenous fisheries in Australia is even more scarce despite evidence that these 
fisheries target a wider range of species and harvests can exceed the corresponding commercial 
harvest in many estuaries (McPhee et al., 2002).  

The lack of data on fish stocks or estuarine structure and function often hinders but does not 
preclude (and has not precluded) the setting of management goals for the maintenance of estuarine 
biodiversity and ecological function (Honey et al., 2010). In Australia, harvest strategies have been 
developed for data poor fisheries and water quality objectives have been set for data poor estuaries 
(Smith et al., 2009; Pantus and Dennison, 1995).  Several approaches have been developed to set 
harvest limits for data-poor commercial fish stocks including the use of information from well-
assessed stocks of the same or similar species (i.e. taking from rich to feed the poor - the “Robin 
Hood” approach; Punt et al., 2011). Similarly water quality objectives for the management of the 
impacts of coastal development have been set based on thresholds derived from other well-studied 
systems or laboratory experiments (Pantus and Dennison, 1995). In most cases, these thresholds are 
applied in a precautionary fashion with additional safeguards (or buffers) and adaptive capacity 
applied to management targets depending on the level of uncertainty or lack of information on the 
system being managed (Dowling et al, 2008; McPhee, 2008). 

Thus in data poor systems, evaluations of ecosystem condition and our understanding of the 
biological mechanisms that provide important ecosystem services are usually extrapolated from 
other studies in adjacent systems (Ward, 2000). In some cases, our conceptual understanding of the 
dynamics for estuaries come from systems separated by large distances where the physical or 
biological similarities between the model and managed system are unknown (Abrantes et al., 2015). 
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If assumptions of homogeneity between systems dynamics are not upheld, management objectives 
based on a generalized understanding of system dynamics can lead to the mismanagement of 
estuaries and the fisheries they support. The question begs, “do the responses of species and 
assemblages in data-poor estuaries to anthropogenic disturbance comply with the expectations 
derived from similar data-rich systems?” 

In the preceding three chapters, I will progress our understanding of ecological condition of the 
Noosa estuary, a data-poor estuary in subtropical Queensland. I will determine how the major forms 
of human threats to the Noosa estuary (i.e. coastal development and fisheries) impact the structure 
of the biological assemblages found in the Noosa estuary. Noosa is one of many data-poor estuaries 
across Australia however (e.g. Saenger, 2000) and it is not currently feasible, nor reasonable to 
expect that similar studies can be carried out across all data-poor estuaries in Australia. 
Management goals will continue to be modelled on a conceptual understanding of stressor-response 
relationships in other well-studied (i.e. “data-rich”) systems. It is important to test the validity of 
these assumptions and hypotheses such as those that will be derived from this thesis, as impacts of 
anthropogenic stress (e.g. fishing, coastal development) will vary from system to system (Cloern, 
2001). 

• Meta-analysis is a quantitative approach to disseminating trends and general relationships 
with data sourced from multiple, independent studies exploring the same research questions 
(Gurevitch and Hedges, 1999). In ecology, meta-analysis permits ecological questions to be 
examined at a much broader scale than is possible from a single case study. Meta-analysis 
essentially represents a “weight of evidence” based approach to ecology where the validity 
and generality of hypotheses are tested across all relevant literature (Koricheva and 
Gurevitch, 2013). 

3.8.2: Aims 

The aims of this chapter are to identify common themes in our understanding of the impacts of 
coastal development and fisheries exploitation across different types of estuaries (e.g. open vs. 
seasonally-closed; tropical vs. temperate) by analysing the findings of multiple studies on the 
impacts of these threats in Australian estuaries.  

I will then determine whether the impacts of coastal development and fishing on fisheries differ 
significantly for species between data-poor estuaries and comparable data-rich estuaries thereby 
testing whether data-rich systems generally provide an accurate and reliable template for the 
management of human activities in Australia’s data-poor estuaries. 

3.8.3: Research Plan and Methods 

3.8.4.1: Literature review and database compilation 

This chapter will comprise a meta-analysis of available published literature on the separate (and 
where possible combined) impacts of fishing and coastal development on estuarine fisheries and 
biodiversity. Relevant studies will be identified by searching Biosis and Web of Science electronic 
databases for relevant literature published from 1985 to present using various permutations for a 
number search terms and their variants including: estuary, impact, nutrient, fishing, biodiversity, 
prawn, benthos, nekton, productivity, growth, fisheries, coastal development. Reference lists from 
publications found in the initial search will also be examined to uncover additional sources.  

From the sources found in this search I will select publications based on mensurative and 
manipulative experiments or correlative studies that examine the relationship between biological 
communities, populations or species in estuaries and impacts from fishing or coastal development to 
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compile a database of publications and associated data. Only studies where raw data (in respective 
appendices), or treatment and control sample sizes, means and variance estimates are presented will 
be selected for the meta-analysis. Data will be extracted from figures where possible using graph 
digitizer software such as Get Data (http://www.getdata-graph-digitizer.com/download.php), 
TechDig Version 2.0 or similar. 

3.8.4.2: Meta-Analysis 

All meta-analyses will be carried out in MetaWin 2.0 (Rosenberg et al., 2000). Model parameters 
for meta-analyses will include: 

- System understanding (e.g. data poor vs. data rich) 
- Type of impact (e.g. beam trawling, STP discharge) 
- Magnitude of impact 
- Frequency of disturbance (chronic vs. acute) 
- Estuarine morphology 
- Latitude 
- Hemisphere 
- Data pedigree 

Effect sizes (i.e. differences between “treatment” and “control” group means standardised by 
sample size and standard deviation) and variances will determined for a range of response variables 
derived from the database using a log transformed response ratio metric. This metric has previously 
been shown to provide a robust measure of comparison of effect sizes. Effects will be compared 
between data rich and data poor systems. It is not currently possible to determine the exact response 
variables that will be examined. These will be determined once the database has been compiled. 
Potential variables of interest may include: 

- Species richness for nekton or benthic assemblages 
- Abundance of particular species (e.g. prawns) 
- Fishery parameters (e.g. CPUE) 

 

 

Plate 3.1: Small creek carrying excessive silt towards the main Noosa River system. 
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Chapter 4: Mapping Threats within the Noosa River Estuary 

4.1: Introduction 

Multiple threats to marine biodiversity (e.g. habitat loss, pollution, overexploitation through fishing, 
catchment alteration, climate change) occur concurrently in the coastal zone (Gray, 1997; Halpern 
et al., 2009). Estuaries, at the interface between many large cities and the coastal ocean, are among 
the most threatened of natural ecosystems (Jackson et al. 2001). Growing populations encroach 
upon the shores of estuaries worldwide, altering estuarine structure, process and function (Thrush et 
al., 2004; Kennish et al., 2011). Australia, with its harsh and dry interior, is particularly vulnerable 
to such effects, with over 80% of its population living on coastal margins, particularly around 
estuaries (Wolansky et al., 2014). The loss of estuarine biodiversity and ecosystem services (e.g. 
fisheries) associated with coastal development has prompted a national (and indeed, a global) call 
for better monitoring and management of estuarine health (Creighton et al., 2015). Standing in the 
way of efforts to mitigate and, where necessary, ameliorate the declines in estuarine condition is a 
pervasive lack of information on the ecological function for many of Australia’s estuaries and 
understanding of how threats translate to impacts in estuarine structure and function. 

Urbanised and semi-urbanised estuaries are subjected to a wide range of overlapping and interacting 
threats that may originate from within the estuaries but also from the surrounding catchments and 
headwaters (Kennish 2002; Elliott & Kennish 2011). Some, but possibly not all of these threats, 
will produce measurable impacts on ecosystem structure and function (Lindegarth & Hoskin 2001; 
Thrush et al., 2008). One of the key challenges for estuarine managers is to identify correctly which 
of the many threats facing estuaries interact to cause unacceptable change (i.e. impacts) in the 
estuarine biotic communities so that resources can be strategically allocated to address the threats of 
greatest concern (Crain et al., 2009). Incorrectly identifying the cause of an observed impact (i.e. 
misidentifying which threats result in impacts) may have costly implications, both monetary and 
ecologically (e.g. the Peel Harvey estuary, WA; Young & Potter 2003). 

Sampling programs, when implemented correctly, can be used to establish hypothetical causal links 
between observed impacts in a system and the key threats causing those impacts (Underwood, 
1993). Any managerial action taken can then be justified on the basis of scientific evidence 
provided by sampling programs linking impacts to the corresponding threats. A necessary precursor 
for designing sampling programs to detect cumulative impacts is an accurate map of the potential 
threatening processes operating within an estuary (Tulloch et al., 2015). Threat maps allow the 
identification of potentially impacted and relatively undisturbed locations so that comparisons can 
be made between the biotic communities that live in those areas. 

Early threat mapping in estuaries involved a “black box” style approach whereby multiple threats 
were amalgamated into coarse land-use categories (e.g. “urbanised” vs “rural” estuaries - Morrisey 
et al., 2003; “bush” vs “urban” vs “urban with sewer overflows” vs “industry with sewer overflows” 
areas - Courtney et al., 2005). Using these maps, biological assemblages were compared between 
areas assigned to different land-use categories to determine whether a particular land-use type was 
associated with detrimental biological effects. Any conclusions about the specific threats (i.e. within 
a particular land-use category) that might have caused the observed impacts were merely 
speculative though and hence such approaches have had limited application to management. It is 
difficult for managers to take action on “urbanisation” per se as two urban areas might vary 
considerably in the threat compositions (e.g. one urban area could consist mainly of dense 
residential housing while the other might be comprised of commercial and industrial buildings). 
Managers need to have an understanding of the overall “threat matrix” in order to develop focussed 
responses to those threats that lead to defined impacts. 
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Threats around estuaries also vary considerably in distribution (i.e. where different types of threats 
occur), areal extent and intensity. It is conceivable that impacts arising from threats will reflect the 
spatial characteristics of threats to some degree. For example, Washburn and Sanger (2011) 
demonstrated a negative relationship between the percentage of impervious surface cover and 
species richness in intertidal macrobenthic communities. Byrd et al. (2007) found that area of 
farmland in sub-watersheds and proximity of those farmlands to the shoreline significantly 
increased sedimentation in adjacent estuarine saltmarsh habitats. Given that differences in the 
spatial characteristics of threats have the potential to affect each threat’s relative impact in a given 
area of an estuary, threat maps need to be based on quantitative and spatially-explicit measures of 
threats (proximity to estuary, spatial extent, intensity etc.). 

Recently, quantitative approaches to cumulative threat mapping have been developed (Halpern et 
al., 2008b). These approaches have mapped threats using quantitative measures of their spatial 
characteristics (areal extent, density etc.) using remote sensing methods (e.g. Ban and Alder 2008; 
Doubleday et al., 2017). So far, cumulative spatial threat mapping have been used in open-ocean 
and coastal settings including estuaries, but most threat mapping efforts have occurred at global and 
regional scales (e.g. Halpern et al., 2009; Halpern et al., 2011; Merrifield et al. 2011; but see Jones 
et al., 2018). Global and regional assessments are unlikely to be instructive for estuarine managers 
though as management of estuaries is largely applied at the local scale (Selkoe et al., 2008).  

Furthermore, spatial cumulative threat maps have to date been mostly used to model the potential 
cumulative impacts (or risk of impact) of multiple anthropogenic threats in marine and coastal 
environments (e.g. Korpinen et al., 2012; Jones et al., 2018). Despite the well-known utility of 
modelling approaches as a stopgap where logistical constraints prevent detailed empirical studies, 
uncertainty over the linkages between multiple threats and the realised cumulative impacts persists 
(Jones et al., 2018). Well-designed empirical studies based on threat maps are required to provide 
evidence of cumulative impacts from multiple threats in the field. Currently however, no framework 
exists for how to utilise spatial cumulative threat maps to design sampling program for detecting 
anthropogenic impacts in an estuary. 

To address this shortfall, we developed a methodological approach for designing a sampling 
program to detect cumulative human impacts on estuarine communities using a spatial assessment 
of the multiple threats. The specific aims of this study were to (1) to map multiple anthropogenic 
threats at a local scale (i.e. within a single estuary) using a suite of quantitative proxy measures and; 
(2) use the resulting map to select sites for a sampling program to detect the cumulative impacts of 
human activities in an estuary based on an analysis of statistical similarity of each sites threat matrix 
(the results of this sampling program will be presented in a later publication). 

4.2: Materials and Methods 

4.2.1: Mapping land-use patterns around Noosa estuary 

To determine whether the different land-use types (and their associated threats) impact the 
biodiversity in the Noosa estuary, we mapped specific land-use patterns (i.e. threat) across the 
estuary and selected multiple sites belonging to each major land-use category so that the biological 
assemblages could be compared among these categories and also to assemblages in appropriate 
control sites. 

Current geo-referenced, high-resolution aerial imagery of the Noosa River estuary, extending from 
the northern end of Lake Cootharaba (where the Noosa River and Kin Kin Creek enter the system) 
down to the river mouth, was sourced from the Queensland Globe Database (a State Government 
aerial image database viewable through Google Earth as a KML). The imagery for the Noosa 
estuary, including all associated lakes (Lake Cootharaba, Lake Cooroibah, Lake Doonela and Lake 
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Weyba), channels and creeks was converted into shapefiles by tracing the outer boundary of the 
estuary using the “Create Polygon” tool in Google Earth. The shapefile did not include the Noosa 
River north of Lake Cootharaba, nor any of the creeks and streams feeding into the main Noosa 
estuary (Kin Kin Creek, Cooloothin Creek etc.). 

A 1km buffer was created around the outer perimeter of the Noosa estuary shapefile using the 
ArcGIS “Buffer” function. The buffer was broken up into lateral segments (hereafter referred to as 
“patches”). Each patch corresponded to a portion of shoreline approximately 1km in width (a 
distance of 1km was selected on the basis of the types of sampling methods that would be used in 
the waters adjacent to each patch to allow adequate distance between replicate samples). Due to the 
sinuous nature of the Noosa estuary at various points along its length however, the shoreline 
boundary of some patches had to be modified (i.e. made larger or smaller than 1km) so that the 
majority of patches possessed a shoreline boundary roughly 1km in length.  

Since the proximity of different land-use types to the shoreline may affect the magnitude of their 
impact (i.e. threats further from shore have more diffuse impacts spread across a wider area than 
threats closer to shore), another two buffers were created within the larger 1km buffer at 100m and 
500m from the shoreline. This resulted in total of 93 patches around the Noosa estuary, each 
divided into three distinct buffers (0-100m, 0-500m and 0-1km; Fig. 1) for which land-use and 
threats could be mapped and quantified. 

Each patch was then assigned to a particular land-use category. We used four different land-use 
categories (residential, agricultural, canal estates and natural) selected because they were either 
deemed to represent a dominant land-use category covering a vast area of the Noosa catchment or 
because they have previously been shown to present significant and distinct threats to estuarine 
biodiversity in other estuaries around the world. 

To determine how patches would be allocated into each of the land-use categories, the most recent 
Queensland land-use mapping spatial data from the Queensland Land Use Mapping Program 
(QLUMP) were sourced from the Queensland spatial catalogue (last updated in September 2016). 
This dataset comprises an ESRI geo-database consisting of polygon layer files that show the current 
distributions and spatial extents of up to 30 different land-use types across the State (e.g. 
horticulture, plantation forestry, marsh wetland). These 30 land-use types from the QLUMP maps 
were amalgamated into one of the four categories selected in this study (Table 1). The land-use 
shapefiles were then overlaid with the buffer shapefiles in ArcGIS using the “Intersect” function. 

The percent contribution for each of the four land-use categories was estimated within each patch 
for each buffer, by dividing the area covered by each land-use category by the total area of the 
corresponding patch for that buffer. This produced three separate spreadsheets (one for each buffer) 
with the percent contributions of different land-use categories for each patch. Patches were then 
assigned a “main land-use category” based on the dominant land-use type that occurred in that 
patch for each buffer (i.e. the land-use type that contributed more the 50% of the total area). Patches 
where no particular land-use type contributed more than 50% of the total area were assigned to a 
fifth “mixed” land-use category. Several patches spread across the estuary were thus assigned to 
each main land use category. 
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Figure 4.2: Map showing numbered patches and buffer margins used to characterise land-use and 
threat variables around the Noosa estuary. 
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Table 4.1: Allocation of different land-use types into each of the four categories (residential, 
agricultural, canal estates and natural) used to quantify threats to estuarine biotic assemblages in the 
Noosa River system. 
 

Main land-use 
category 

Description QLUMP subcategories 

Agriculture Patches where all forms of 
agriculture (forestry, 
horticulture, grazing etc.) 
combine to contribute over 
50% to the total patch area 

Plantation forestry, production 
forestry, cropping, perennial 
horticulture, seasonal 
horticulture, grazing, irrigated 
cropping, irrigated perennial 
horticulture, irrigated seasonal 
horticulture, intensive 
horticulture, intensive animal 
husbandry 

Canal Estate Patches containing the 
entries to canals or canal 
estates. 

* Even when other land use 
categories make up more 
than 50% of the total patch 
area 

Channel/aquedeuct 

Residential Patches where urban and 
rural residential areas and 
associated services (e.g. 
schools, hospitals, landfills, 
public parks and sporting 
grounds) as well as urban 
commercial and industrial 
areas contribute more than 
50% to the total patch area 

Residential, services, utilities, 
transport and communication, 
waste treatment and disposal, 
manufacturing and industrial 

Natural (Control) Patches where national 
parks, marsh and wetland 
areas that support minimal 
human activities other the 
recreation contribute over 
50% to the total patch area 

Nature conservation, managed 
resource protection, other 
minimal use, marsh/wetland 

 
 

4.2.2: Quantitative measures of human activity 

To further delineate between patches placed in the same main land-use category we developed a 
suite of 14 continuous threat variables that could be mapped and compared between patches to help 
identify those patches that were statistically most similar to one another. Each threat variable was 
created to provide a quantitative proxy for one or more common anthropogenic threats associated 
with the different types of land-use in the Noosa estuary. Quantifying the threats in each patch and 
creating a threat matrix from these data provided a mechanism whereby patches with the same 
assigned land-use category could be differentiated between. The localized measures of threats used 
in this study were as follows: 
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4.2.2.1: Riverine input 

Streams and creeks flowing into estuaries deliver large quantities of freshwater, sediment, nutrient 
and pollutants from the surrounding catchments and even areas further upstream. The threat posed 
by these water bodies is increased during rainfall events. To account for the potential effects of 
these freshwater bodies and their associated inputs, the surface area of streams, creeks and rivers 
flowing into each patch was calculated and standardized by the area of each patch. 

4.2.2.2: Pollution from housing 

Residential housing in the catchments surrounding an estuary present a threat to estuarine 
biodiversity through contributions to pollution and urban runoff. Each house may be considered as a 
point source of pollution, by generating a unique cocktail of lawn fertilizer, septic tank waste, roof 
corrosion and other urban wastes, all delivered to the estuary as runoff. The density of dwellings 
was used as a measure of this threat. Each house in the Noosa catchment was assigned a placemark 
in Google Earth. The density of dwellings (i.e. placemarks) was then calculated for each patch by 
dividing the number of placemarks by the total area covered by the patch. 

4.2.2.3: Commercial and industrial pollution 

Some residential areas in Noosa abut large commercial or industrial districts. These commercial and 
industrial areas may contribute unique types and amounts of industrial waste compared with the 
surrounding residential areas. To account for the potential threats of commercial and industrial areas 
the area of commercial and industrial districts was calculated as a percentage of the total patch area. 

4.2.2.4: Parks and recreational areas 

Public parks and recreational areas (golf courses etc.) are a prominent feature of the foreshore 
around Lake Weyba and the lower Noosa River. These areas are typically irrigated and treated 
regularly with fertilizers and herbicides that when flushed into estuaries may increase algal blooms 
or alter estuarine food webs. To account for the threat posed by such areas, the contribution of 
public parks, sports fields, golf courses and other public recreational areas was calculated as a 
percentage of the area of each patch. 

4.2.2.5: Area of farmland 

Agricultural areas introduce sediments and nutrients to waterways by way of clearing and fertilizer 
use (respectively). To account for the threat posed by agricultural activities, the area of agricultural 
land in each patch was measured as a percentage of the area of each patch. 

4.2.2.6: Impervious surface cover and patchiness 

Some areas of Noosa that were primarily residential included a number of large commercial areas 
or resorts that greatly increased the area of impervious surface (driveways, buildings, parking lots 
etc.). Impervious surfaces increase the volume and flow rate of runoff entering an estuary. To 
quantify this variation in imperviousness across the estuary, the average impervious cover per patch 
was calculated by laying a 50x50m grid (with intervals every 10m) at 15 random locations in each 
patch. The allocation of these grids according to buffers was as follows: 

• 3 grids in the 0-100m buffer;  
• 6 grids in between 100-500m in each patch and; 
• 6 grids in between 500m and 1000m in each patch 
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The number of cells in each grid that overlapped with impervious surface was counted and this 
number was divided by the total number of cells per grid. Impervious cover was averaged for all 
grids in the same patch for each buffer. The standard error was also calculated and used as an index 
of patchiness in impervious surface for each patch. 

4.2.2.7: Forest cover and patchiness 

Some areas currently contained in the Noosa parks have previously been cleared to varying degrees 
for forestry or agriculture. Although these areas are no longer in production the absence of remnant 
and dense vegetation in these areas may significantly alter the rates of runoff and sediment erosion. 
Forest cover was therefor calculated applying the same grids used for impervious cover 
calculations. Only cells that intersected tree canopy were counted. 

4.2.2.8: Runoff from roads 

Roads deliver hydrocarbons and heavy metal to estuaries and also increase impervious surface 
cover. The potential threat due to the extent of roads in each patch was calculated by creating 
polyline shapefiles for every road with a 1km radius of the estuary perimeter. The density of roads 
per patch was then calculated by dividing the total length of road in each patch by the total patch 
area.  

4.2.2.9: Stormwater drainage 

Stormwater infrastructure collects diffuse urban runoff and discharges it into an estuary at specific 
outlets. Stormwater drains can be considered as concentrated point sources for urban and 
commercial (non-prohibited) runoff that may be laced with chemical, hydrocarbons, heavy metals 
and other pollutants. To account for this threat, stormwater infrastructure information was sourced 
from Noosa Council, providing data on the number and locations of stormwater infrastructure (e.g. 
culverts, outlets and channels) in the Noosa catchment. We identified stormwater outlets that 
drained directly into estuarine waters or into the marsh/riparian vegetation bounding the Noosa 
estuary. We then calculated the density of stormwater outlets in each patch by dividing the number 
of outlets by the total length of the shoreline for that patch (remember that these shoreline lengths 
varied slightly from patch to patch).  

4.2.2.10: Jetties and boat ramps 

As a measure of potential recreational boating and shoreline fishing activity, the locations, numbers 
and area covered by boat ramps, jetties, and marinas were mapped in Google Earth. Placemarks 
were assigned to each boat ramp, and jetty, and polygons were created to depict the area covered by 
marinas. The density of jetties or boat ramps per patch was calculated by dividing the total area 
covered by these features by the length of shoreline. 

4.2.2.11: Shoreline armoring 

Shoreline armouring in the form of sea walls and groynes have been installed at various locations in 
the lower Noosa estuary to prevent ongoing beach erosion. This armouring poses a threat to 
biodiversity through alterations to flow and sediment dynamics. The structures may also act as 
havens for invasive species or a food subsidy for local food-webs. This threat was quantified by 
calculating the proportion of the patch shoreline length that had been modified with groynes, sea 
walls or bund walls. 
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4.2.2.12: Canal estates 

Canal estates in the Noosa estuary vary in their size and the number of houses within them. Canal 
estates pose a threat to biodiversity through pollution, particularly boat-related pollution as many 
houses in a canal estate bear jetties and boat ramps. The threat posed by canal estates was quantified 
by calculating the percentage of the total patch area covered by canals. 

4.2.3: Statistical procedures for classifying patch based on threat matrix 

To account for the variation the environmental conditions between patches that would likely occur 
as a function of each patch’s position in the estuary (e.g. distance from river mouth, channel vs 
lake), all patches were grouped into one of five estuarine regions (Lake Cootharaba, Lake 
Cooroibah, Lake Weyba, Noosa River below Cooroibah including Weyba Creek, Noosa River in 
between Lake Cooroibah and Lake Cootharaba) and the data on the spatial extent of each of the 
threats was analysed separately for patches within each of these regions. Analyses were done 
separately for each region using the threat data for each of the buffers (100m, 500m and 1km). 

Patches were sorted into groups using an unconstrained hierarchical binary divisive clustering 
procedure (UNCTREE) based on a Euclidean distance matrix created from normalized threat data 
matrix. A Similarity Profiles procedure (SIMPROF) was then used to determine statistically that 
clusters of patches were genuine groupings and not due to simple seriation of the patches. 

4.2.4: Final sample site selection 

The clustering analysis yielded a number of statistically distinct groups in each land-use category 
for each region of the Noosa estuary. There were not always enough replicate patches in each main 
land-use category in each region however to be able to compare all land-use types in all regions of 
the Noosa estuary. For instance, in Lake Cootharaba there were only two replicate “residential” 
patches and only one “agricultural” patch; “canal” patches only occurred in the lower river channel 
region of the estuary and not in any of the lakes. We therefor selected a total of 21 patches spread 
across 3 regions of the Noosa estuary to sample. The selection of patches would allow comparisons 
to be drawn between assemblages. The breakdown of patches is given below: 

1. Lake Weyba region: 3 residential patches and 3 natural patches 

2. Lower River region: 3 canal patches, 3 residential patches and 3 natural (control) patches 

3. Lake Cootharaba region: 3 natural patches (high river/creek input, patchy broken forest 
cover) and 3 natural patches (low – no rivers/creeks, consistent dense forest cover) 

As much as possible, patches selected for sampling from each of the different groups were 
interspersed among the groups to avoid spatial confounding (e.g. all of the sites from one group 
occurring upstream while sites for another group occur downstream).  

Macrobenthic assemblage sampling design 

To compare biotic assemblages between estuarine waters adjacent to patches of different land-use 
types, subtidal macrobenthic communities were sampled between March 27th and April 10th 2018. 
Samples were collected from three 10x10m plots close to shore (0-30m) as well as three plots far 
from shore (80-110m). Plot locations were randomly selected and each plot was placed at least 
100m away from every other plot for a particular patch (Figure 2). Three replicate infaunal core 
samples were taken haphazardly in each plot. In shallow plots (<1.5m), this involved the plunging 
of a coring device (diameter = 15cm) into the substrate to a depth of 15cm. A vacuum seal was then 
created by closing a valve above the water connected to the corer via a long cast iron pipe. The 
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coring device was then excavated and brought to the surface where its contents were emptied into a 
sample jar and fixed in a 10% buffered formalin solution. For deeper plots (>1.5m) that could not 
be sampled with the corer, a Smith and MacIntyre Grab sampler will be used. This has not been 
undertaken yet. 

 

 

Figure 4.3: Plot locations of patches sampled in Lake Weyba. Residential patches marked with red 
squares and Control patches marked with green circles. Purple bars show sampling bands at 0-30 
and 80-110m respectively while crosses depict locations of sample sites 
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4.3. Results 

4.3.1. Lake Weyba 

4.3.1.1. Lake Weyba – Main Activities and Breakdown of Patches 

The shoreline around Lake Weyba was divided into 13 patches (Figure 4.3). Only one patch was 
consistently assigned to the residential activity category for the all three buffers in the Lake Weyba 
region (Patch 6). Three patches were placed in the residential activity category at the 1 km buffer 
reflecting the fact that most of the residential development in these patches occurs away from the 
shoreline. All three residential patches in the 1 km buffer (average area = 1.15 x 106 m ± 1.27 x 105 

m) were isolated from each other and were spread around Lake Weyba with contiguous blocks of 
natural patches in between them (average area = 2.72 x 106 m ± 9.59 x 105 m). 

 

 

Figure 4.3: Map of the Lake Weyba region showing patch activity breakdown for the 1km buffer 
 

4.3.1.2. Lake Weyba – Clustering Results 

Since there was neither shoreline armoring nor canal estate development in any of the Lake Weyba 
patches, these two threat variables were excluded from the final clustering analyses. Four 
statistically distinct clusters (henceforth threat networks) were identified from the clustering 
analysis of the 100 m threat matrix for the Weyba region (Figure 4.4a). Patch 6 was the most 
dissimilar from all other patches and was placed in its own threat network (threat network A; Figure 
4.4a). This patch had greater proportions of golf courses and parks (39.74%), greater density of 
dwellings (1.77 dwellings / Ha) and greater percentages of impervious surfaces (20.37%) than all 
other patches combined. Patch 18 was also statistically dissimilar from all other patches and the 
next patch, after patch 6, to be separated from all other patches in the Lake Weyba region for the 
100 m buffer (B% = 84%). Once again, patch 18 was placed in a threat network without any other 
patches (threat network B; Figure 4.4a). Patch 18 had the greatest proportion of commercial and 



 67 

industrial area and greatest degree of forest patchiness compared with all other patches in the 
region. Threat network C was characterized by patches perturbed predominantly by agriculture 
(patches 15 and 16). Patch 15 (a “mixed” category patch) and patch 16 (a “natural” patch) that were 
assigned to this network had proportions of farmland accounting for 13.75% and 20.43% of the 
total area in those patches respectively (two orders of magnitude higher than any other patches for 
the 100 m buffer). Threat network D consisted of all remaining patches. This network consisted 
entirely of natural patches with low measures of anthropogenic threat. All patches in this network 
possessed no dwellings, no roads and no impervious surfaces.  

Two threat networks resulted from the clustering analysis of the 500 m threat matrix (Figure 4.4b) 
and the 1 km threat matrix (Figure 4.4c). On both occasions Patch 6 was the only patch to be 
separated from all other patches. No group structure was statistically supported between the 
remaining patches in either the 500 m or the 1 km buffer. 

4.3.1.3. Lake Weyba - PCA and Spearman rank correlation results  

The greatest contributing threat variables to differences among patches were generally conserved 
between buffers for the Lake Weyba region, particularly in the 500 m and 1 km buffers. Pairwise 
Spearman Rank correlations between threat eigenvector matrices for each buffer showed that the 
rank order of threat variable contributions were highly correlated between all buffers for the first PC 
axis and threat variable rank orders were highly correlated between the 500 m and 1 km (but not the 
100 m and 1 km) buffers for the second PC axis (RS > 0.60; Table 4.2). 

 

Table 4.2: Pairwise Spearman Rank correlations between PC1, PC2 and PC3 for 100 m, 500 m and 
1 km buffers in the Lake Weyba region based on threat variable eigenvector coefficients derived 
from PCAs of normalized threat data for each of these buffers. 
 

  Spearman Rank Correlations 
  100 m - 500 m 100 m - 1 km 500 m - 1 km 
PC1  0.71 0.78 0.67 
PC2  -0.21 0.36 0.60 
PC3  0.15 0.51 0.50 

 

79.5% of the total variation in the threat composition of patches in the 100 m buffer was explained 
by the first three PC axes in the principal component analysis of the normalized threat matrix. The 
first principal component axis only explained 36.3% of the variation between patches. Dwelling 
density, imperviousness, and impervious patchiness were the greatest contributing variables to PC1 
and were all positively correlated with this axis (eigenvector coefficients = 0.440, 0.436, 0.434 
respectively). PC2 contributed a further 24.7% to the total explained variation between patches 
while PC3 contributed 18.4% of the explained variation. Proportion farmland and jetty density were 
the greatest contributing variables to PC3 (eigenvector coefficients = 0.568 and 0.514 respectively)  
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Figure 4.4: Dendograms of patches in Lake Weyba based on unconstrained binary divisive 
clustering of normalized threat matrix for (a) 100 m, (b) 500 m and (c) 1 km buffers. Solid lines 
indicate group structure supported by SIMPROF test. Symbols depict main activity of each patch. 
The y axis scale (B%) is the average of the between-group rank dissimilarities, using the original 
ranks from the threat Euclidean distance matrix, scaled to take the value 100% if the first split is a 
perfect division (i.e. R=1). 
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76% of the total variation between patches for the 500 m buffer was explained by the first three PC 
axes in the principal component analysis of the patch threat matrix. The first principal component 
axes explained 42.8% of the variation between patches. Impervious patchiness and dwelling 
density, imperviousness, road density and proportion of park and recreational areas were the 
greatest contributing threat variables to this axis (eigenvector coefficients = 0.433, 0.430, 0.426, 
0.399, and 0.385 respectively). PC2 contributed a further 18.9% to the total explained variation 
between patches for the 500 m buffer. Proportion of commercial and industrial areas, stormwater 
outlet density and forest patchiness were the greatest contributing variables to variation across PC2 
(eigenvector coefficients = 0.539, 0.442 and 0.399 respectively). PC3 added an additional 14.3% to 
the total explained variation between patches. As with the 100 m buffer, proportion farmland and 
jetty density were the greatest contributing variable (eigenvector coefficients = 0.568 and 0.514 
respectively). 

78.6% of the total variation between patches in the 1 km buffer was explained by the first three PC 
axes in the principal component analysis. The first principal component explained 48.9% of the 
variation between patches. Threat variables associated with urban development (e.g. 
imperviousness, impervious patchiness, stormwater outlet density, dwelling density and road 
density) were the greatest contributing variables to variation among patches along PC1 and were all 
positively correlated with this axis (eigenvector coefficients = 0.402, 0.402, 0.399, 0.395 and 0.395 
respectively). PC2 and PC3 each contributed 18% and 11.5 % to the total explained variation 
between patches respectively. Proportion of farmlands and jetty density were the greatest 
contributing threat variables to PC2 (eigenvector coefficients = -0.522 and -0.475) while forest 
patchiness, jetty density, forest cover and proportion farmlands were the greatest contributing 
variables to PC3 (Eigenvector coefficients = -0.554, 0.492, 0.442, 0.426 respectively). 

For all three PCA ordinations residential and mixed activity patches were typically separated from 
all other patches along PC1 (Figure 4.5 A, B and C) indicating the importance of threats linked to 
urban development (imperviousness, road density dwelling density) in distinguishing between 
residential and natural activity patches and between patches within the residential activity category. 
Natural patches were separated chiefly along PC2 (Figure 4.5 A, B and C) indicating the 
importance of threats linked to clearing (e.g. forest cover and forest density) in separating relatively 
undisturbed natural patches from moderately perturbed natural patches (e.g. patches 15, 16 and 18). 

4.3.1.4. Lake Weyba – Dispersion Results 

As the 1 km buffer was the only buffer for which at least three patches were assigned to two 
different activity categories (i.e. residential and natural), homogeneity of dispersions between 
patches in the same activity category could only be tested for this buffer. Average dispersion 
between patches was not significantly different for residential patches compared to natural patches 
(P=0.43).  

4.3.2. Main Noosa River Channel 

4.3.2.1. Noosa River - Main Activity Breakdown of Patches 

The shoreline of the Lower Noosa River region was divided into 23 patches. For both the 100 m 
buffer and the 500 m, there were a total of 4 canal estate patches, 20 natural patches and 4 
residential patches (19, 21, 23 and 29). The activity breakdown of patches in the Lower Noosa 
River region changed markedly between the 500 m buffer and the 1 km buffer as the number of 
residential patches increased to 10 patches. These 10 patches occurred in 6 contiguous blocks 
(average area = 1.41 x 107 ± 5.71 x 105m) located predominantly on the southern banks of the river 
(Figure 4.6).  
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Figure 4.5: Two dimensional ordination of patches in the Lake Weyba region based on Principal 
Components Analysis of the normalized patch threat matrix for three successive buffers extending 
outwards from the shoreline; (A) 100 m, (B) 500 m and (C) 1 km respectively. Key threat variables 
contributing to variation among patches (R>0.4) displayed as vector overlay with vector line 
lengths proportional to corresponding eigenvector coefficients. 
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Figure 4.6: Map of the Main Noosa River region showing patch activity breakdown for the 1 km 
buffer. 
 

4.3.2.2. Noosa River – Clustering Analyses 

Clustering analyses of the patches in the Lower Noosa River region based on 13 threat variables 
(proportion of farmlands was excluded from the final analysis as no farmlands occurred in any of 
the patches in the lower Noosa River region) identified 4 statistically distinct threat networks at the 
100 m buffer (Figure 4.7A). Patches assigned to canal estate and residential main activity blocks 
were generally the most dissimilar from all other patches and the first to be separated from other 
patches. The first threat network (threat network A) comprised two canal estate patches (patches 2 
and 24) and two residential patches (patches 29 and 23). The patches in the threat network A were 
distinguished from the patches in networks B, C and D by having higher proportions of canals and 
public parks in the first 100 m from the shoreline and higher densities of jetties along their 
shorelines than any other patches. Threat network B comprised the 2 remaining canal patches. The 
patches were characterized by high values for threat variables associated with urban sprawl 
(dwelling density, imperviousness stormwater outlets etc.) and heavily modified shorelines 
(shoreline armoring, proportion of canal estates, jetty density etc.).  

 Clustering analysis of the 500 m threat matrix for the Lower Noosa River region identified 3 threat 
networks (Figure 4.7B). Similar to the 100 m clustering analysis, canal estate patches were among 
the first to be separated from all other patches followed by residential patches, while natural patches 
had lower dissimilarity rankings and were generally grouped together in later divisions. Threat 
network A in the 500 m analysis consisted of the same patches as threat network A for the 100 m 
clustering analysis (canal estate patches 2 and 22 and residential patches 23 and 39) with the 
addition of one additional canal estate patch (patch 1). Threat network B consisted of one canal 
patch and 1 residential patch along with 8 natural patches (patches 3, 4, 5, 20, 21, 26 28 and 30). 
Apart from patch 4, all of the natural patches in Network B of the 500 m clustering analyses are 
designated residential patches for the 1 km buffer and at 500 m already display some measure of 
residential activity. 

Four threat networks were identified in the Lower Noosa River region for the 1 km buffer (Figure 
4.7C). Threat network A comprised a residential patch and a canal patch. Both patches had higher 
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percentages of canal estate developments within 1 km of the shore and higher jetty densities along 
the shore than all other patches. The high canal estate areal percentage in the residential patch 
(patch 23) however is likely an artifact of a canal estate that actually discharges into an adjacent 
patch (patch 24) but extends into patch 23 between the 500 m and 1 km buffers. Threat network B 
comprised the remaining 3 canal estate patches with four residential patches and one mixed activity 
category patch. Threat network C contained all 5 remaining residential patches and one natural 
patch (patch 4).  All but one natural patch were grouped together in the same threat network for the 
1 km buffer. Patch 4 was consistently grouped with residential patches in all three buffers indicating 
that this patch is more perturbed by human activities than other natural patches in the Lower Noosa 
River region. Indeed, this patch had lower percentages of forest cover and higher densities of 
dwellings, roads and jetties than other natural patches. 

4.3.2.3. Noosa River – PCA and Spearman Rank Correlation Results 

The greatest contributing threat variables to differences among patches were generally conserved 
between the 100 m and 500 m buffers for the Lower Noosa River region. Pairwise Spearman Rank 
correlations between threat eigenvector matrices for each buffer showed that the ranks of threat 
variable contributions were highly correlated between all buffers for the first PC axis and threat 
variable ranks were highly correlated between the 100 m and 500 m buffers for the second PC axes 
(RS > 0.60; Table 4.3). 

 

Table 4.3: Pairwise Spearman Rank correlations between PC1, PC2 and PC3 for 100 m, 500 m and 
1 km buffers in the Lower Noosa River region based on threat variable eigenvector coefficients 
derived from PCAs of normalized threat data for each of these buffers.   

  Spearman Rank Correlations 
  100 m - 500 m 100 m - 1 km 500 m - 1 km 
PC1  0.63 0.80 0.86 
PC2  0.72 0.35 0.45 
PC3  0.59 0.15 0.03 

 

75.8% of the total variation in the threat composition of patches in the 100 m buffer was explained 
by the first three PC axes in the principal component analysis of the normalized threat matrix. The 
first principal component axis explained 48.6% of the variation between patches. Shoreline 
armoring, stormwater density and imperviousness were the greatest contributing variables to 
variation PC1 and were all negatively correlated with this axis (eigenvector coefficients = -0.402, -
0.358, -0.350 respectively). PC2 contributed a further 16.7% to the total explained variation. 
Proportion canal estates, jetty density and proportion of parks were the greatest contributing 
variables to PC2 (eigenvector coefficients = 0.544 and -0.507 respectively). Finally, PC3 
contributed 10.6% of the explained variation between patches for the 100 m buffer. Imperviousness, 
dwelling density and road density were the greatest contributing variables (eigenvector coefficients 
= 0.462, 0.436, 0.415 respectively)   

78.1% of the total variation between patches for the 500 m buffer was explained by the first three 
PC axes in the principal component analysis with each axis contributing over 10% to the total 
explained variation. The first principal component axis (PC1; 47.7% total variation explained) 
largely accounted for variation between patches associated with shoreline armoring, 
imperviousness, stormwater outlet density and road density (eigenvector coefficients = -0.389, -
0.384, -0.372, and 0.352 respectively). PC2 contributed a further 16.4% to the total explained 
variation between patches for the 500 m buffer. Proportion of canal estates and shoreline armoring 
were the greatest contributing variables to variation across PC2 (eigenvector coefficients = -0.618 
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and -0.503 respectively). PC3 added an additional 14.1% to the total explained variation between 
patches with most of this variation attributable to differences in the density of jetties on the 
shorelines of patches (eigenvector coefficient = 0.785).  

75.5% of the total variation between patches in the 1 km buffer was explained by the first three PC 
axes in the principal component analysis. PC1 explained 45.2% of the variation between patches 
with imperviousness, proportion of canal estates, roads, shoreline armoring and dwelling density all 
highly negatively correlated with this axis (eigenvector coefficients = -0.383, -0.374, -0.353, -0.351 
and -0.340 respectively). PC2 and PC3 each made roughly equal contributions to the remaining 
explained total variation between patches (15.7% and 14.6 % respectively). Jetty density was the 
greatest contributing threat variable to PC2 (eigenvector coefficient = -0.733) while stormwater 
outlet density and shoreline armoring were the greatest contributing variables to PC3 (eigenvector 
coefficients = 0.693 and 0.515 respectively).  

Canal patches and natural patches were most dissimilar from each other of all activity categories. 
Patches from these two categories can be seen clearly grouped together in the PCA ordinations for 
all three buffers with no overlap between patches assigned to these two activity categories (Figure 
4.8). Residential patches however showed some degree of overlap with both natural patches and 
canal estate patches in the PCA threat ordinations for all three buffers (Figure 4.8). 

4.3.2.4. Noosa River - dispersion among main activities 

There was a significant difference in the dispersion of patches assigned to different main activity 
groups for all 3 buffers (P100 m = 0.001; P500 m = 0.017; P1 km = 0.003), with significantly and 
consistently greater dispersion among residential and canal patches than among natural patches. 
This effect can be clearly seen in the PCA ordinations of the patches for all 3 buffers (Figure 4.8). 
The dispersion between patches in the same activity category did not change significantly among 
the buffers though. 
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Figure 4.7: Dendograms of patches in the Lower Noosa River region based on unconstrained 
binary divisive clustering of normalized threat matrix for (A) 100 m, (B) 500 m and (C) 1 km 
buffers. Solid lines indicate group structure supported by SIMPROF test. Symbols depict main 
activity of each patch. The y axis scale (B%) is the average of the between-group rank 
dissimilarities, using the original ranks from the threat Euclidean distance matrix, scaled to take the 
value 100% if the first split is a perfect division (i.e. R=1). 
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Figure 4.8: Two dimensional ordination of patches in the Lower Noosa River region based on 
principal components analysis of the normalized patch threat matrix for three successive buffers (A) 
100 m;  (B) 500 m and (C) 1 km. Key threat variables contributing to variation among patches 
(R>0.4) displayed as vector overlay with vector line lengths proportional to corresponding 
eigenvector coefficients. 
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4.3.3. Lake Cootharaba 

4.3.3.1. Lake Cootharaba - Main Activity Breakdown of Patches 

The shoreline of the Lake Cootharaba region was divided between 23 patches (Figure 4.9). Only 
one patch (patch 50) overlapped the main settlement in the Lake Cootharaba region (Boreen Point) 
and was assigned to the “residential” activity category. Patch 50 held the “residential” category 
designation for all three buffers. Most remaining patches were assigned to the “natural” activity 
category for all three buffers despite the high proportion of farmlands in this region compared to all 
other regions. Farmlands largely occurred outside of the 500 m and even the 1 km buffer zones 
though. As evidence of this, two patches (52 and 51) were categorized as “natural” in the 100 m and 
500 m buffers and as “agriculture” or “mixed” in the 1 km buffer. 

 

 

Figure 4.9: Activity breakdown of patches in the Lake Cootharaba region. Patch activities for the 1 
km buffer shown. 
 

4.3.3.2. Lake Cootharaba – Clustering Results 

The number of threat networks resolved in Lake Cootharaba varied depending on the buffer used in 
the clustering analysis. 6 threat networks were found in the 100 m buffer, 2 threat networks in the 
500 m buffer and 3 threat networks in the 1 km buffer (Figure 4.10A, B and C respectively). For all 
three buffers, the first threat network always contained patches 50, 58 and 60 with patch 49 
included in the network for the 500 m and 1 km buffers. For all three buffers, significant 
substructure occurred between all patches placed in the first threat network. 
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Figure 4.10: Dendograms of patches in the Lake Cootharaba region based on unconstrained binary 
divisive clustering of normalized threat matrix for (A) 100 m, (B) 500 m and (C) 1 km buffers. 
Solid lines indicate group structure supported by SIMPROF test. Symbols depict main activity of 
each patch. The y axis scale (B%) is the average of the between-group rank dissimilarities, using the 
original ranks from the threat Euclidean distance matrix, scaled to take the value 100% if the first 
split is a perfect division (i.e. R=1)  
 

4.3.3.3. Lake Cootharaba – PCA and Spearman rank correlation results  

Pairwise Spearman rank correlations between threat eigenvector coefficient matrices for each buffer 
showed that the ranks of threat variables separating patches were highly correlated between all 
buffers for the first PC axis with the highest correlation occurring between the 100 m buffer and the 
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1 km buffer (RS = 0.97). Threat variable ranks were highly correlated between the 500 m and 1 km 
(but not the 100 m and 1 km) buffers for the second PC axis (RS = 0.88; Table 4.4).  

80.3% of the total variation in the threat composition of patches in the 100 m buffer was explained 
by the first two PC axes in the principal component analysis of the normalized threat matrix. PC1 
explained 62.4% of the variation between patches. Dwelling density, stormwater outlet density, 
imperviousness, impervious patchiness, shoreline armoring and road density were the greatest 
contributing variables to PC1 (eigenvector coefficients = 0.398, 0.397, 0.397, 0.397, 0.396 and 
0.390 respectively). PC2 contributed a further 18.0% to the total explained variation between 
patches where forest patchiness and forest cover were the greatest contributing variables to PC3 
(eigenvector coefficients = -0.683 and 0.621 respectively)  

 

Table 4.4: Pairwise Spearman Rank correlations between PC1, PC2 and PC3 for 100 m, 500 m and 
1 km buffers in the Lake Cootharaba region based on threat variable eigenvector coefficients 
derived from PCAs of normalized threat data for each of these buffers. 

  Spearman Rank Correlations 
  100 m - 500 m 100 m - 1 km 500 m - 1 km 
PC1  0.78 0.97 0.80 
PC2  0.47 0.52 0.88 

 

76.5% of the total variation between patches for the 500 m buffer was explained by the first three 
PC axes. PC1 explained more than half (50.8%) of the variation between patches and similar to the 
PCA for the 100 m threat matrix in Lake Cootharaba, dwelling density, imperviousness, shoreline 
armoring, stormwater density, impervious continuity and road density were the greatest contributing 
threat variables to variation among patches along this axis (eigenvector coefficients = 0.402, 0.402, 
0.401, 0.401, 0.399 and 0.383 respectively). PC2 contributed a further 16.7% to the total explained 
variation between patches for the 500 m buffer. As with the PCA at for the 100 m data, Forest 
patchiness and forest cover contributed most to variation among patches along this axis 
(eigenvector coefficients = -0.636 and 0.595 respectively). PC3 added an additional 9.0% to the 
total explained variation between patches where proportion of farmland and proportion of parks 
were the greatest contributing variables (eigenvector coefficients of -0.725 and 0.655 respectively). 

77.3% of the total variation between patches in the 1 km buffer was explained by the first three PC 
axes. PC1 again explained over half (50.1%) of the variation between patches. Imperviousness, 
impervious patchiness, stormwater outlet density, dwelling density and road density, were the 
greatest contributing variables to PC1 and were all positively correlated with this axis (eigenvector 
coefficients = 0.402, 0.402, 0.399, 0.395 and 0.395 respectively). PC2 and PC3 each contributed 
17% and 9.7  % to the total explained variation between patches respectively. Forest cover and 
forest patchiness were the greatest contributing threat variables to PC2 (eigenvector coefficients = -
0.638 and -0.611) while proportion of farmland and jetty density were the greatest contributing 
variable to PC3 (eigenvector coefficients = -0.676 and 0.580 respectively). 
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Figure 4.11: Two dimensional ordination of patches in the main Noosa River region based on 
principal components analysis of the normalized patch threat matrix for three successive buffers (A) 
100 m; and (B) 500 m. Key threat variables contributing to variation among patches (R>0.4) 
displayed as vector overlay with vector line lengths proportional to corresponding eigenvector 
coefficients. 
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Chapter 5: Historical Analysis of Benthic Data – 1998 vs 2018 

5.1: Preamble 

There is an urgent need to develop suitable rapid techniques for assessing the effects of declining 
water quality on biota in Australian estuaries in response to increasing interest by local community 
groups, catchment management organisations and local and state government agencies in the 
monitoring of the health of aquatic systems. While extensive work has been done on developing 
suitable tools for freshwater systems, drawing on successful programmes overseas, there has been 
little work done in this area for estuarine systems. The majority of Australia’s large cities and other 
population centres are located on coastal estuaries and these waterways are subjected to numerous 
forms of pollution from urban, agricultural and industrial sources. 

Rapid assessment techniques are intended to provide a quick and cost-effective approach to 
detecting the effects of declining water quality on the resident plants and animals without the need 
for expensive and complicated sampling designs (such as the well known BACI – Before After 
Control Impact – approach to impact assessment). Application of these detailed sampling designs, 
based on current ecological best practice, is often expensive and time consuming.  Furthermore, it is 
often not possible to obtain any data before the onset of an environmental impact and only limited 
data through time once the impact has happened. Rapid assessment techniques, once developed and 
validated, are meant as an alternative to the need for extensive and expensive sampling of multiple 
reference (control) areas in addition to the potentially impacted area over an extended time period. 
It is imperative though that any techniques to be used as proxies for the more detailed sampling 
designs must meet appropriate standards of scientific rigour and quality with respect to the variables 
which are monitored, the way the data are collected and analysed and the conclusions which are 
drawn from the analyses. Without such rigour, no reliability can be placed in the outcomes of 
monitoring programmes. As a minimum requirement, rapid assessment technique must be able to 
distinguish between natural changes and fluctuations in the populations and assemblages being 
studies and changes which are caused by pollutants. 

Early programmes for detecting pollution in estuarine systems relied on the chemical analysis of 
various contaminants in the water and/or the sediments. This focus was often driven by the 
inclusion in legislation of allowable concentrations of these pollutants in the environment.  The 
inherent limitations of chemical monitoring (primarily that the results often do not relate to any of 
the biological measures of interest) led eventually to a shift towards the widespread use of 
biological monitoring. The value of biological monitoring lies in the fact that it may provide 
information on issues that are of concern to both the public and scientific communities:   for 
example, the loss of biodiversity, declining abundances of fisheries species, or increasing toxic load 
in edible species. 

In biological monitoring, a range of different indicators may be used to detect the effects of 
chemical inputs to the system. These indicators include detailed biochemical and molecular 
bioassays, generally unsuitable for use outside of scientific and technical laboratories, to surveys 
examining populations or entire communities. It is this latter approach, ecological surveys of plants 
and animals in the estuarine systems, that has proved to be of most interest to local community 
groups. Studies which document declining diversity of organisms, or changes in the distribution and 
abundance of specific plants and animals, are potentially appealing because they focus on issues 
which are of interest to the public. 

Benthic macrofauna, the animals living in or on the sediment, are considered to be a suitable group 
of organisms for monitoring the effects of pollutants in aquatic systems. These animals are 
relatively non-mobile (compared with, for example, fish) and therefore may provide information on 
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the local effects of pollutants. It is also relatively easy to sample these assemblages quantitatively, 
providing reliable estimates of abundance and diversity at different spatial and temporal scales. In 
the northern hemisphere, especially Europe and North America, the taxonomy of the macrofauna is 
well know and there are easily available guides and keys to many areas.  There is also an extensive 
research literature available on the effects of different types of pollutants on the animals in these 
communities. These last two points are, however, generally not applicable in Australia.  There are 
few guides and keys available for the identification of macrofauna from different regions and 
reliable identification of animals to species level requires help from taxonomic experts, usually 
based in Museums. There have been few detailed studies done on the specific effects of pollutants 
on the local, native fauna in the field. 

Rapid assessment schemes based on macroinvertebrates have been developed for other systems, 
especially overseas. One of the best known and well-documented schemes is the RIVPACS (River 
Invertebrate Prediction and Classification Scheme) procedure developed in the United Kingdom as 
a method for assessing the health of freshwater rivers. The basis for the RIVPACS model lies in the 
relationships between the community composition of riverine macroinvertebrates and the physico-
chemical conditions which are found in the systems. The development of the RIVPACS model was 
based around the extensive classification of unpolluted (with respect to chemical pollution) running 
water sites based around the macroinvertebrate fauna and the determination of whether the fauna at 
any site could be predicted from the associated physico-chemical data. Once this predictive model 
was developed it was then possible to then generate a list of expected fauna for a site against which 
the observed fauna could be compared to determine the biological quality of the site.  Development 
of the RIVPACS scheme took many years and involved surveys over the entire United Kingdom, 
but it has proved to be an extremely useful tool for the managers charged with looking after the 
health of the riverine systems. 

A feature of all of the successful schemes is that they have been extensively tested and validated 
before being implemented as part of general monitoring programmes. At all times, selection of sites 
of "high biological quality" was critical to the concept of developing a prediction system which 
could then be used elsewhere. Similar schemes have also taken the approach that it is essential to 
develop any methodology in systems which are relatively unimpacted by anthropogenic activities 
before attempting to apply them to disturbed systems. Another component of these schemes has 
been the testing of whether identification of fauna was necessary to the species level, or whether use 
of higher taxonomic levels, such as the family level, still provided the necessary information for a 
successful predictive scheme. 

In 1998, under contract to Queensland EPA, one of us (GA Skilleter) designed and implemented a 
study to investigate the utility of RIVPACS-type schemes in Queensland estuaries. For that study, 
two subtropical estuarine systems in South-East Queensland were sampled, the Noosa River and 
Baffle Creek. Both were considered to be relatively pristine with respect to chemical pollutants. 
Information on the types and numbers of species found in the sediments along a gradient from the 
mouth to the upper estuary was obtained in both systems. An extensive set of environmental 
(physico-chemical) variables were also measured at each place a sample for examination of animals 
was collected. These combined data were used to describe the patterns of spatial and temporal 
variation of the benthic macrofauna and also to determine whether there was any basis for 
proceeding with the development of a predictive model based on the relationships between 
environmental variables and the distribution of macrofaunal species. 
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We took advantage of this historical sampling in the Noosa River estuary and repeated this 
sampling in 2018, using identical methods and gear types, in the same places, that had been 
examined in 1998. This provided us with a 20 year comparison of the status of the benthic systems 
in the Noosa River. 

 

5.2: Introduction 

Globally, and within the drier continents in particular, estuaries are particularly vital not only for 
their biological distinctness, but as the location of most urbanisation. This is certainly the case in 
Australia where all major cities are located on coastal estuaries. Additionally, their headwaters are 
progressively either polluted or dammed for freshwater supplies. Recent findings of the 1994 State 
of Marine Environment report, proposals for the Brisbane River and Moreton Bay Wastewater 
Study, and a recent international conference held in Victoria have highlighted Australia's need to 
focus new studies on its estuarine systems and to enhance our understanding of them. 

The recent focus on the state of health of the estuarine environment as part of the Brisbane River 
and Moreton Bay Wastewater Strategy studies has made it clear that new tools need to be developed 
if government agencies charged with the responsibility for monitoring environmental conditions in 
local estuaries are to be able to meet these goals.  

 

At present, there are no readily available schemes which can be used to assess the health of 
biological communities in estuaries of SE Queensland. Water quality monitoring (e.g. the Healthy 
Waterways Report Card System can be used to identify the presence of chemicals and other 
contaminants in these waterways, but chemical monitoring cannot identify whether these 
contaminants are also acting as pollutants, that is, having an adverse effect on biological systems. 
The only reliable approach to determine the health and status of biological communities is to survey 
them over time and assess the changes in the numbers and types of animals and plants present, in 
relation to threats from human activities. 

 

The overall aim of this historical project was to begin the development and testing of a robust rapid 
assessment scheme which could be used by management agencies charged with the responsibility 
for assessing and monitoring the "health" of estuaries in SE Queensland. Once developed, such a 
methodology has enormous potential for use throughout Australia, with appropriate adjustments to 
take into account local conditions and circumstances. 

Estuarine areas are the predominant ecosystem at the interface between many human activities and 
the marine environment. These systems are also of particular social, economic and ecological 
importance through their aesthetic value, role in recreation, use as ports and support for fisheries 
through the provision of habitat and/or nursery areas. The greater proportion of the population in 
Australia is concentrated close to the coastal zone, especially on or near estuaries, and this has 
placed considerable pressure on the associated ecosystems (Yapp, 1986). Degradation of water 
quality and the condition of many estuarine habitats threatens the vital functions that these 
ecosystems perform for the broader marine and coastal environments (Zann, 1995). 



 83 

Effective preventative and/or remedial action against ecological degradation in our estuaries and 
coastal zone requires appropriate methods for detecting and monitoring such degradation, before 
damage become irrevocable. In recent years, there has been a major shift in approach to monitoring 
ecological degradation, from one based primarily around monitoring chemical and physical 
measures of water quality to one incorporating biological indicators (GESAMP, 1995; ANZECC, 
1998). Traditional approaches to biological assessment and monitoring are, however, often 
expensive and time consuming. This places major constraints on the extent to which they can be 
applied in regular monitoring of waterways, or utilised by non-profit community groups interested 
in community-based environmental monitoring. 

In order to overcome the inherent problems of traditional approaches to biologically based 
assessment, there has been a trend in recent years toward developing Rapid Biological Assessment 
(RBA) techniques. These approaches are aimed at providing an efficient (in terms of cost and 
labour) and immediate means of identifying potential and actual problems with water quality. They 
also potentially have the capacity to be instituted as a means of monitoring long term changes in 
water quality over large spatial scales (Resh and Jackson, 1993). Application of these approaches 
may range from regional assessments where they can be used to highlight areas in need of more 
detailed investigation (e.g. Resh et al., 1995), or in more detailed and intensive studies over longer 
time periods as part of comprehensive monitoring of specific locations (Chessman, 1995). 
Application for such approaches can be found in regional assessment to highlight areas in need of 
more detailed investigation (Resh et al., 1995) or in more intensive studies over longer periods of 
time for more comprehensive monitoring of specific locations (Chessman, 1995). 

Biological assessment and monitoring of ecological impacts can be undertaken at various levels of 
ecological organisation (GESAMP, 1995). At the cellular and physiological level, biomarkers and 
physiological toxicity testing have been applied, and have proven useful for detecting specific types 
of pollution (e.g. Wells et al., 1998). The use of individual species as bioindicators has also been 
popular. These approaches include the development and use of bioassays (e.g. Burridge et al., 
1999), ecological toxicity testing (e.g. Kocan, 1996) and monitoring the distribution and abundance 
of selected indicator species (e.g Dennison and Abal, 1996). 

Arguably, the most comprehensive approach for biologically based assessment is at the community 
level (Warwick, 1993). The incorporation of suites of species as indicators is suggested to be 
particularly useful in situations where there are numerous types and sources of possible impacts or 
there may be synergetic effects among the different sources of disturbance (Bilyard, 1987). Any 
meaningful assessment of the effects of pollutants  requires a thorough understanding of the 
dynamics of communities at the appropriate scales, in the presence and absence of the pollutants 
(Underwood and Atkinson, 1992). Decisions also need to be made as to the choice of biological 
components (communities or assemblages) which will be examined because it would be 
prohibitively difficult to monitor and examine many communities simultaneously. 

There are many different biological components (groupings of organisms) of aquatic systems in 
which it may be necessary to examine to detect environmental impacts resulting from human 
activities within the system.  Benthic macrofauna provide an ideal basis for community-based 
biological assessment of estuarine and marine soft-bottom ecosystems, for both rapid and traditional 
approaches. Estuarine benthic macrofauna are analogous to the “macroinvertebrate” communities 
that have gained almost universal acceptance for freshwater Rapid Biological Assessment. 

5.2.1: Choice of a Biological Community to Monitor 

Benthic macrofauna possess a number of attributes that make them suitable for use in a rapid 
assessment programme: 
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• They are generally ubiquitous, diverse and abundant (unlike seagrass and some other 
communities that have been suggested or implemented as bioindicators). This means they 
can be used as indicators in all localities. The diversity in taxonomy and function of these 
communities is suggested to provide a spectrum of responses to environmental stress, 
enabling degree of impact to be gauged (Bilyard, 1987). Furthermore, the numerical 
abundance of macrofauna is conducive to statistical analysis (Hellawell, 1986); 

• Their relatively sedentary nature means that they must adapt to environmental stress or 
perish (Bilyard, 1987), hence the presence of a particular taxon is often  indicative of the 
environmental conditions of the immediate vicinity where it is found. The sedentary nature 
of these animals also permits spatial analysis of the extent of pollution problems (Hellawell, 
1986); 

• Owing to their importance to overall ecosystem structure and function (e.g. food for other 
organisms, and as mediators of nutrient recycling), they provide important information on 
potential impacts at other levels in the community (Rhoads, 1974;  Bilyard, 1987); 

• Benthic macrofauna have widely proven sensitivity to a range of pollution types, both in 
actual pollution situations and experimentally (e.g. organic enrichment – Henderson and 
Ross, 1995; Sandulli and Giudici, 1989; heavy metals – Stark, 1998; Morrisey et al., 1996;  
Hall and Frid, 1995; hydrocarbons – McGuinness, 1990); 

• Benthic macrofauna are easily sampled without the need for complicated and expensive 
equipment or use of large vessels; 

• Many macrofauna have relatively long life-cycles so they are continuous, long-term 
monitors of pollution status. This potentially enables the detection of continuous and 
intermittent perturbations, single and multiple pollutants, varying pollutant concentrations 
and synergetic effects among different pollutants (Hartley, 1982); 

• Benthic macrofauna are suited to experimental approaches (Rosenberg et al. 1986), meaning 
their responses to various pollutants can be tested and characterised. 

The disadvantages of using benthic macrofauna for biomonitoring are few, but mainly relate to the 
expense and time required in sample processing for adequate characterisation of sites (e.g. 
Morrisey, 1992). A further disadvantage may lie in the fact that the taxonomy of many of the 
groups being encountered (particularly in Australia) is often poorly known, although this is being 
addressed through the publication of easily accessible computer-based keys and guides by groups 
such as the Australian Museum (e.g. Ponder et al., 2000). The use of these keys does, however, still 
require a reasonable level of biological and scientific training. Despite these problems, the 
monitoring of benthic macrofauna as a tool for assessing degradation of estuarine and coastal 
ecosystems has been seized upon by numerous community and environmental groups. The 
opportunity exists, therefore, for a uniform approach to be developed which could then be made 
available to community-groups around the coastline providing a broadly applicable, powerful and 
cost-effective biological assessment tool. This cannot, however, be achieved until the methodology 
has been developed and appropriately tested to determine its accuracy and reliability as a measure 
of assessing degradation of water quality. 

5.2.2: Rapid Biological Assessment in Marine and Estuarine Systems 

The recent trend toward rapid biological assessment has been primarily an effort to reduce the cost 
and time-consuming nature of biomonitoring and hence widen its utility (Resh and Jackson, 1993). 
Hence, the focus of development in this area has been on gaining the desired outcomes (i.e. a robust 
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measure of biological condition) whilst maximising efficiency of sampling, sample processing and 
analysis.   

Rapid Biological Assessment (RBA) techniques for freshwater systems are well developed and now 
form the basis of broad-scale routine waterway monitoring programmes in the UK, USA and 
Australia (Parsons and Norris, 1996). For these programmes, standardised biological indicators, 
sampling methodologies and analysis options are prescribed that have been developed over many 
years to maximise the efficiency of the programmes in terms of assessment objectives and costs. 

In contrast, broad-based rapid biological assessment techniques for marine and estuarine systems 
are very much in their infancy, even for the more intensively studied northern hemisphere 
ecosystems. Most studies that have been undertaken to develop rapid biological assessment 
approaches have addressed a specific pollution problem, or are for assessing pollution in a 
particular location and are thus limited in the range of their application (e.g. Rygg, 1986; Roberts et 
al., 1998). It is only in recent years that broad-based rapid assessment programmes for assessing 
ecological degradation in marine systems have begun to be developed (e.g. Schimmel et al., 1999;  
Van Dolah et al., 1999). 

Even the most basic rapid biological assessment techniques that have been developed for estuarine 
water quality monitoring in northern hemisphere estuaries remain largely untested in Australian 
systems. The uniqueness of Australian estuaries (Hodgkin, 1994;  Morrisey, 1995) means that 
approaches that have been tried and tested overseas cannot automatically be assumed to be 
appropriate or reliable when applied in Australian systems. Furthermore, in Australia the estuarine 
macrofaunal communities, which offer considerable potential for use in rapid biological assessment, 
are generally poorly characterised (Moverley et al., 1986), especially in comparison with northern 
hemisphere systems. Hence, the responses of the component organisms to pollution are virtually 
unknown reducing their value in even the more traditional approaches to biological assessment. 

In order to address the degradation problems faced by estuaries, there is a pressing need to develop 
rapid biological assessment protocols that can be applied to estuaries in Australia (Deeley and 
Paling, 1999). The development of these will be the culmination of extensive studies in 
characterising estuaries on local and regional scales, both in the unimpacted condition and in 
response to different types of pollution. Of primary importance in the development and refinement 
of any technique is the maintenance of a rigorous experimental approach to ensure assessment 
objectives are not compromised (e.g. Underwood, 1990). This requires extensive experimental 
testing on local scales before any scheme is developed which will be applied in other areas. 

5.2.3: Appropriate Sampling Methodologies 

A common feature of the large-scale freshwater rapid biological assessment programmes that have 
been adopted in Australia and elsewhere are specific protocols for the sampling methodology to be 
used as part of the monitoring programme (e.g. UK - Wright, 1995;  Australia - Davies, 1994;  USA 
- Plafkin et al., 1989). Extensive development of these sampling protocols was undertaken in 
freshwater biological assessment programmes.  n Australia, the result has been specific RBA 
sampling protocols for most programmes being consistent at least on the state wide level, and often 
at the national level. These have been evaluated and prescribed to meet both the objectives of the 
assessment and to ensure that data collection is not unnecessarily time consuming and hence 
expensive. 

The development of such appropriate and repeatable sampling protocols is important for the overall 
quality assurance of biological assessment and helps to ensure reliability in the results which are 
obtained. This then facilitates the integration of biological assessment programmes on regional and 
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even national scales, allowing comparison of data collected from many different places and over 
long time periods.   

5.2.4: Taxonomic Sufficiency or Taxonomic Resolution 

Several studies have investigated the use of different levels of taxonomic resolution in detecting 
biological impacts (e.g. freshwater: Marchant et al., 1995; marine: Olsgard et al., 1998; Warwick, 
1988). The level of taxonomy employed has important ramifications for the sample processing time 
and expertise required for any study. The majority of freshwater biological assessment programmes 
adopt a family (or higher) level identification of taxonomic identification, with numerous studies 
indicating that this is sufficient for most biological assessment purposes (Rutt et al., 1993; 
Marchant, 1990; Furse et al., 1984). It should be noted, however, that this has not been without 
some criticism (e.g. Cranston, 1990). 

Many biological assessment studies of marine and estuarine communities have also employed 
coarse levels of taxonomy (e.g. Van Dolah et al., 1999; Roberts et al., 1998), although the evidence 
to suggest this is appropriate is very limited (but see Warwick, 1988) and has  been primarily based 
on studies done in the northern hemisphere. Often taxonomic resolution in marine and estuarine 
macrobenthic studies is limited by the available taxonomic knowledge of the communities involved.  
Many studies therefore employ a ‘lowest practical taxonomic level’ approach (e.g. Schimmel et al., 
1999). The practicality of identifying macrobenthic fauna to species level is particularly limited for 
Australian estuarine systems where many species that are encountered remain undescribed and 
inadequate funding for Museums limit the available taxonomic expertise and help available. 

Warwick (1988) has argued that there may be advantages in adopting coarse levels of taxonomy; 
including reduction of (perhaps ‘unimportant’) variability in data sets, and higher levels of 
taxonomy being a better indicator of functional responses in community structure. Ellis (1985) has 
noted that the taxonomic level employed need only be sufficient to meet the objectives of the 
particular assessment being done at the time. Thus, if coarse levels of taxonomy are adequate for 
answering a particular question, considerable saving can be made in the cost and time involved in 
completing the assessment. It is crucial to note, however, that until specific research on appropriate 
levels of taxonomic sufficiency under a variety of different environmental circumstances is done in 
Australian estuaries, it is inappropriate to assume that identification to coarse levels of taxonomy 
are suitable for use in rapid assessment or quantitative assessment protocols. 

5.2.5: Data To Be Collected 

Most rapid biological assessment approaches that have been adopted for freshwater biological 
assessment programmes are based on non-quantitative data. That is, they do not attempt to 
determine estimates of the abundance of the taxa present, relying only on the presence or absence of 
taxa as a measure of ecosystem health or water quality. This qualitative approach results in 
significant savings in the sampling effort required. There is undoubtedly some loss of information 
in such assessments, although studies have suggested that such data are usually sufficient to meet 
the specific objectives of the assessment being done (Chessman, 1995).  

Some marine and estuarine studies have also adopted qualitative sampling and have demonstrated 
that biological impacts can be detected using such an approach (e.g. Van Dolah et al., 1999; 
Lambshead et al., 1983). There is, however, little empirical evidence to suggest that such an 
approach has the sensitivity required to meet regional rapid biological assessment objectives in 
marine and estuarine environments. 

Clearly quantitative assessment requires a greatly expanded sampling intensity (with proportionate 
increases in cost and time involved). Furthermore, large variability in the abundance of different 
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taxa in replicate samples often makes simple interpretation difficult, especially by non-specialists. It 
is necessary, however, that any approach which is to be widely implemented as a monitoring tool, 
making use of qualitative data and information, be validated through comparisons with appropriate 
quantitative datasets and approaches. 

In addition to the taxonomic information that is necessary for making a community-level 
assessment using benthic macrofauna, other community-level information has been demonstrated to 
have potential useful properties as indicators of pollution and declining water quality. These include 
measures of variables such as species biomass (e.g. Dauer et al. 1993) and functional and trophic 
roles of the taxa present (e.g. Maurer et al., 1999). 

5.2.6: Approaches for Analysis of the Data 

Numerous techniques for the analysis of data have been devised to for use in rapid biological 
assessments. Many of these have been developed to exploit particular aspects of assemblages that 
are thought to be most sensitive in terms of their responses to pollution. It is frequently the case 
though, that the methods used to collect the data do not permit the application of conventional 
statistical tests. These problems arise because of poor sampling design and the collection of data 
which are not appropriate to address the hypotheses being addressed (Underwood, 1990, 1995). 
Often, environmental sampling programmes do not incorporate appropriate levels of spatial and 
temporal replication (reviewed by Morrisey, 1993) or use incorrect replication (Hurlbert, 1984; 
Reynoldson et al., 1997). The development of many of these techniques for analysis of rapid-
assessment data has often been driven more from the perspective of providing a simple and 
consistent manner for presentation of results and interpretation by non-specialists, rather than any 
rigorous scientific principles (Fore et al., 1996, Resh et al., 1995). There has been far greater 
attention paid to the development of analytical approaches for data from freshwater systems than for 
marine and estuarine systems. 

5.3: Materials and Methods 

5.3.1: Analytical Approach 

The general approach to analysis of the survey data was to examine the natural characteristics of the 
benthic community - as measured by a range of different approaches to sampling and data treatment 
- and relate these to the approaches to Rapid Biological Assessment that are available. Those 
different approaches are outlined below: 

5.3.2: Taxonomic Level 

The level to which animals are identified varies considerably among different studies, depending on 
the specific questions being asked and, often, due to limitations in the availability of taxonomic 
guides and necessary expertise. At one extreme, animals may be identified to species level and at 
the opposite end of the spectrum animals may be classified only to phylum (e.g. crustacean, mollusc 
etc.) or order level. Opinion varies among scientists as to the level which is most appropriate for 
ecological studies. For example, some scientists believe that identification to species-level provides 
the most information about the presence and nature of impacts that may be present within the 
community, while others consider identification to higher taxonomic levels adequate to answer 
many ecological questions. 

In practice, however, species level taxonomy of benthic invertebrates is extremely time consuming 
and requires significant expertise (requiring microscopic examination and dissection of animals that 
are often very small and delicate). This has proven to be the case especially in Australia where there 
are limited taxonomic guides and keys available to the fauna in most areas of the country and 
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reductions in government funding and changing priorities have led to fewer trained taxonomists 
obtaining positions within Museums. Identification of animals to higher taxonomic levels is 
generally simpler, requiring less detailed training. 

In the present study, the benthic community  was analysed at both the coarse level (order) and at the 
species level. Although extremely time consuming, the examination of species-level community 
structure was necessary in order to determine how much information was ‘lost’ when only coarse 
taxonomic levels are used. 

5.3.3: Measures of Community Composition 

It is a common presumption that pollution impacts on an ecological community will result in 
changes in community composition, however, any change which does occur may take many 
different forms. For example, under some circumstances, some taxa may disappear from the 
community completely. In other situations, these same taxa may not disappear but they may be 
reduced in abundance. Impacts may also lead to increases  in abundance and/or changes in species 
richness.   

There are a number of different units of measurement which have been used in ecological studies of 
human impacts (reviewed by Keough & Quinn, 1991). Their account should be examined for a 
detailed consideration of the various unit or units of measurement which have been implemented 
under different circumstances (see also Underwood and Peterson, 1988). In the development of a 
Rapid Biological Assessment scheme, a protocol for data collection and analysis will usually be 
specified. The choice of the appropriate units of measurement must be based on the specific types 
of impacts being investigated.  Measures of community structure can be broadly classified as 
univariate and multivariate measures. 

Univariate measures of community structure are single measures incorporating some aspect of 
community structure, for example, the total number of individuals; species richness etc. The 
advantage of univariate approaches is their simplicity both in terms of data gathering, calculation 
and interpretation. Univariate measures are therefore very appealing for use by community groups 
with limited statistical resources. The disadvantage of univariate measures is that they may simplify 
community data to such an extent that much of the useful information regarding impacts may be 
lost. 

Multivariate measures of community structure take into account numerous attributes of the 
community. Examples of these attributes may be the abundance of all species, and the presence or 
absence of species. Multivariate measures are particularly appealing for assessing ecological 
impacts as they potentially measure changes or differences in the entire community and may 
therefore be more powerful in detecting impacts than univariate measures. The disadvantages of 
multivariate approaches relate mainly to the expertise required in calculating and interpreting such 
measures. 

In the present study a range of univariate and multivariate measures of community structure were 
examined. It is the responsiveness of these measures, both naturally (presented in this report) and in 
the presence of pollution (to be completed in future studies) that determine which of these offer 
potential for inclusion in a rapid biological assessment approach. An ideal measure will be one that 
is not confounded by natural variability, yet is responsive to different types of pollution. 

It is important to note also that within each of the measures of community structure utilised, it is 
possible to incorporate the varied taxonomic levels which are used (discussed above). Ultimately, in 
the development of a rapid assessment approach the approach chosen will be one which meets the 
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specific objectives of a study (i.e. it needs to be broadly applicable, sensitive to a range of pollution 
types etc.) but is also cost effective and simple to apply. 

5.3.4: Sampling Methods 

Sampling was done in two relatively unimpacted estuarine areas in south east Queensland - the 
Noosa River and Baffle Creek estuaries, although only the data for the Noosa River system are 
presented here. These systems were selected for their lack potential pollution inputs, limited 
catchment development and relatively natural flow regime (J. Ferris, QLD EPA, pers. comm.). 
They also represent differing estuarine environments in terms of their geomorphology, hydrology 
and situation within the southeast Queensland region. 

Four locations were selected along each estuary at regular intervals from the mouth of the estuary, 
to the (arbitrarily determined) limits of the estuarine reaches (Figure 5.1). The actual position of the 
furthest location in terms of distance from the estuary mouth varied for each estuary, and was based 
predominantly on the salinity gradient along the estuary. Intermediate locations were situated along 
the estuaries at regular intervals, as measured by the Adopted Middle Thread Distance (AMTD) 
from the mouth. 

 

 

 

Figure 5.1: Map showing the four locations within the Noosa River system where samples were 
collected originally in 1998 and then again (twice) in 2018. 
 

1998: Samples of sediment were collected from subtidal habitats at each of three sites (each 10 m x 
10 m in size and separated by at least 10m) at each of the four locations in the two estuaries. 

Historical sites 
used for sampling 
in 1998 as part of 
project for EPA
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Sampling of the macrofaunal communities was done using a 0.04 m2 Smith-McIntyre grab. Eight 
replicate grab samples were collected within each 100 m2 site. Eight replicate samples represents a 
relatively large sampling intensity compared with other published studies (Skilleter, personal 
observation), but it was considered essential that sufficient data be available in the initial phases of 
this project to allow detailed examination of issues such as statistical power and cost-benefit 
analyses. 

2018: Samples were collected with a 0.01 m2 van Veen grab. Because of the shallow water in some 
areas and the smaller research boat being used, the larger Smith-McIntyre grab used in 1998 could 
not be made to trigger reliably and the samples being collected were of variable volume. The 
smaller van Veen grab provided a more reliable and consistent sample. 

The entire sample from each benthic grab was preserved in the field in five percent formalin with 
Rose Bengal stain. Prior to sorting, samples are processed through both a 1000 µm (=1 mm) and a 
500 µm mesh sieve, with the macrofaunal component retained by each to be analysed separately 
and with both combined. The macrofaunal samples were processed to provide quantitative, and 
where possible, species level data to maximise data analysis options. 

 

 

 
 
Plate 5.1: Clearing the cod-end from the otter trawl after sampling for nekton (fish, prawns and 
crabs). 
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5.4: Results 

5.4.1: 1998 Patterns – General Description 

The overall benthic community in the Noosa River system in 1998 was species rich and abundances 
were often quite large. A total of 150 species was sampled across the four locations, although the 
number of species at the individual locations varied considerably (Figure 5.2), ranging from 43 
species near the mouth of the estuary to 100 species in the channel between Lakes Cooroibah and 
Cootharaba. 

The fauna comprised varying proportions of amphipod, isopod and tanaid (peracarid) crustaceans, 
decapod crustaceans, bivalve and gastropod molluscs and polychaete worms (Table 5.1). Polychaete 
worms dominated the lower reaches (Locations 1 & 2), polychaetes, bivalves and amphipods had 
relatively similar representation at the southern end of Lake Cooroibah (Location 3), while the 
upper reaches were dominated by tanaid crustaceans (Location 4). 

The three most abundant groups, the amphipods (Figure 5.3), bivalves (Figure 5.4) and polychaetes 
(Figure 5.5), were all were all well represented along the entire length of the estuary, but the 
numbers of species and which species were present (see below) varied depending on which location 
was being examined. 

Some groups, such as the tanaid crustaceans, were only present in the upper reaches of the system 
(Location 4; Table 5.1), while others, such as the decapod crustaceans (crabs, prawns, shrimp) were 
in very small numbers at all four locations (Table 5.1). 

In 1998, a total of 9260 individuals was sampled from the four locations, with the largest number of 
benthic animals (4496; Figure 5.6) collected from Location 3, the western reach of the lower 
channel. Thus, the benthic community of the Noose River system was characterised by large 
numbers of species and relatively large abundances, although there were also a large number of rare 
species (represented by only 1-2 individuals) at all locations. 

 

Table 5.1: Proportions of the different taxa at each of the locations along the Noose Rover estuary. 
Location 1 is at the lower estuary, while Location 4 is in the channel between Lake Cooroibah. 
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Figure 5.2: Map showing the total number of benthic species found at each of the four locations 
within the Noosa River system sampled in 1998. 
 
 

 
 
Figure 5.3: Map showing the total number of amphipod species found at each of the four locations 
within the Noosa River system sampled in 1998. 
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Figure 5.4: Map showing the total number of bivalve species found at each of the four locations 
within the Noosa River system sampled in 1998. 
 
 

 
 
Figure 5.5: Map showing the total number of polychaete species found at each of the four locations 
within the Noosa River system sampled in 1998. 
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Figure 5.6: Map showing the total number of benthic animals found at each of the four locations 
within the Noosa River system sampled in 1998. 
 

5.4.2: Variation in Community Composition 

The benthic assemblages at each of the four locations was distinct, with almost complete separation 
of the four groups in two-dimensional ordination space (Figure 5.7). This can be see as the lack of 
substantial overlap of the different symbols. More importantly, the results of the analysis of the data 
using PERMANOVA showed that there were highly significant differences among the four 
locations, but also among the three sites within the different locations (Table 5.2). Despite the 
substantial variation among the individual sites, which forms the denominator in any test for 
Locations, the differences among the locations were still detected. 

 

Table 5.2: Results of PERMANOVA (permutational multivariate analysis of variance) on the data 
for 4th root transformed data, using the Bray-Curtis similarity index for the benthic assemblages in 
each of the four different locations along the Noosa River estuary Location One is in the lower 
estuary near the mouth, Location Four is in the channel between Lake Cooroibah and Lake 
Cootharaba. 
 

Source  df Mean Square Pseudo-F P (perm) 

Locations 3 38504.00 5.2375 0.001 
Sites (Locations) 8 7355.20 3.944 0.001 
Residual 83 1864.90   
Total 94    
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Figure 5.7: Two-dimensional ordination on 4th root transformed data using the Bray-Curtis 
similarity index for the benthic assemblages at the four different locations along the Noosa River 
system, sampled in 1998. Location One is in the lower estuary near the mouth, Location Four is in 
the channel between Lake Cooroibah and Lake Cootharaba. 
 

Table 5.3: Pairwise comparisons between each of the four locations, after PERMANOVA. The R-
statistic is a measure of the separation of the samples from each of the groups. The larger the R-
value, the greater the difference in the composition of the assemblages. 
 

Group Contrast R-statistic Significance  

Location One vs Two 0.357 0.001 
Location One vs Three 0.724 0.001 
Location One vs Four 0.906 0.001 
Location Two vs Three 0.329 0.001 
Location Two vs Four 0.647 0.001 
Location Three vs Four 0.904 0.001 

 

An examination of the distances among the centroids of each assemblage shows that the 
assemblages in adjacent locations were more similar to each other than to locations further apart. 
That is, for example, the assemblage in Locations One was more similar to Location Two than 
Locations Three and Four. This means that there is a progressive change in the composition of the 
benthic assemblages along the estuary. 

An examination of which species contributed most to the differences in the assemblages (using 
SIMPER), showed that no single species contributed more than 10% (Table 5.4). This means that 
the differences in the assemblages were a result of a change in the overall composition of the fauna, 
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rather than simply a change in abundance of a few dominant species. The only exception was the 
contribution to the separation of the assemblages in Locations 3 and 4, where Tanaid Sp. 1 
contributed 11.2%. That species would likely make a useful discriminating species for the upper 
estuary based on the relatively high ratio of Dissimilarity to SD (standard deviation) 
(Diss/SD=2.35; Table 5.4). The other notable feature of these results was the fact that the species 
contributing most to the discrimination between the different locations were a mix from the major 
groups (i.e. amphipods, bivalves & polychaetes), rather that any single group. 

 

Table 5.4: Results of SIMPER (Similarity Percentages) analysis for the contributions to the 
separation of each pair of adjacent locations (i.e. 1 vs 2, 2 vs 3 and 3 vs 4). (A) = amphipod; (B) = 
bivalve; (G) = gastropod (P) = polychaete; (T) = tanaid 
 

Average Dissimilarity 88.70      
 Location 1 Location 2     
Species Av. Abund Av. Abund Av. Diss Diss/SD Contrib. % Cum. % 
Oligochaetes      1.89      0.31    4.43    1.27     5.00  5.00 
Prionospio yuriel (P)      1.65      0.84    4.19    1.20     4.73  9.72 
Urohaustorius metungi (A)      0.78      0.52    3.38    0.86     3.81 13.53 
Soletellina alba (B)      1.14      0.30    3.06    1.21     3.45 16.98 
Australonereis ehlersi (P)      1.11      0.31    3.00    1.20     3.38 20.36 
Monoculodes sp. (A)      0.88      0.10    2.86    0.94     3.23 23.59 
Scolopolis normalis (P)      0.94      0.38    2.60    1.01     2.93 26.52 
Limnoporeia yarrague (A)      0.35      0.80    2.59    0.91     2.91 29.44 
Bivalve Sp. 13      0.79      0.00    2.43    0.71     2.74 32.18 
Fluviolanatus subtortus (B)      0.00      0.77    2.42    0.86     2.72 34.90 
       
Average Dissimilarity 79.80      
 Location 2 Location 3     
Species Av. Abund Av. Abund Av. Diss Diss/SD Contrib. % Cum. % 
Fluviolanatus subtortus (B)      0.77        3.06    6.46    1.98     8.09  8.09 
Gammaropsis sp. (A)      0.48        2.52    5.95    1.58     7.45 15.55 
Sabellidae sp. (P17)      0.05        1.78    4.62    1.62     5.80 21.34 
Soletellina alba (B)      0.30        1.57    3.90    1.25     4.88 26.22 
Limnoporeia yarrague (A)      0.80        1.92    3.87    1.45     4.84 31.07 
Anodontia sp. (B)      0.62        1.77    3.47    1.47     4.35 35.42 
Oligochaetes      0.31        1.48    3.45    1.62     4.32 39.74 
Sabellidae sp. (P25)      0.60        1.02    3.44    0.63     4.31 44.05 
Tanaid sp. (T1)      0.22        1.24    3.14    1.34     3.94 47.99 
Prionospio yuriel (P)      0.84        0.05    2.27    0.84     2.84 50.84 
       
Average Dissimilarity 80.26      
 Location 3 Location 4     
Species Av. Abund Av. Abund Av. Diss Diss/SD Contrib. % Cum. % 
Tanaid sp. (T1)        1.24       4.32    9.00    2.35    11.22 11.22 
Gammaropsis sp. (A)        2.52       0.17    6.82    1.74     8.50 19.72 
Fluviolanatus subtortus (B)        3.06       0.86    6.71    1.85     8.37 28.08 
Limnoporeia yarrague (A)        1.92       0.20    5.04    1.82     6.28 34.36 
Sabellidae sp. (P17)        1.78       0.00    4.90    1.67     6.10 40.46 
Anodontia sp. (B)        1.77       0.25    4.49    2.29     5.60 46.06 
Soletellina alba (B)        1.57       0.00    4.46    1.31     5.55 51.62 
Oligochaetes        1.48       0.54    3.34    1.49     4.16 55.78 
Sabellidae sp. (P25)        1.02       0.00    2.57    0.51     3.20 58.98 
Halicreion sp. (A)        0.84       0.09    2.26    1.29     2.82 61.79 
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5.4.3: Abundance of Major Groups of Animals in 1998 

The abundance of benthic animals varied considerably at all spatial scales, from among replicate 
grab samples (metres), among sites (10’s metres) and among the locations along the estuary. 
Location Two had the fewest animals per grab sample (standardised to 3.5 litres of sediment) 
(Figure 5.8), but formal analysis indicated that the apparent differences were not significant 
(ANOVA: Locations (3,8 df); P = 0.067) due in part to the large variation at the smaller spatial 
scale of Sites within Locations (P = 0.000011) (Figure 5.9) which forms. Although there was 
considerable variation among the three Sites within each of the Locations, this was most 
pronounced at Location One, closest to the mouth of the estuary (Figure 5.9) where there was a 
three-orders of magnitude difference in the abundance of animals at one site compared with the 
other two. 

In contrast to the total number of individuals, the number of amphipod crustaceans did vary 
significantly among the four Locations (Table 5.5; ANOVA), with significantly more amphipods in 
the sediments at Location Three and the smallest number at Location Four (Table 5.5; SNK tests). 
There was a 8-fold difference in the abundance across the four locations (Figure 5.10). A similar 
outcome was found for the abundance of bivalves, again with the largest number found in Location 
Three (Table 5.6; ANOVA & SNK tests). There were four times as many bivalves found in 
Location Three than the other locations (Figure 5.11). 

 

 

 

 
Figure 5.8: Mean number of individuals (±SE) in each of four locations along the Noosa River 
estuary, sampled in 1998. Location One is in the lower estuary near the mouth, Location Four is in 
the channel between Lake Cooroibah and Lake Cootharaba. N=24 samples from each Location 
(n=8 replicates x 3 sites). 
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Figure 5.9: Mean number of individuals (±SE) in each of three Sites within the four Locations 
along the Noosa River estuary, sampled in 1998. N =8 grabs from each site. 
 

Table 5.5: Results of Analysis of variance on Log(x+1) abundance of amphipod crustaceans in grab 
samples (standardised to 3.5 litres of sediment) from three sites within each of four locations along 
the Noosa River estuary. 
 
Effect df Mean Square F-value P-value 
Locations 3 7.34 6.28 0.01697 
Sites (Locations) 8 1.17 8.75 0.00000 
Residual 83 0.13   

 
* Cochran’s C-value = 0.148, P=0.358 (test for homoscedasticity of variances) 
 
SNK tests:  L4 < L1 = L2 < L3 
 

Table 5.6: Results of Analysis of variance on Log(x+1) abundance of bivalve molluscs in grab 
samples (standardised to 3.5 litres of sediment) from three sites within each of four locations along 
the Noosa River estuary. 
 
Effect df Mean Square F-value P-value 
Locations 3 10.61 10.70 0.00358 
Sites (Locations) 8 0.99 5.13 0.00003 
Residual 83 0.19   

 
* Cochran’s C-value = 0.148, P=0.358 (test for homoscedasticity of variances) 
 
SNK tests:  L2 = L4 < L1 < L3 
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Figure 5.10: Mean number of amphipods (±SE) in each of four locations along the Noosa River 
estuary, sampled in 1998. Location One is in the lower estuary near the mouth, Location Four is in 
the channel between Lake Cooroibah and Lake Cootharaba. N=24 samples from each Location 
(n=8 replicates x 3 sites). 
 

 
 
Figure 5.11: Mean number of bivalves (±SE) in each of four locations along the Noosa River 
estuary, sampled in 1998. Location One is in the lower estuary near the mouth, Location Four is in 
the channel between Lake Cooroibah and Lake Cootharaba. N=24 samples from each Location 
(n=8 replicates x 3 sites). 
 



 100 

 
 
Figure 5.12: Mean number of polychaetes (±SE) in each of four locations along the Noosa River 
estuary, sampled in 1998. Location One is in the lower estuary near the mouth, Location Four is in 
the channel between Lake Cooroibah and Lake Cootharaba. N=24 samples from each Location 
(n=8 replicates x 3 sites). 
 

There was considerable variation in the abundance of polychaetes at all spatial scales, resulting in 
large variation around the mean number in each location (Figure 5.12). There was highly significant 
variation at the scale of Sites within the Locations (ANOVA; P=0.0001), but the differences among 
locations were not found to be significantly different (ANOVA; P=0.60), because the variation 
among sites formed the denominator for the main effect. 

5.4.4: May 2018 Patterns – General Description 

A total of 1114 individuals, from 50 species, was collected in May 2018, at the same locations 
where 9260 individuals from 150 species had been collected in 1998. Densities (standardised to 3.5 
litres of sediment) were much smaller in 2018 than had been collected in 1998 and there were many 
samples that only contained a few individuals. 

The decline in the number of species between 1998 and May 2018 was dramatic, with reductions of 
between 60-70% depending on which position in the estuary was being sampled (Figure 5.13). This 
large decline in the number of species was cause for immediate concern, so we resampled these 
positions in November 2018, at a time when spring recruitment of many benthic species with 
invertebrate larvae should have been occurring. Additionally, we increased our sampling effort (the 
number of samples at each place) three-fold. When sampling rare species, the greater the number of 
samples collected, the greater the probability of collecting those species. 

As expected, sampling in spring with a greater sampling effort, resulted in many more species being 
found in the samples. The reduction in the number of species compared with 1998 was between 6-
43% if all species are included. Many of these species were,  occurring only as a single individual, 
despite the increased sampling effort. The decline in the number of species when these rare ones are 
excluded was from 30-65% (Figure 5.13). While clearly not as marked as in May, 2018, this still 
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represents a very substantial decline in the number of species that occurred in the sediments along 
the Noosa River system.  

The most abundant and most speciose groups in 2018 were the polychaetes, bivalves and 
amphipods. Most estuarine polychaetes and bivalves have a planktitrophic larval stage so new 
individuals settle from the plankton after spending time as larvae in the open water column. In 
contrast, amphipods are direct developing peracarids – there is no larval stage. 

There was very little change in the numbers of species of polychaetes sampled between May and 
November 2018, with declines between 1998 and 2018 of between 35-80% (Figure 5.14). Many of 
the additional species of polychaetes that were sampled in spring (November) 2018 occurred only 
as a single individual in all the samples, and thus are considered to still be rare, despite the 
substantial increase in sampling effort. 

There was better news for the bivalves. The decline in numbers of bivalve species from 1998 to 
May 2018 ranged from 30-70% (Figure 5.15). In contrast, in November 2018, there were increased 
numbers of bivalve species sampled, resulting in the change in diversity of between 20% decline to 
a 133% increase (in Lake Cootharaba) (Figure 5.15). 

The amphipods showed substantial declines in species richness between 1998 and 2018. In May this 
ranged from a 40-70% loss of species. In November, this was reduced to a decline of between 15-
50% in the number of species (Figure 5.16). Given amphipods lack a dispersive larval stage, it is 
more difficult for lost species to recolonise areas, as they need to be rafted into the area, or 
progressively colonise the intervening substratum from places where those species still occurred. 
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Figure 5.13: Total numbers of species collected in grab samples at each of the four locations 
sampled along the Noosa River estuary in 1998 and again in 2018. Two numbers are shown for 
2018. 2018i represents the number of species collected in samples at that position in May. 2018ii 
represents the number of species collected in samples in November, with sampling effort increased 
three-fold. This is shown as two numbers (e.g. 60/38): the first is all species, the second does not 
include rare species – those only found as a single individual. The % change in species number is 
also shown for May, 2018 and for November 2018, excluding rare species. 
 

 

Figure 5.14: Total numbers of species of polychaetes collected in grab samples at each of the four 
locations sampled along the Noosa River estuary in 1998 and again in 2018. Other details as in 
Figure 5.13. 
 

1998 vs. 2018: Total Species

1998 47
2018i 19
2018ii 44/32

1998 77
2018i 29
2018ii 59/36

1998 89
2018i 30
2018ii 60/48

1998 105
2018i 31
2018ii 60/38

60% decline
32% decline

62% decline
53% decline

66% decline
46% decline

70% decline
64% decline

1998 vs. 2018: Polychaete Species

1998 17
2018i 9
2018ii 15/11

1998 33
2018i 11
2018ii 19/11

1998 36
2018i 11
2018ii 19/15

1998 47
2018i 11
2018ii 18/11

47% decline
35% decline

67% decline
67% decline

69% decline
58% decline

77% decline
77% decline
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Figure 5.15: Total numbers of species of bivalves collected in grab samples at each of the four 
locations sampled along the Noosa River estuary in 1998 and again in 2018. Other details as in 
Figure 5.13. 
 

 

Figure 5.16: Total numbers of species of amphipods collected in grab samples at each of the four 
locations sampled along the Noosa River estuary in 1998 and again in 2018. Other details as in 
Figure 5.13. 

 

  

1998 vs. 2018: Bivalve Species

1998 3
2018i 2
2018ii 7/7

1998 9
2018i 5
2018ii 14/9

1998 14
2018i 8
2018ii 15/11

1998 15
2018i 5
2018ii 18/12

33% decline
133% increase

44% decline
0% change

43% decline
21% decline

67% decline

1998 vs. 2018: Amphipod Species

1998 15
2018i 5
2018ii 14/10

1998 15
2018i 9
2018ii 16/11

1998 18
2018i 6
2018ii 17/15

1998 21
2018i 8
2018ii 14/11

67% decline
33% decline

40% decline
27% decline

67% decline
17% decline

62% decline
48% decline
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Chapter 6: Historical Analysis of Benthic Data 
Floods vs Dredging 

6.1: Introduction 

6.1.1: Background 

Dredging and beach replenishment works were done along the foreshores of Noosa Spit in the 
lower Noosa River in two stages during 1998. The primary aim of this dredging operation was to 
replenish seriously eroded intertidal banks along the foreshore. Sand to replenish the intertidal 
foreshore was to be dredged from intertidal sand banks in the mouth of the Noosa River estuary. 
After discussion with Queensland DPI Fisheries, Noosa Council constructed an intertidal sandy 
beach along the foreshore of Noosa Spit to offset the loss of shallow-water foraging habitat for 
benthic-feeding fishes in the area from where the sediment was to be taken. 

 

The results from this study on dredging are included here because they provide ecological context 
for the magnitude of any changes and differences that may be detected as part of the current study 
on ecological changes within the Noosa River estuary. That is, this study on the impacts of floods 
and dredging provide empirical information on the magnitude of impacts associated with natural 
(floods) and anthropogenic (dredging) events within the system, studied under relatively controlled 
circumstances. 

The full details of the dredging study are provided here to allow these results to form part of the 
background information available to NBRF for any future work that they choose to do in the 
estuarine system. Additionally, the data on the abundances of different groups of animals in the 
lower estuary can be compared to those present in 2018, providing some additional information on 
changes in abundance over the intervening 20 year period. 

 

6.1.2: Need for Information 

Noosa Council identified an interest in determining whether the dredging planned for the mouth of 
the Noosa River estuary would have any ecological effects on the animals found in this region. The 
need to detect any significant effects was noted before the dredging programme began and this 
enabled a focussed sampling programme to be designed and implemented before the onset of 
dredging. Further sampling was also planned once the dredging operations were completed.  
Sampling designs incorporating a ‘Before’ and ‘After’ component, incorporating multiple reference 
regions within the programme with the necessary and appropriate spatial sub-sampling, provide the 
most powerful tests available to detect environmental impacts. Thus, the sampling programme 
approved by Noosa Council was the most scientifically rigorous programme which could be 
implemented in order to determine whether there was any significant environmental effects 
associated with the dredging operations in the mouth of the Noosa River estuary. 

6.1.3: Staged Sampling Programme 

The approach taken by Noosa Shire Council was to examine the evidence for environmental 
impacts from dredging using a staged sampling and reporting approach. At the completion of each 
stage, the results of the analyses were examined by Council and representatives from the 
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Queensland Environmental Protection Agency and Department of Primary Industry - Fisheries, the 
government agencies charged with the management of the estuarine and coastal resources 
potentially under threat from the dredging operations. 

6.1.3.1: Stage One Sampling 

The sampling programme for the first stage was designed to meet four essential aims necessary for 
any sensible decisions to be made about the effects of dredging in the mouth of the Noosa River 
estuary. First, sampling was aimed at obtaining information on the numbers and types of animals 
which live in the estuarine sediments in the areas which could potentially be affected by dredging, 
and in nearby areas which would be unaffected by the dredging. Second, because populations and 
communities of plants and animals are constantly changing in response to physical and biological 
conditions in the environment, the sampling programme was designed to take into account this 
natural variation in the populations and communities in the Noosa estuary. Third, the design of the 
sampling programme was suitable for detecting a range of different types of impact associated with 
dredging which could operate at different time-scales, affecting populations and communities in 
different ways. Finally, the sampling programme was designed to answer the specific question of 
whether there were significant impacts on the populations and communities of animals in the 
sediments at the mouth of the Noosa River estuary where dredging had occurred. 

Samples were collected from the Dredged region and two Control regions on two occasions before 
the onset of dredging and two occasions after the first stage of dredging was completed. The 
specific aim of this study was to determine whether the dredging in the mouth of the Noosa River 
estuary caused significant environmental effects on the animals in the areas to be targeted in the 
dredge programme. It was accepted that there would be widespread mortality of fauna in the 
specific patches of sediment removed by the dredge, based on extensive information available in the 
scientific literature. The focus of the Stage One sampling was therefore on the areas of sediment 
immediately surrounding the holes and channels created by the dredge:  these sections of intertidal 
habitat were considered to be important as spawning and feeding grounds for several species of 
estuarine fishes. 

6.1.3.2: Stage Two Sampling 

Samples were also collected from the nearby Fish Habitat Area on the north side of the estuary.  
The samples from the Fish Habitat Area were collected as a precaution on the basis that if 
significant impacts were detected in the areas immediately adjacent to the dredged area (this study), 
then there would be the potential for such effects also to occur in the protected Fish Habitat Area. It 
was explicitly noted in the project proposal, as Stage Two, that the detection of significant impacts 
in the Dredge Region would require the examination and analysis of the samples from the Fish 
Habitat Area to determine how widespread the environmental impacts were. 

6.1.3.3: Stage Three Sampling 

After the second set of post-dredging samples were collected, Noosa Council modified the dredge 
programme and further dredging was done in the mouth of the river. In the original plan submitted 
by Noosa Council, dredging was to be completed by 5th June 1998. After notification of the 
completion of dredging by Noosa Council, post-dredging sampling was done on 9-11th June 1998 
(Time 1 After) and again on 6-7th July 1998 (Time 2 After). This ended the formal monitoring 
programme being done for this study. Subsequent to this sampling though, Noosa Council 
approached DPI-Fisheries for a permit to undertake further dredging. This permit was issued and 
dredging continued until the end of November 1998, with the removal of large volumes of sediment 
for supplementation of the intertidal areas on Noosa Spit. 
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The effects of the removal of the material after 5th June was not examined as part of Stage One or 
Stage Two of the study, as the change in dredge plan occurred after the completion of the scheduled 
sampling. The impacts of the dredging examined in these first two stages was, therefore, considered 
as those associated with an interim period of dredging and any effects reported from those analyses 
would, therefore, only represent minimal levels of impact. 

In both instances, (i) there were changes in the community of small animals which occur in the 
sediments in the area immediately adjacent to the dredged plots and in the Fish Habitat Area; (ii) 
these changes were very similar in both places; (iii) the changes were different from those which are 
occurred in the Control Regions over the same time period; and (iv) the changes coincided with the 
operation of the dredge in the mouth of the estuary. 

All the available evidence suggested the occurrence of an environmental impact associated with the 
interim dredging operations in the Noosa River. It was not, however, possible to rule out an 
alternative explanation that these differences were a result of natural (i.e. not human-induced) 
changes in the communities near the mouth of the estuary (the Dredge Region and the Fish Habitat 
Region) which were different from those occurring further up the estuary (the Control Regions).  
Application of the precautionary principle would mean that the changes which were observed 
should be considered as having arisen as a result of the interim dredging operations, especially 
given the fact that dredging restarted and continued from July through to the end of November 
1998.   

The mouth of the Noosa River estuary is a very dynamic region. The sediments in this area are 
extremely mobile and the main flow channel has constantly changed position in recent years.  
Further up the estuary, in the Control regions, the sediments tend to be less mobile and the channel 
is more stable in position through time. This situation introduces the potential that the seasonal 
patterns of change in the areas close to the mouth (the Dredge and Fish Habitat regions) may be 
different from those further up the estuary (the Control regions). If this is the case, then the changes 
which were tentatively identified as being an environmental impact from dredging may have 
actually arisen as a natural consequence of the differences in the two parts of the estuary. 

The only way in which these two confounding effects can be now separated would be through a 
consideration of longer-term datasets, comparing natural patterns of change in the mouth of the 
estuary (the Dredge Region and the Fish Habitat Region) with those changes in the Control Region.  
This would determine whether the populations and communities of animals near the mouth of the 
estuary undergo different patterns of change through time compared with other parts of the estuary 
in the absence of dredging. If this were the case, it would be reasonable to assume that in fact the 
pattern of change observed was not caused by dredging, or dredging only partly contributed to this 
pattern. 

The initial (interim) dredging operations which have been examined so far covered a period from 
January/February (Before) to June/July (After), with dredging taking place in the March-May 
period. This later summer/autumn period was a time of strong storms (Cyclone Yali), flooding and 
falling water temperatures (natural disturbances and stresses) coinciding with the dredging (human-
imposed disturbance). To determine whether these natural stresses can account for the changes 
which we documented, it is necessary to examine a set of samples which brackets a similar time-
frame with similar changes in climatic conditions but without the dredging operations. Ongoing 
work in Noosa River estuary provided samples for the following periods: 

• 7-8 December 1998 
• 21-22 January 1999 
• 1-2 - March 1999 
• 14-15 May 1999 
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• 25-28 October 1999 

The December/January and March/May samples were originally collected to allow an examination 
of what effects occur as a result of a natural flood. In late January 1999, there was substantial 
flooding which occurred in the Noosa River (and other nearby Rivers) and this coincided with a 
period of heavy seas. The other samples have been collected as part of other concurrent research 
programmes, but fortuitously provide an opportunity to follow the patterns of change in the 
communities of animals from different parts of the estuary over the appropriate time periods. In 
particular, the communities of animals in the sediments at the mouth of the estuary can be examined 
to determine if they have responded to periods of natural stress (floods, strong storms and heavy 
seas) compared with the communities further up the estuary. Analysis of these samples will enable a 
distinction to be made among several alternative scenarios and, therefore, the likelihood that 
dredging was responsible for the "impacts" seen in the Dredge and Fish Habitat Region. 

Stage 3 of this study involved the following work: 

1.  Processing of samples for examination of infauna, collected between December 1998 and 
October 1999, from the mouth of the Noosa River estuary; 

 
2.  Analysis of data from the three stages of the Noosa River programme to examine and address the 
following periods: 

• comparison of pre- and post-interim dredging periods; 
• comparison of pre- and post main dredging periods; 
• comparison of changes in the infaunal community during the dredging period (coincident 

with seasonal flooding) with changes over a period with seasonal flooding (and no 
dredging); 

• preparation of a report detailing the results of all three components of the study, and 
addressing the overall question of the likelihood that post-dredging changes in the benthic 
communities in the mouth of the Noosa River were caused by the dredging of sand in this 
area. 

6.2: Materials and Methods 

6.2.1: Choice of Sites 

The area to be dredged was located near the mouth of Noosa Estuary (see Figure 6.1), between the 
northern and southern channels of the estuary. This area is exposed to strong tidal currents (personal 
observation) and is characterised by coarse sandy sediments. The edges of the sand banks were 
relatively unstable and collapsed when walked on (personal observation). All samples were 
collected at least 10 metres from the edges of the sand banks to avoid these unstable areas. Based on 
information provided by the Noosa Council engineers, all Locations and Sites within the Dredge 
Region were selected so as to avoid, as much as possible, the specific areas likely to be dredged.  
Once all Locations and Sites had been selected, the GPS coordinates (Table 6.1) were forwarded to 
Noosa Council to ensure that these areas were avoided by the dredge. Unfortunately, changes to the 
plans for dredging resulted in the dredge operating extremely close to some of the sites selected for 
sampling, although none of the sites were directly impacted by removal of sediment. Thus, sites in 
the Dredge Region were closer to the directly impacted area than had originally been proposed. 

The two Control Regions were approximately 1.5 kilometres up-river from the Dredge Region and 
were separated from the latter by a deep (>1.5 metre channel) (Figure 6.1). Each of the Control 
Regions were also separated by a channel, although this channel shifted position considerably 
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during the course of the study. The substratum in the Control Regions appeared more compact and 
the edges of the sand banks were more stable. There were no other suitable sand banks in the lower 
end of the estuary which were suitably separated from the Dredge region to be considered as 
independent reference regions. The dredge equipment to be used limits the amount of material 
which is resuspended into the water column and this, in addition to the coarse sandy sediment there, 
suggested that resuspension and deposition of dredged sediments were unlikely to affect the Control 
Regions. 

Table 6.1:  GPS coordinates for all sites sampled in the Noosa River Dredging programme.  
Coordinates are approximate only as readings vary among different GPS units due to inbuilt errors. 
 

Region Location Site GPS 
Coordinates 

 

     

Control Region 1 One One S 26°23.652' E 153°04.287' 

Control Region 1 One Two S 26°23.630' E 153°04.280' 

Control Region 1 Two One S 26°23.606' E 153°04.248' 

Control Region 1 Two Two S 26°23.587' E 153°04.253' 

     

Control Region 2 One One S 26°23.640' E 153°04.140' 

Control Region 2 One Two S 26° 23.650' E 153°04.155' 

Control Region 2 Two One S 26°23.598' E 153°04.183' 

Control Region 2 Two Two S 26°23.582' E 153°04.179' 

     

Dredge Region One One S 26°23.115' E 153°04.611' 

Dredge Region One Two S 26°23.087' E 153°04.608' 

Dredge Region Two One S 26°23.067' E 153°04.513' 

Dredge Region Two Two S 26°23.073' E 153°04.563' 

     

Fish Habitat Area One One S 26°22.954' E 153°04.251' 

Fish Habitat Area One Two S 26°22.963' E 153°04.277' 

Fish Habitat Area Two One S 26°23.072' E 153°04.207' 

Fish Habitat Area Two Two S 26°23.095' E 153°04.255' 
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Figure 6.1:  Map of Australia showing the location of the Noosa River estuary and an expanded 
map of the Noosa region showing the three areas examined in this study.  D=Dredge Region, 
C1=Control Region #1, C2=Control Region #2,  FHA = Fish Habitat Area. 
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Sites in the Fish Habitat Area (Figure 6.1) were on the sloping intertidal bank on the northern side 
of the estuary. There was only a narrow band of intertidal habitat in this region, so sampling was 
spread out along the bank, ensuring the spatial separation of samples was equivalent to the 
separation in the Control regions and the Dredge region. 

It is important to note that the selection of the two Control Regions was made after discussion with 
Noosa Council, and in consultation with scientists from the Queensland Department of Primary 
Industries (Fisheries), on the basis of the specific proposal submitted for the dredging programme. 
This dredging proposal detailed the approach to be used during sand extraction and, thus, provided 
information on the likely spatial extent of any potential environmental impacts. The proposal for 
dredging, as discussed before the environmental monitoring programme began, did not indicate that 
a low-flow channel was to be dredged through the sand bank in the mouth of the Noosa River 
estuary. There was no notification of the plan to create this channel until after the environmental 
monitoring programme had began.   

The change in the dredge plan, with the creation of this channel through the sand banks in the 
mouth of the Noosa River estuary has the potential to cause problems in the interpretation of the 
results of the environmental monitoring programme if any impacts from the dredging also affect the 
Control regions.  In this situation, the Control regions cannot be considered to be independent of the 
Dredge Region and do not provide the appropriate comparisons for examining the occurrence of 
environmental impacts. 

6.2.2: Experimental Design 

The two areas of primary interest in terms of whether there were significant impacts from the 
dredging activities were the intertidal sand banks immediately adjacent to the sections which were 
dredged and in the nearby Fisheries Habitat Area (FHA: Figure 6.1). The need to detect any 
significant effects was noted before the dredging programme began enabling the design and 
implementation of a sampling programme which included the collection of samples before the onset 
of dredging. Designs incorporating a ‘Before’ and ‘After’ component, in addition to multiple 
reference regions with the necessary and appropriate spatial sub-sampling, provide the most 
powerful tests available to detect environmental impacts.  Thus, the sampling programme approved 
by Noosa Council was the most scientifically rigorous which could be implemented in order to 
determine whether there was any significant environmental effects associated with the dredging 
operations. 

The sampling design which was used was along the lines of the ‘Beyond-BACI’ asymmetrical 
analyses described in Underwood (1991, 1992, 1993, 1994), except that an extra spatial scale (sites 
within locations) was included for the current study, because of the small-scale spatial variability 
known to occur in estuarine soft-sediment benthic assemblages (Skilleter, unpublished data;  
Morrisey et al., 1992a, b). 

As discussed previously, in Stage 1 of the project, the specific aim was to determine whether the 
dredging in the mouth of the estuary caused significant environmental effects on the animals in the 
sediments surrounding the Dredged region. Samples were not collected in the sections of the 
sandbank which were actually dredged (i.e. the holes and trenches) because there is little doubt that 
removal of the substratum and the associated animals causes massive mortality of this fauna (ICES, 
1975;  Nichols et al., 1990). The focus was on whether there were effects on the biota in the 
surrounding areas, indicating that the environmental impacts from the dredging were not restricted 
to the immediate vicinity of the dredge (i.e. the sections of the estuary where sediment was actually 
removed). Stage 2 of the project required sampling within the Fish Habitat Area on the northern 
side of the estuary. Samples from this region were collected simultaneously with those from the 
Dredge Region, despite not being examined until later in the staged research programme. 
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The sampling design incorporated 4 different spatial scales:  among Regions (scale of kilometres), 
between Locations (within Regions;  scale of 100’s of metres), between Sites (within Locations;  
scale of 10’s of metres) and among replicate cores (scale of metres) (Figure 6.2).  Each Site was 
defined as an area approximately 25 m2 in area and was selected at random within each Location on 
each sampling occasion. 

 

 

Figure 6.2: Sampling design used for the Noosa River Dredging Programme, taking into account 
variability at different spatial scales, ranging from kilometres (among Regions) to metres (among 
replicate samples). Within each Region (for instance, the potentially impacted area to be dredged in 
the Noosa River), two Locations, and within each Location two Sites, were sampled. Within each 
Site,  four replicate samples were collected.  In the case of the Interim Dredging Event, samples 
were collected on four occasions, twice Before and twice After the onset of dredging.  (See 
Methods for more detailed information). 

 

Control Region 1 Control Region 2PUTATIVELY IMPACTED REGION
DREDGED AREA

Location 1
Dredged Area

Location 2
Dredged Area100-200 m apart

Site 1: Site 2: Site 3: Site 4:
~10’s m apart

intertidal
sediments

Replicate samples
• 15 cm diameter cores, 
taken to 15 cm depth

BEFORE INTERIM DREDGING AFTER INTERIM DREDGING

Time 1 Before Time 2 Before Time 1 After Time 2 After
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The following samples were collected on each sampling occasion: 

• 15 cm diameter x 15 cm deep cores for examination of macroinfauna; 
• 250 ml sample for sediment grain-size analysis; 
• 60 ml sample for total organic carbon analysis. 

From within each Site, the four cores of sediment for examination of the macroinfauna were 
collected using hand-held PVC corers pushed into the substratum. The samples for analysis of 
sediment variables were collected at the same time as the cores for the animals and each of these 
samples was positioned immediately adjacent to the cores for the animals (Figure 6.3), so that data 
on these physical variables could be related to the abundance and diversity of the fauna on a 
sample-by-sample basis. 

6.2.3: Processing of Samples - Fauna 

Macroinfaunal samples were transferred to plastic containers and preserved within five hours of 
collection in a 7% formalin solution, containing the red stain Bengal Red. Samples were sieved 
across a 500 µm sieve and the fraction retained on the sieve was then examined under a dissecting 
microscope and all animals were removed, identified and counted. The animals retained on a 500 
µm sieve are usually referred to as the macroinfauna. It is important to realise that there are many 
other animals, especially from groups such as the copepods, oligochaetes and nematodes, which are 
not retained in the 500 µm sieve, but which may be very abundant in the estuarine sediments. These 
smaller animals are known as meiofauna. Use of meiofauna for detecting environmental impacts 
has been well developed overseas, but requires different methods of sampling and processing. 
Furthermore, there is very little information available to help with the identification of meiofauna in 
this region. 

Identification of animals was to different taxonomic levels for different types of animals and 
identification has only been to higher levels for some groups. Polychaetes were identified to family 
level, gastropods and bivalves were identified to species, nemerteans to phylum, and crustaceans to 
order. Analysis at these higher taxonomic levels has been shown to be suitable and adequate for the 
detection of the effects of human disturbances in many marine systems (e.g. Warwick, 1988a, b).  It 
would have been preferable to identify all taxa to the same taxonomic level (e.g. the Family level as 
done for the polychaetes), but this was not possible given the lack of easily accessible keys for 
different taxonomic groupings. Some groups such as the oligochaetes, cumaceans, amphipods and 
isopods were relatively abundant in some samples but identification of specimens to greater levels 
of taxonomic resolution would have required sending specimens to taxonomic experts elsewhere in 
Australia and overseas. 

6.2.4: Processing of Samples - Sediments 

The samples of sediment for analysis of grain-size were frozen until ready for analysis. Sizes of 
particles in sediments were determined using standard Ro-Tap sieving, using sieves of 1-f intervals 
(Folk, 1980). Samples were defrosted over-night, then transferred to glass beakers and covered with 
10% hydrogen peroxide (H2O2). The beakers were placed in a warm water-bath (~60° C) for 12 
hours to digest organic material in the sample which might be binding individual particles of 
sediment together.  At the end of this time, the samples were dried to constant weight in an oven at 
75° C, then weighed.  The sample was placed on a Ro-Tap sieve shaker for 10 minutes and each 
fraction was weighed separately to measure the proportions of sediments in each of six 1-f 
categories (i.e. >2.0 mm, >1.0 mm, >500 µm, >250 µm, >125 µm and >63 µm).  Mean phi (average 
particle size) and the sorting coefficient (a measure of the range of sizes of particles in the samples) 
were determined using Method of Moments (Folk, 1980). 
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6.2.5: Analysis of Data 

6.2.5.1: Univariate Analyses 

Data on the abundance of individual taxa and the total number of individuals were analysed using 
asymmetrical analyses of variance following the procedures outlined in Underwood (1981, 1993) 
and Winer et al. (1991). These analyses are based around the BACI-approach (Before-After / 
Control-Impact). These analyses are designed to detect where an environmental disturbance, in this 
case the dredging in the Noosa River, causes a pattern of change in populations of animals or plants 
which is different from what is occurring naturally, in places unaffected by the disturbance (i.e. 
reference places). Details of these analyses are explained in Underwood (1991, 1992, 1993, 1994). 

The particular statistical model which has been used here incorporates data collected on two 
occasions before the onset of dredging and two occasions after the initial phases of dredging was 
completed. It is important to note that soon after the second set of post-dredge samples were 
collected, a new phase of dredging began. No information was obtained on whether this 
continuation of dredging had any effect on the biota in the sediments near the mouth of the Noosa 
River estuary. Hypotheses relating to significant environmental impacts associated with the 
dredging operations require a sequence of tests to be done. This sequence is explained in detail in 
Underwood (1993), and a modified flow diagram is shown in Figure 6.4. 

6.2.5.2: Multivariate Analyses 

Differences in the composition of the macrofaunal assemblage in the Control Regions and the 
Dredge Region were determined using non-metric multidimensional scaling (nMDS) on 
unstandardised fourth root transformed data, using the Bray-Curtis similarity measure (Clarke, 
1993). The statistical significance of differences among locations was assessed using analysis of 
similarities (ANOSIM), a non-parametric method based on randomisation of rank-similarities 
among all samples (Warwick et al., 1990;  Clarke, 1993). Subsets of the data were also examined 
using the PERMANOVA routine (Anderson, 2001), which allows the analysis of multivariate 
designs incorporating interaction terms. 

6.2.5.3: Specific Contrasts 

The initial (interim) dredging operations were examined in the Stage 1 Report, covering a period 
from January/February (Before) to June/July (After), with dredging taking place in the March-May 
period (Table 6.2). This later summer/autumn period was a time of strong storms (Cyclone Yali), 
flooding and falling water temperatures (natural disturbances and stresses) coinciding with the 
dredging (human-imposed disturbance).  To determine whether these natural stresses can account 
for the changes which we documented, it is necessary to examine a set of samples which brackets a 
similar time-frame with similar changes in climatic conditions.  Fortunately, samples were available 
from other research projects in the Noosa River estuary collected during the following periods: 
 • 7-8 December 1998 
 • 21-22 January 1999 
 • 1-2 - March 1999 
 • 14-15 May 1999 (Table 2). 
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Figure 6.3:  Collection of multiple cores around each faunal sample to allow physical data 
(sediment grain-size & organic content) to be related to the abundance and diversity of the animals 
at the smallest appropriate spatial scale (i.e. the replicate). 
 
 

core for sediment
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Figure 6.4:  Generalised flow chart showing the sequence of tests which are used to determine whether there is evidence of significant environmental 
impacts associated with dredging in the Noosa River estuary.  Decisions are made based on the results of specific F-tests in the analysis of variance 
tables.  Pooling of appropriate terms in the analysis, to increase the power of individual F-tests, was done if P > 0.25 (Winer et al., 1991) (After 
Underwood, 1993). 
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Table 2:  Sampling schedule for Stages 1-3 of the Noosa Dredging Impact study.  Dates of 

sampling, and the Regions which were sampled.  On each occasion, 16 samples were collected from 

each Region (4 replicates from each of 2 Sites within 2 Locations per Region).  Major events (such 

as dredging operation, floods etc.) are indicated. C1 = Control Region 1, C2 = Control Region 2, 

Dredge = Dredge Region, FHA = Fish Habitat Area, Island = Island Control Region (see text for 

further explanation) 

 

Major Event Sampling Period Dates Regions Sampled 

    

 Before-Time 1 22-23,30 Jan. 1998 C1, C2, Dredge, FHA 

 Before-Time 2 23-24 Feb. 1998 C1, C2, Dredge, FHA 

Interim Dredging Operations: 
April – May 1998 

   

 After-Time 1 9-10 June, 1998 C1, C2, Dredge, FHA 

 After-Time 2 6-7 July, 1998 C1, C2, Dredge, FHA 

Main Dredging Operations:  
September-November 1998 

   

 Post Main 1 7-8 December, 1998 C2, FHA, Island 

 Post Main 2 21-22 January, 1999 C2, FHA, Island 

Major Floods:  January-
February 1999 

   

 Post Flood 1 1-2 March, 1999 C1, C2, FHA 

 Post Flood 2 14-15 May, 1999 C1, C2, FHA 

 Post Flood 3 25-28 October, 1999 C1, C2, Dredge, FHA 

 

The December 1998/January 1999 and March/May 1999 samples were collected to allow an 

examination of any effects on benthic macrofauna which may arise as a result of a natural flood 

event.  In late January 1999, there was substantial flooding which occurred in the Noosa River (and 

other nearby Rivers) and this coincided with a period of heavy seas. Several sites, including one of 

the Control Regions (Control Region 2) and the Fish Habitat Area were sampled on each of these 

occasions.   

Control Region 1 was no longer suitable for sampling in the period from December 1998 to 

February 1999 because it was no longer intertidal and would, therefore, not provide an appropriate 

comparison with the habitats in the Dredge area or the Fish Habitat Area. As an alternative, another 

intertidal sand bank, Island Control Region (GPS coordinates = ), was sampled in December 1998 

and January 1999 to provide a second control region. By March 1999, however, Control Region 1 

was again an intertidal sandbank and was sampled on the remaining occasions (Table 2). 

Three specific sets of comparisons are possible using this full dataset, thus allowing consideration 

of whether the results reported as Stage 1 and Stage 2 in this study are likely to represent changes 

caused by the dredging operations. The specific comparisons to be presented in this report are: 
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(1) comparisons of pre- and post-interim dredging periods for the Dredge Region and the Fish 

Habitat Area (FHA); 

(2) comparisons of pre- and post main dredging operations for the Fish Habitat Area; 

(3) comparisons of any effects which occurred during dredging operations (and coincident with 

seasonal flooding) with those which  may have occurred during a period with seasonal flooding 

(but without dredging) for the Fish Habitat Area. 

The latter two sets of comparisons could only be addressed for the Fish Habitat Area because 

sampling of the Dredge Region was not continued routinely after completion of the initial contract 

(i.e. after July 1998). A final set of samples from the Dredge Area was collected in October 1999 

(Table 6.2) after discussions with Noosa Council and Queensland Fisheries Service (Formerly 

QDPI) were resumed in relation to future dredging operations. 

 

 

 

 

 

Plate 6.1.: School prawns sampled with a small otter trawl in Lake Weyba. 
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6.3: Results 
6.3.1: Contrast 1: Interim Dredging Operations 

6.3.1.1: Impacts in the Dredge Area (Stage One Operations) 

General: A total of 9, 566 macrofaunal animals was collected in samples from the sediments 

collected from the Dredge Region and the two Control regions near the mouth of the Noosa River 

as part of the examination of the impacts of the Interim Period of Dredging. Polychaete worms 

comprised approximately 50% of the total fauna, with molluscs comprising approximately another 

41% (Table 6.3). Bivalves were the dominant molluscs, with few gastropods (snails) present in the 

samples.  Crustaceans only made up about 6% of the total number of individuals.  There was some 

change in the overall contribution of these different taxa to the total number of individuals from 

before to after the onset of dredging.  For example, before dredging, molluscs comprised 47.5% of 

the total number of individuals, but after dredging the contribution of molluscs was only 

approximately 28%.  These changes in broad-scale community structure will be investigated in 

more detail below. 

 

Table 6.3:  Summary of the proportions of different major taxonomic groupings (crustaceans, 

molluscs, bivalves, polychaetes), including summaries for samples taken Before and After the onset 

of the Interim Period of Dredging.  (A) shows the  numbers of animals in the different taxa;  (B) 

shows the contribution of these taxa to the total number of individuals sampled 

 

Proportion of Total Fauna for Different Taxa % 
  

Polychaetes 50.22 

Crustaceans 6.38 

Molluscs (total) 40.45 

Bivalves 39.45 
  

Proportion of Total Fauna BEFORE dredging  
  

Polychaetes 48.16 

Crustaceans 2.22 

Molluscs (total) 47.54 

Bivalves 47.28 
  

Proportion of Total Fauna AFTER dredging  
  

Polychaetes 53.74 

Crustaceans 13.49 

Molluscs (total) 28.32 

Bivalves 26.08 

 

Number of Individuals: The total abundance of infaunal animals at the two Control Regions 

showed similar patterns of short-term fluctuations between Time 1 and Time 2 after the onset of 

dredging (Table 6.4; Figure 6.5A). There was no significant impact from the dredging on the short-

term temporal patterns in the Dredge Region compared with the Controls. 

The two Control Regions showed similar patterns of change from Before to After the dredging, with 

the total abundance of infaunal animals in sediments in these Regions declining (Figure 6.5B).  In 

contrast, the magnitude of change seen in the Dredge Region was significantly less (Table 6.4), and 
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this was detected as a significant long-term environmental impact coincident with the onset of the 

dredging operations. 

 

Table 6.4:  Summary of asymmetrical analyses of variance comparing the total number of 

individuals and the abundance of individual taxa in cores of sediment collected from two Control 

regions and from the Dredge region Before and After the Interim Period of Dredging.  Hypotheses 

relating to significant environmental impacts associated with the dredging operations require a 

sequence of tests to be done.  This sequence is explained in detail in Underwood (1993), and a 

modified flow diagram is shown in Figure 4. 

 

Variable Significant variable 

short-term 

fluctuations in 

Controls after 

Dredging 

Significant impact 

affecting short-

term patterns 

through time 

Significant 

differences from 

Before to After in 

the Controls 

Significant impact 

– Dredge area 

differs from Before 

to After cf. 

Controls 
     

No. Individuals No (P>0.30) No (P>0.90) No (P>0.19) Yes (P<0.01) 

No. Bivalves Yes (P<0.01) No (P>0.65) -- -- 

No. Tellina diluta Yes (P<0.05) No (P>0.75) -- -- 

No. Bivalve Sp. 1 No (P>0.24) No (P>0.13) -- -- 

No. Polychaetes No (P>0.82) No (P>0.74) No (P>0.80) Yes (P<0.06) 

No. Capitellids No (P>0.36) No (P>0.45) No (P>0.61) No (P>0.60) 

No. Glycerids No (P>0.73) No (P>0.95) No (P>0.13) Yes (P<0.05) 

No. Nereids No (P>0.98) No (P>0.97) No (P>0.38) Yes (P<0.01) 

No. Paraonids No (P>0.92) No (P>0.28) No (P>0.40) No (P>0.77) 

No. Magelonids No (P>0.40) No (P>0.80) No (P>0.15) Yes (P<0.01) 

No. Families No (P>0.92) No (P>0.44) No (P>0.82) Yes (P<0.01) 

No. Taxa No (P>0.25) No (P>0.36) No (P>0.82) Yes (P<0.07) 
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Figure 6 5: Number (±SE) of individuals in cores from the Dredge Region and two Control 

Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations); (B) Longer-term 

(Before to After) changes in abundance (N=32, pooled across 2 sites x 2 locations x 2 times). 

 

Significant variable short-term fluctuations in Controls after Dredging indicates that the populations 

in the Control Regions are fluctuating out of synchrony with each other over relatively short-time 

periods (between the two times After the dredging began). Tests for environmental impacts caused 

by dredging have little power in this case because of few degrees of freedom.  Significant impacts 

would need to cause very large changes in the populations at the Dredge Region so that they would 

be detected against the asynchronous fluctuations in the Control Regions. It is important to note, 

however, that populations which naturally undergo such large, asynchronous fluctuations through 

time are likely to be resilient to most environmental impacts. 
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Significant impacts affecting short-term patterns through time indicates that the short-term 

fluctuations in the Dredge Region are significantly different from those occurring in the Control 

Regions after the onset of dredging and this change is coincident with the start of the dredging and 

is not simultaneously occurring in the Control Regions. This result depends on the outcome of three 

separate analyses (see Figure 6.4). 

Significant differences from Before to After in the Controls indicates that there are different long-

term patterns of change between the two Control Regions. Again, any significant impact would 

have to cause a substantially different pattern of change in the Dredge region from Before to After 

to be detected against the changes in the Controls. 

Total Number of Bivalves: There were relatively few bivalves in the sediments in the Dredge 

Region compared with the two Control Regions before the dredging began (Figure 6.6). 

Conclusions about any differences in the temporal patterns of populations of bivalves in the Dredge 

Region and the Controls may not be particularly informative. 

There were significant differences in the short-term temporal trends in the two Control Regions 

after the disturbance (Table 6.4) seen as a sharp decline in abundance in Control 1 but not Control 2 

(Figure 6.6). The dredging had no detectable effect on the short-term temporal trends in the Dredge 

Region compared with the fluctuations in the Control Regions (Table 6.4). The significant 

difference in the short-term fluctuations between the two Control Regions means the data from the 

two times cannot be pooled to allow an examination of the longer-term fluctuations. 

Number of Tellina diluta: Tellina diluta was the most abundant of any species of bivalve in the 

samples, comprising approximately 20% of individuals. There were significant differences in the 

short-term temporal trends in the two Control Regions after the disturbance (Table 4). This was 

seen as a sharp decline in abundance in the abundance of Tellina diluta in Control 1 but an increase 

in abundance in Control 2 between the two times of sampling after the dredging had ceased (Figure 

6.7). 

There were few Tellina diluta in the sediment from any of the Regions before dredging began, but 

in the two Control Regions, there appeared to have been a substantial settlement of these animals.  

All the specimens of this species were extremely small, only 2-3 mm maximal width, suggesting 

recent recruitment. Although the formal analysis of the data could not detect a difference in the 

post-dredging temporal pattern between the Dredged Region and the Controls, the recruitment of 

these bivalves into the Control Regions but not the Dredge Region is worth noting. 

Number of Bivalve Species 1: Most of the bivalves which occurred in the samples were extremely 

small, only 2-3 mm maximal width. At this size, they are virtually impossible to identify to species 

level with any certainty (Kevin Lamprell, Queensland Museum – personal communication). The 

majority of the specimens of these small bivalves (approximately 68% of the bivalves from the 

samples) consisted of these small specimens, which were tentatively identified as either Mactra sp., 

Eumarcia fumigata, Davilla plana, or Gomphina fulgida. These small juveniles were analysed as a 

single species, but it should be recognised that there is some potential for several species to be 

included in these counts. At this stage, the only reliable approach to identify the animals in future 

studies would be to collect juveniles and grow them until they reach a size where they can be 

recognised. 

As was the case for Tellina diluta, Bivalve Species 1 was abundant in the two Control Regions but 

not in the Dredge Region. There was a consistent decline in the abundance of this bivalve through 

time (Figure 6.8). The short-term temporal fluctuations were similar in the Control Regions after 

dredging (Table 6.4), and this temporal pattern in the Control Regions was significantly different 

from that in the Dredge Region. This suggests that the impact from dredging affects the short-term 
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temporal trends in the Dredge Region (see flow chart in Figure 6.4) but, in fact, the difference 

between the Controls Regions and the Dredge Region already existed before the onset of dredging 

and hence cannot be attributed to the dredging operations (Table 6.4). 

 

Figure 6.6:  Number (+SE) of bivalves in cores from the Dredge Region and the two Control 

Regions. Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). The significant 

differences in the short-term fluctuations after dredging between the two Control Regions precludes 

further analysis to examine longer-term changes (see text for further details). 

 

 

Figure 6.7: Number (+SE) of Tellina diluta in cores from the Dredge Region and the two Control 

Regions.  Short-term fluctuations (n=16, pooled across 2 sites x 2 locations).   
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Figure 6.8: Number (+SE) of Bivalve Species 1 in cores from the Dredge Region and the two 

Control Regions.  Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). 

 

Number of Polychaete Worms: The patterns of change in the populations of polychaete worms in 

the two Control Regions were similar to each other after the onset of dredging (Figure 6.9A), each 

showing a slight increase in abundance. No significant difference in the short-term temporal trends 

at the Dredge Region compared with the Controls was detected (Table 6.4). The number of 

polychaetes in all Regions showed a slight increase between times after the dredging (Figure 6.9A). 

Similarly, the pattern of temporal change from Before to After the dredging was similar in both 

Control Regions (Figure 6.9B;  Table 6.4), allowing a relatively powerful examination of the 

potential environmental impact associated with the difference in the long-term change in abundance 

of polychaetes between the Control Regions and the Dredge Region. The abundance of polychaetes 

declined in both the Control Regions, but not in the Dredge Region, from Before to After dredging, 

and this was detected as a significant environmental impact (Table 6.4). 

Number of Capitellid Polychaetes: There was no significant effect of dredging on capitellid 

polychaetes at either short- or long-temporal scales (Table 6.4). The abundance of capitellids was 

generally small in all Regions before dredging (Figure 6.10), then increased at one of the Control 

Regions after dredging, but not the other. There was considerable small-scale spatial variability, at 

the scale of sites (10’s of metres). 

Number of Glycerid Polychaetes: There were few glycerid polychaetes in cores from either of the 

Control Regions compared with the Dredge Region before or after the onset of dredging (Figure 

6.11). The short-term temporal pattern of change in the numbers of glycerids after the dredging was 

completed was similar in both Control Regions, but also in the comparison of the Control Regions 

with the Dredge Region (Table 6.4). The long-term temporal change in abundance (Before to After 

dredging) was significantly different in the Dredge Region compared with the average of the 

Control Regions, indicating a significant environmental impact coincident with the dredging 

operations. Overall, the number of glycerid polychaetes declined by approximately 40% in the 

Dredge Region after dredging had stopped. 
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Figure 6.9: Number (+SE) of polychaetes in cores from the Dredge Region and the two Control 

Regions.  (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) Longer-term 

changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 

 

Number of Nereidid Polychaetes: There were substantially more nereid polychaetes in the Control 

Regions than the Dredge Region before dredging, but after dredging was completed, densities were 

very small in all Regions (Figure 6.12). Although analysis detected the change in abundance of 

nereids as a significant environmental impact (Table 6.4), this result should be viewed with some 

caution. Abundances of these worms declined in all areas, but there were few nereids in the Dredge 

Region before dredging began, so it is not surprising that the abundance in this region did not 

decline as much as in either of the Control Regions. 
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Figure 6.10: Number (+SE) of capitellid polychaetes in cores from the Dredge Region and the two 

Control Regions.  (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 

 

Number of Paraonid Polychaetes: There was no significant effect of dredging on paraonid 

polychaetes at either short- or long-temporal scales (Table 6.4). The abundance of paraonids was 

greater in one of the Control Regions than the other Control Region or the Dredge Region at the 

start of the monitoring programme but had decreased by the onset of dredging (Figure 6.13). There 

was an increase in the abundance of paraonids in both Control Regions by the time the second set of 

samples were collected after cessation of dredging. Longer-term patterns of change in the 

abundance of paraonids were different in the two Control Regions, with one showing a gradual 

increase in abundance, the other showing a marked decrease in abundance. 
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Figure 6.11: Number (+SE) of glycerid polychaetes in cores from the Dredge Region and the two 

Control Regions.  (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.12: Number (+SE) of nereidid polychaetes in cores from the Dredge Region and the two 

Control Regions.  (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.13: Number (+SE) of paraonid polychaetes in cores from the Dredge Region and the two 

Control Regions.  (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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magelonids in the Dredge Region before dredging suggests that conditions there may not be suitable 

for colonisation and that this groups of animals is not a useful indicator of environmental stress. 

 

 

 

 

Figure 6.14: Number (+SE) of magelonid polychaetes in cores from the Dredge Region and the 

two Control Regions.  (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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of other research projects, indicated that these worms did not appear to have recruited elsewhere, 

suggesting some set of conditions in the Dredge Region after dredging was suitable for settlement 

and/or recruitment for these animals. 

Number of Families of Polychaetes: The long-term pattern of change in the diversity of 

polychaete families in the Dredge Region was significantly different from that in the two Control 

Regions (Table 6.4). Initially, the Dredge Region had lower diversity than the Control Regions 

(Figure 6.15), but after dredging this has increased, while diversity in the two Control Regions had 

decreased. This indicates a significant effect of dredging on the diversity of the system.  The 

specifics of the changes in the structure of the polychaete assemblage, and the entire infaunal 

community will be examined in more detail below. 

 

 

Figure 6.15: Number (+SE) of families of polychaetes in cores from the Dredge Region and the 

two Control Regions.  (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.16: Number (+SE) of taxa in cores from the Dredge Region and the two Control Regions.  

(A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) Longer-term changes 

(Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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appeared that the composition of the  polychaete assemblage in the Dredge Region was now more 

similar than before to the two Control Regions which were not different from each other (ANOSIM;  

Figure 6.17B).  This convergence in the structure of the assemblage in the three Regions after 

dredging  is supported by the decrease in the magnitude of the R-statistic for the comparisons 

among the three Controls.  For the comparisons of the Control Regions with the Dredge Region the 

R-statistic is smaller after dredging than before. 

 

 

 

Figure 6.17: nMDS ordination on fourth root transformed polychaete abundance from core samples 

collected in each of 2 sites x 2 locations from three Regions (Control 1, Control 2 and Dredge). (A) 

Data from Before the onset of dredging; (B) Data from After the completion of dredging. 
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6.3.1.2: Impacts in the Fish Habitat Area (Stage One Operations) 

General: A total of 3,052 macrofaunal animals was collected in samples from the sediments in the 

Fish Habitat Area (FHA), of which 49% were polychaetes, 21% were bivalves and 11% were 

crustaceans. The remainder were from a variety of different taxa including gastropods and other 

worms, but no individual taxon in this latter group was sufficiently abundant for analysis. The taxa 

which were examined were the same groups that were analysed for the comparison of the Dredge 

area with the Controls, allowing direct comparisons of the results from the Dredge Region and Fish 

Habitat Areas. The FHA was considered a critical habitat by Qld Fisheries (Department of Primary 

Industries) and received special protection under the relevant legislation. Incorporation of this 

component of the study was at the instigation of Fisheries. 

Number of Individuals: The analysis of the total number of individuals in the Fish Habitat Region 

mirrored the results for the Dredge Region: there was a significant difference in the long-term (from 

Before to After) pattern of change in the FHA compared with the two Control regions (Table 6.5).  

There was no significant impact from the dredging on the short-term temporal patterns of 

abundance in the FHA compared with the Controls (Figure 6.18A). 

The two Control regions showed a decline in abundance from Before to After but the FHA showed 

a marked increase in total abundance over the same time period.  The difference between the FHA 

and the two Controls was even more pronounced than that observed for the Dredge Region 

(compare Figure 6.5B with Figure 6.18B). 

Number of Bivalves: There were relatively more bivalves in the sediments of the FHA than 

observed for the Dredge Region, allowing more meaningful analyses to be done. There was no 

significant difference in the short-term temporal fluctuation of bivalves in the FHA compared with 

the Controls (Figure 6.19A;  Table 6.5). The significant differences in the short-term temporal 

trends in the two Control regions meant that longer-term changes in the abundance of bivalves 

could not be examined, but there was an overall trend which suggested the presence of a longer-

term impact. There was very little change in the abundance of bivalves from Before to After in the 

FHA, but the abundance of bivalves declined sharply in both the Control regions (Figure 6.19B). 

Number of Tellina diluta: There were relatively more Tellina diluta in the sediments in the FHA 

compared with the Dredge region, allowing more meaningful comparisons to be made because 

clearly this habitat was suitable for occupation by the bivalve. There were significant differences in 

the short-term temporal trends in the two Control regions after the dredging (Figure 6.20A), but no 

significant difference in the short-term trends between the FHA and the Controls was detected 

(Table 6.5). As mentioned for the Dredge Area, there appeared to have been a substantial 

recruitment of Tellina diluta into the sediments of the Control regions but not the FHA. In the case 

of the Dredge Region, there were very few T. diluta present before the dredging, so it may have 

been the case that this represented a marginal habitat for this species and the lack of recruitment 

was unrelated to the dredging. This was not the case for the FHA:  the overall abundance in this 

region was similar to the Control regions Before dredging, but not After (Figure 6.20B).  There was, 

in fact, a slight decline in the abundance of Tellina diluta from Before to After the dredging. 

Number of Bivalve species 1: As for Tellina diluta, there were relatively more of Bivalve Species 

1 in the FHA region than the Dredge region, suggesting that the FHA represented a more suitable 

habitat for this species. There was no significant difference in the short-term temporal patterns 

between the two Control regions after the dredging and there was no significant difference in the 

short-term fluctuations between the FHA and the Controls (Figure 6.21A). There was, however, a 

significant difference in the longer-term (from Before to After) change in abundance of this bivalve 

between the FHA and the two Control Regions (Table 6.5;  Figure 6.21B). The abundance of 

Bivalve Species 4 declined sharply in the two Control regions, but this temporal fluctuation was 
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less marked in the FHA. It is important to note though that the abundance of this bivalve was 

significantly less in the FHA before the onset of dredging but the abundance was similar in all three 

regions after dredging. The less marked decline in abundance of this species in the FHA may 

simply be due to the fact that there were fewer animals there in the first place. The densities 

declined in all regions to a similar level suggesting some other factor was influencing this species. 

Table 6.5:  Summary of asymmetrical analyses from Stage 1 (Dredge Area) and Stage 2 (Fish 

Habitat Area) to determine whether dredging in the mouth of the Noosa River estuary was 

associated with significant environmental impacts on the assemblages of benthic invertebrates 

living in intertidal sediments (other details as in Table 6.4). 

 

 Stage 1 - Dredge Region Stage 2- Fish Habitat Area 
Variable Type of Effect Type of Effect 

Total Individuals Significant - Dredge area differs 

from Before to After cf. Controls  

Significant - Dredge area differs from 

Before to After cf. Controls 

Bivalves No significant impact detected No significant impact detected Trend - FHA 

differs from Before to After cf. Controls 

 Tellina diluta No significant impact detected No significant impact detected 

 Bivalve sp. 1 No significant impact detected Significant - FHA differs from Before to 

After cf. Controls 

Crustaceans No significant impact detected No significant impact detected 

Polychaetes Significant - Dredge area differs 

from Before to After cf. Controls 

Significant - FHA area differs from Before 

to After cf. Controls 

 Capitellids No significant impact detected No significant impact detected 

 Glycerids Significant - Dredge area differs 

from Before to After cf. Controls 

Significant - FHA area differs from Before 

to After cf. Controls 

 Magelonids Statistically significant result, but 

probably not of biological 

importance (see Report - Stage 1) 

Significant - FHA area differs from Before 

to After cf. Controls 

 Nereids Statistically significant result, but 

probably not of biological 

importance (see Report - Stage 1) 

No significant impact detected 

 Paraonids No significant impact detected No significant impact detected 

 Families Significant - Dredge area differs 

from Before to After cf. Controls 

Significant - FHA area differs from Before 

to After cf. Controls 

Sediment Grain-Size No significant impact detected No significant impact detected 

Sediment Sorting Significant - Dredge area differs 

from Before to After cf. Controls 

No significant impact detected 
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Figure 6.18: Number (+SE) of individuals in cores from the FHA Region and the two Control 

Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) Longer-term 

changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 

 

Number of Polychaetes: In the comparison of the Dredge Region with the two Control regions, the 

total abundance of polychaetes was initially (i.e. before Dredging) very similar to that in the 

Controls. After dredging, the abundance had declined markedly in both Control regions but stayed 

very similar in the Dredge Region. In the FHA, the initial abundance of polychaetes was less than in 

the Control regions, but the final abundance was, again, significantly greater after dredging (Figure 

6.22A).  This difference was detected as a significant difference in the long-term (from Before to 

After) temporal fluctuations in the FHA compared with the two Control Regions (Table 6.5; Figure 

6.22B).  Again, the long-term change in the FHA was relatively small, whereas there was a 

significant decline in the abundance of worms in the two Controls. 
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Number of Capitellid Polychaetes: The abundance of capitellid polychaetes in the FHA steadily 

increased over the time course of sampling, but there were variable patterns of change observed in 

the two Control Regions. In one Control region, the abundance of capitellids changed very little 

during the sampling programme, maintaining small densities throughout (Figure 6.23A). In the 

other Control region, the abundance of capitellids went through marked fluctuations. There was 

considerable small-scale variation in the abundance of these worms, at the scale of the sites among 

locations, and this variation dominated the analyses. Despite the large-scale differences in temporal 

fluctuations between the two Control regions after dredging, this was not detected as being 

significant, nor were the comparisons of longer-term temporal fluctuations (Table 6.5;  Figure 

6.23B). 

 

 

Figure 6.19: Number (+SE) of bivalves in cores from the FHA Region and the two Control 

Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) Longer-term 

changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.20: Number (+SE) of Tellina diluta in cores from the FHA Region and the two Control 

Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) Longer-term 

changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 

 

Number of Glycerid Polychaetes: The abundance of glycerid polychaetes showed a sharp increase 
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region, despite the large difference in the abundance of glycerid polychaetes in the two regions. 
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Figure 6.21: Number (+SE) of Bivalve Species 1 in cores from the FHA Region and the two 

Control Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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to After) temporal trajectories of nereid polychaetes (Figure 6.25B) indicating the populations in the 

two Control regions were behaving differently from each other. 

Number of Paraonid Polychaetes: The situation for paraonid polychaetes in comparisons of the 

FHA region with the Control regions mirrored that just described for the nereids. There were 

significant differences in the short-term fluctuations between the FHA region and the two Control 

regions (Figure 6.26A), but these different temporal trajectories already existed before the onset of 

dredging.  Factors other than dredging must be responsible for the different patterns of change in 

the FHA region compared with the Control regions. 

 

 

 

Figure 6.22: Number (+SE) of polychaetes in cores from the FHA Region and the two Control 

Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) Longer-term 

changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.23: Number (+SE) of capitellid polychaetes in cores from the FHA Region and the two 

Control Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.24: Number (+SE) of glycerid polychaetes in cores from the FHA Region and the two 

Control Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.25: Number (+SE) of nereidid polychaetes in cores from the FHA Region and the two 

Control Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.26: Number (+SE) of paraonid polychaetes in cores from the FHA Region and the two 

Control Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.27: Number (+SE) of magelonid polychaetes in cores from the FHA Region and the two 

Control Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.28: Number (+SE) of polychaete families in cores from the FHA Region and the two 

Control Regions. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations). (B) 

Longer-term changes (Before to After) (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Control regions (Table 6.5). Overall, there was a slight increase in the abundance of magelonid 

polychaetes in the FHA region, whereas populations in the Control regions declined markedly over 

the same time period (Figure 6.27B). 

Number of Saccocirrid Polychaetes: There were no saccocirrid polychaetes found in the 

sediments in the FHA region. If the changes in the Dredge region after dredging were responsible 

for creating an ‘new’ habitat suitable for colonisation by these worms, then similar conditions were 

not present in the FHA, or water movements and other hydrodynamic influences were not suitable 

for settlement of these worms from the plankton. 

Number of Families of Polychaetes: The initial diversity of worm families in the FHA was much 

less than the Control regions, but increased to similar levels Before the onset of dredging. After 

dredging, there was little change in the number of families in the FHA region, but there were fewer 

families in either Control region (Figure 6.28A). The long-term change in diversity of polychaetes 

(represented at the Family level) in the FHA region, compared with the Controls, followed a similar 

pattern to that seen in the Dredge region (compare Figure 6.15 with Figure 6.28).  There was a 

marked increase in the number of families of worms present in the FHA region after dredging, 

whereas there was a marked decrease in the diversity of the worms in both Control regions (Table 

6.5; Figure 6.28B). 

6.3.2: Contrast 2: Main Dredging Operations 

Number of Individuals: In contrast to the situation detected after the preliminary dredging 

operations, there was no evidence of a significant impact on the total number of individuals after the 

completion of the main dredging operation (Table 6.6).  The short-term fluctuations in the two 

Control regions were significantly different from those in the FHA (Figure 6.29), but it was evident 

that this difference already existed before dredging began. Clearly, the total number of animals in 

the benthic community in the Fish Habitat Area was fluctuating in a different way compared with in 

either of the Control regions but such a difference could not be attributed to the dredging 

operations. 

In fact, this result actually confirms the patterns of change observed in the FHA over the course of 

the preliminary dredging (compare Figures 6.18 and 6.29), despite the outcome of the formal 

statistical tests. Prior to the onset of dredging, the total number of individuals in the Fish Habitat 

Area was increasing, while it was decreasing in each of the Control Regions. After the preliminary 

dredging, there was a great deal of small-scale variability in the number of animals in the Control 

Regions and the short-term fluctuations in abundance varied between the two (Figure 18). Overall 

though, the cessation of the preliminary dredging was not coincident with a significant difference in 

the short-term temporal trends in the FHA compared with the Control regions and so only the 

longer-term fluctuations were examined.   

After the main dredging was completed, however, the abundance of animals in the Control Regions 

was fluctuating in similar ways (Figure 6.29) and a significant difference was detected between this 

pattern of change and that occurring in the Fish Habitat Area.  This significant short-term variation 

meant more detailed analysis of the short-term fluctuations prior to dredging was possible and this 

demonstrated that the differences existed prior to the onset of dredging. 

Number of Bivalves: In the analyses for the interim period of dredging, there were significant 

differences in the short-term fluctuations in the abundance of bivalves between the two Control 

regions (see Table 6.5), precluding formal analysis of longer-term patterns of change (i.e. from 

Before to After dredging). It was noted, however, that the abundance in the Control regions decline 

sharply over the time period of the interim dredging, but this was not observed in the Fish Habitat 

Area. 
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Analysis of the data on the abundance of bivalves over the time period of the main dredging 

operations showed that the pattern of change in the fish Habitat Area was not significantly different 

from that in the two Control regions (Table 6.6), with densities declining in all three regions (Figure 

6.30B).  There was no significant difference in the  

There were relatively more bivalves in the sediments of the FHA than observed for the Dredge 

Region, allowing more meaningful analyses to be done. There was no significant difference in the 

short-term temporal fluctuation of bivalves in the FHA compared with the Controls (Figure 6.19A;  

Table 6.5). The significant differences in the short-term temporal trends in the two Control regions 

meant that longer-term changes in the abundance of bivalves could not be examined, but there was 

an overall trend which suggested the presence of a longer-term impact. There was very little change 

in the abundance of bivalves from Before to After in the FHA, but the abundance of bivalves 

declined sharply in both the Control regions (Figure 6.19B). 

 

 

 

Figure 6.29: Number (+SE) of individuals in cores from the FHA Region and the two Control 

Regions, Before the onset of dredging and After completion of the main dredging operation. (A) 

Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. 
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Table 6.6:  Summary of asymmetrical analyses of variance comparing the total number of 

individuals and the abundance of individual taxa in cores of sediment collected from two Control 

regions and from the FHA region Before and After the Main Period of Dredging.  Other details as 

in Table 6.4. 

 

Variable Significant variable 

short-term 

fluctuations in 

Controls after 

Dredging 

Significant impact 

affecting short-

term patterns 

through time After 

Significant 

differences from 

Before to After in 

the Controls 

Significant impact 

– Dredge area 

differs from Before 

to After cf. 

Controls 
     

No. Individuals No (P>0.70) No (P>0.34) 1   

No. Bivalves No (P>0.81) No (P>0.22) No (P>0.63) No (P>50) 

No. Tellina diluta Yes (P<0.03) No (P>0.70)   

No. Bivalve Sp. 1 No (P>0.49) No (P>0.31) No (P>0.95) Yes (P<0.01) 2 

No. Polychaetes No (P>0.98) No (P>0.24) 1   

No. Capitellids No (P>0.85) No (P>0.90) No (P>0.19) Yes (P<0.07) 

No. Glycerids No (P>0.92) No (P>0.79) No (P>0.13) Yes (P<0.01) 2 

No. Nereids No (P>0.68) No (P>0.66) No (P>0.56) No (P>0.71) 

No. Paraonids No (P>0.90) No (P>0.15) No (P>0.66) No (P>0.16) 

No. Magelonids No (P>0.95) No (P>0.59) Yes (P<0.05) No (P>0.31) 

No. Families No (P>0.26) No (P>0.52) No (P>0.82) Yes (P<0.00) 

No. Crustaceans No (P>0.10) No (P>0.48) No (P>0.65) No (P>0.28) 

No. Gammarids No (P>0.28) No (P>0.66) No (P>0.83) No (P>0.63) 

No. Crabs No (P>0.14) No (P>0.63) No (P>0.98) Yes (P<0.02) 
 

1=The short-term temporal trends in the FHA area after dredging were significantly different from those in the two 

Control regions but further analysis determined that the differences in trajectories existed before dredging began, hence 

there was no significant impact from dredging on the total abundance of benthic invertebrates, or the abundance of 

polychaetes. 

 

2=Analysis indicated the longer-term pattern of change in the FHA varied significantly from that in the Control regions.  

This statistical result may not represent a biologically important environmental impact – see text for further details. 

 

Number of Tellina diluta: The short-term fluctuations in the abundance of Tellina diluta varied 

significantly between the two Control regions (Table 6.6;  Figure 6.31A), with Control 1 showing a 

marked peak in abundance in December 1998 which was not seen in Control 2. There was no 

significant difference between the short-term fluctuations in abundance of T. diluta in the FHA 

compared with the Control regions (Table 6.6). Even though this latter test would have had low 

power due to few degrees of freedom, it is also the case that a disturbance would have to be 

particular large in order to impact on populations which go through such significant, variable small-
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scale fluctuations in their abundance (Underwood, 1993). The disturbance caused by the main 

dredging operations was not sufficient to cause such an impact on Tellina diluta. 

 

 

 

 

Figure 6.30: Number (+SE) of bivalves in cores from the FHA Region and the two Control 

Regions, Before the onset of dredging and After completion of the main dredging operation. (A) 

Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term (Before to 

After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.31: Number (+SE) of Tellina diluta in cores from the FHA Region and the two Control 

Regions, Before the onset of dredging and After completion of the main dredging operation. (A) 

Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term (Before to 

After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 

 

Number of Bivalve Species 1: There was a clear and significant difference in the patterns of 
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regions (Table 6.6;  Figure 6.32). The abundance of Bivalve Species 1 was relatively large in each 

of the Control regions before the onset of dredging, but declined markedly over the course of the 

dredging operations. In fact, most of this decline had occurred by the time the interim dredging 

operation had concluded (Figure 6.21). In contrast, there were few of this species in the Fish Habitat 
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different between the FHA and the Controls and statistically, this could be interpreted as an impact 

from the dredging. As was noted in the report on the effects of the interim dredging operations, the 

less marked decline in the FHA could simply be due to the fact that there were fewer animals in that 

region than the Controls initially, and that the decline in abundance had occurred throughout the 

outer estuary and was not therefore a result of the dredging operations. Taken alone, this result does 

not provide strong evidence for an environmental impact associated with the dredging operations. 

Number of Polychaetes: There was considerable variation in the small-scale, short-term 

fluctuations in the abundance of polychaetes, especially in the Control regions at the spatial scale of 

Sites. The short-term fluctuations in abundance were not significantly different between the two 

Control regions (Table 6.6), with overall abundance of the worms declining after the dredging 

(Figure 6.33A). There was a significant difference in the short-term fluctuations of polychaete 

numbers in the FHA compared with the Control region (Figure 6.33A) after dredging (Table 6.6). 

The abundance of polychaetes in the FHA increased over the two time periods after dredging, while 

abundances declined in the two Control regions. Further analysis indicated, however, that this 

significant difference in the short-term fluctuations of polychaete numbers already existed prior to 

the onset of dredging (Figure 6.33A) and therefore there was no indication that dredging caused a 

significant change in the short-term temporal trajectories of the worms in the FHA. 

Number of Capitellid Polychaetes: There were marked increases in the abundance of capitellid 

polychaetes in sediment in the FHA over the time course of the main dredging operations, whereas 

there were few changes in the abundance of these worms in either of the Control regions. There 

were no significant differences in the short-term fluctuations in abundance of capitellids in the FHA 

compared with the Control regions (Table 6.6;  Figure 6.34A), but the longer-term patterns of 

change (from Before to After dredging) were significantly different between the FHA and the 

Controls (Table 6.6). Capitellid polychaetes have recruited to the sediments in the FHA in larger 

numbers than in the two Control regions. 

Number of Glycerid Polychaetes: The abundance of glycerid polychaetes was initially relatively 

large in the FHA compared with the two Control regions, but densities were similar in all three 

regions after dredging. There was no effect of the dredging on the short-term temporal fluctuations 

in glycerid numbers after dredging in the FHA compared with the two Control regions (Table 6.6; 

Figure 6.35A). There was a significant difference though in the longer term (Before to After 

dredging) patterns of change in the FHA and the Control regions (Table 6.6; Figure 6.35B). The 

abundance of glycerids declined markedly in the FHA to levels similar to those in the Controls. 

Although this represents a statistically significant result which may indicate an environmental 

impact, a similar situation exists to that observed for Bivalve Species 1 (above). The final densities 

of glycerids in the FHA were similar to those in the Control regions after the completion of 

dredging. The significant difference in temporal trajectories between the FHA and the Controls 

comes about because of the large number of these worms which were present in the FHA but not 

the Control regions prior to dredging (Figure 6.35). The less marked decline in the Control regions 

could simply be due to the fact that there were fewer animals in those regions than the FHA 

initially, and that the decline in abundance had occurred throughout the outer estuary and was not 

therefore a result of the dredging operations. 

Number of Nereidid Polychaete: In contrast to the situation after the preliminary dredging (see 

above), there was no significant difference in the short-term temporal fluctuations in abundance of 

nereid worms in the FHA and the Control regions after cessation of the main dredging operations 

(Table 6.6;  Figure 6.36A).  All three regions showed small changes in abundance between the two 

times after dredging.  Overall, the longer-term pattern of change in the FHA was similar to that 

observed in the two Control regions (Figure 6.36B) and no significant environmental impact on the 

abundance of nereid polychaetes was detected (Table 6.6). 
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Figure 6.32: Number (+SE) of Bivalve Species 1 in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term 

(Before to After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 

 

 

 

 

 

 

 

 

 

B

B

B B

J

J

J
J

H
H

H H0

10

20

30

40

50

60

70

B

B

J

J
H

H
Before After

0

10

20

30

40

50

Pre-Dredging Post-Dredging

(A)
M

ea
n 

(±
SE

) n
um

be
r o

f B
iv

al
ve

 S
pe

ci
es

 1
 p

er
 c

or
e

Ja
n_

98

Fe
b_

98

De
c_

98

Ja
n_

99

B Control 1
J Control 2
H FHA

(B)



 153 

 

 

 

Figure 6.33: Number (+SE) of polychaete worms in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term 

(Before to After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.34: Number (+SE) of capitellid polychaetes in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term 

(Before to After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.35: Number (+SE) of glycerid polychaetes in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term 

(Before to After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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observed in the two Control regions (Figure 6.36B) and no significant environmental impact on the 

abundance of nereid polychaetes was detected (Table 6.6). 
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Figure 6.36: Number (+SE) of nereidid polychaetes in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term 

(Before to After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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polychaetes. Despite the apparent difference in the short-term temporal change in the FHA 

compared with the Controls after dredging (Figure 6.37), this difference was not detected as being 

significant (Table 6.6), presumably because of the highly significant variation at smaller scales. 

There was no significant difference in the longer-term (from Before to After dredging) pattern of 

change in paraonid numbers in the FHA compared with the Control regions, although again there 

was considerable variation at smaller spatial scales (Figure 6.37). 
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Figure 6.37: Number (+SE) of paraonid polychaetes in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. 

 

Number of Magelonid Polychaetes: The short-term temporal fluctuations in the abundance of 
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Figure 6.38: Number (+SE) of magelonid polychaetes in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. 
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Figure 6.39: Number (+SE) of families of polychaetes in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term 

(Before to After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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dredging for each of the locations within the Controls and the FHA. As a result, the test for whether 

the two Control regions were fluctuating asynchronously after dredging was not significant, despite 

the apparently large differences in temporal trajectories for the two Control Regions (Figure 6.40A, 

6.41A), because it was dependent on this smaller-scale variation. 

 

 
 

Figure 6.40: Number (+SE) of crustaceans in cores from the FHA Region and the two Control 

Regions, Before the onset of dredging and After completion of the main dredging operation. (A) 

Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term (Before to 

After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Control 2. There was no significant difference in the pattern of change over the course of the 

dredging operation and hence no significant impact of the dredging on the abundance of crustaceans 

or the gammarid amphipods (Table 6.6). 

 

 

 

 
 

Figure 6.41: Number (+SE) of gammarid amphipods in cores from the FHA Region and the two 

Control Regions, Before the onset of dredging and After completion of the main dredging 

operation. (A) Short-term fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term 

(Before to After) changes (n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.42: Number (+SE) of crabs in cores from the FHA Region and the two Control Regions, 

Before the onset of dredging and After completion of the main dredging operation. (A) Short-term 

fluctuations (n=16, pooled across 2 sites x 2 locations. (B) Longer-term (Before to After) changes 

(n=32, pooled across 2 sites x 2 locations x 2 times). 
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locations, thus there was no significant difference detected in the short-term temporal fluctuations 

between the two Control regions, despite the apparent variation in their trajectories (Figure 6.42A). 
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The longer-term temporal change, from Before to After the dredging, was significantly different 

between the Fish Habitat Area and the Control regions (Table 6.6;  Figure 6.42B).  In each of the 

Control regions, there was a significant recruitment of Mictyris longicarpus, but this was not seen in 

the FHA. This suggests the dredging had affected the intertidal banks in the FHA preventing 

recruitment of the crabs, or causing increased rates of post-settlement mortality prior to the areas 

being sampled. This assumption is reasonable because there was considerable recruitment into the 

FHA sediments recorded in July 1998 (Figure 6.43), indicating that larvae were transported into the 

vicinity of the FHA and were capable of settling there. 

 

 
 

Figure 6.43: Number (+SE) of crabs in cores from the FHA Region and the two Control Regions, 

on each occasion samples were collected, starting in January 1998, before the onset of dredging 

(n=16, pooled across 2 sites x 2 locations). 
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6.3.3: Contrast 3: Major Flooding in the Absence of Dredging 

The final set of comparisons to be examined were aimed at determining whether any of the 

significant impacts identified in the analyses examining the main dredging operation (Contrast 2 

above) could be attributed to the summer flooding through the Noosa River system in 1998. To this 

end, additional sampling was done before and after a period of intense flooding in the summer of 

1999, at a time when no additional dredging was occurring in this system. 

The outcomes of the various analyses which have been done as part of this staged investigation are 

shown in Table 6.7. The first column shows the outcomes of the analyses done as part of Stage 1 - 

examination of any impacts in the area immediately surrounding the primary dredge area in the 

mouth of the estuary. The second column shows the results from Stage 2 which then examined the 

presence of any impacts in the more important Fish Habitat Area. Both Stage 1 and 2 were based on 

analysis of samples taken after the PRELIMINARY dredging operations. The final column shows 

the outcomes of the latest set of analyses, based on samples collected after cessation of the main 

dredging operations in the Fish Habitat Area. The shaded areas in the table indicate results which 

are of concern in terms of an overall indication of environmental impacts arising from the dredging. 

It is these results which need to be considered further in relation to the likelihood that they were 

induced by the dredging operations, by the intense summer flooding which occurred at the 

beginning of the dredging, or some combination of both sources of disturbance. 

The taxonomic groups which have been significantly impacted during the period coinciding with 

the dredging operations are:  (i) Bivalve species 1;  (ii) the capitellid polychaetes;  (iii) the glycerid 

polychaetes;  (iv) the number of families of polychaetes; and the number of crabs – Mictyris 
longicarpus (Table 6.7).   

For two of these variables, the number of Bivalve Species 1 and the number of glycerids, statistical 

analysis indicated the longer-term (i.e. from Before to After dredging) pattern of change in the FHA 

was significantly different from that in the Control regions; the statistical definition of an impact. 

The statistical result may not, however, represent an impact from a biological and ecological 

perspective. In the case of the glycerid polychaetes (Figure 6.35), there were considerably more of 

these worms in the FHA than either of the Control regions prior to the onset of dredging, but after 

cessation of dredging densities were similar in all three regions. The abundance of these worms had 

declined markedly in the FHA compared with the Controls, hence the statistically significant result 

in analyses. It is important to note, however, that the abundance of glycerids in all three regions 

reached similar levels by December 1998. The relatively smaller change in abundance from Before 

to After dredging seen in the Control regions may simply be due to the fact that the populations 

there could not decline as much as in the FHA because there were already significantly fewer 

animals in the Controls than in the FHA. 

A similar result is obtained when considering the abundance of Bivalve Species 1 (Figure 6.32). In 

this case though, there were significantly greater numbers of this species occurred in the Controls 

regions than the FHA initially, but the abundance declined to similar levels in all three regions after 

dredging. The level of decline in the FHA was statistically less than seen in the Control Regions but 

this may have been a function of the smaller abundances initially. 

Of the remaining variables which have been analysed, the results indicate significant impacts on the 

abundance of capitellid polychaetes, the number of families of polychaetes (as a measure of 

diversity) and the abundance of crabs (Mictyris longicarpus). There is some potential for the 

summer flooding which coincided with the initial dredging operations to have influenced these 

results, so it is necessary to examine the effects of another period of flooding (February 1999) to 

determine the impact of flooding in the absence of dredging. 
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Table 6.7:  Comparison of the outcomes from analyses to detect significant environmental impacts 

associated with dredging in the mouth of the Noosa River estuary 

 

Variable Preliminary 

Dredging – 

Dredge Area 

Preliminary 

Dredging – FHA 

Area 

Main Dredging – 

FHA Area 

    

No. Individuals 
Impact 

Impact No Impact 

No. Bivalves No Impact No Impact No Impact 

No. Tellina diluta No Impact No Impact No Impact 

No. Bivalve Sp. 1 No Impact 
Impact Impact 2 

No. Polychaetes 
Impact 

Impact No Impact 

No. Capitellids No Impact No Impact 
Impact 

No. Glycerids 
Impact 

Impact Impact 2 

No. Nereids 
Impact 

No Impact No Impact 

No. Paraonids No Impact No Impact No Impact 

No. Magelonids Impact Impact No Impact 

No. Families Impact Impact 
Impact 

No. Crustaceans No Impact No Impact No Impact 

No. Gammarids 1 Not Analysed Not Analysed No Impact 

No. Crabs 1 Not Analysed No Impact 
Impact 

    
 
1= there were insufficient gammarid amphipods or crabs (Mictyris longicarpus) in samples before 

dredging, or after the preliminary dredging operation, to allow analysis.  There was a large 

recruitment of these groups prior to the cessation of the main dredging operation. 

 

2=analysis indicated the longer-term pattern of change in the FHA varied significantly from that in 

the Control regions.  This statistical result may not represent a biologically important environmental 

impact – see text for further details. 

 

Number of Capitellid Polychaetes: The abundance of capitellid polychaetes in the FHA was 

significantly greater than in either the Control regions before the 1999 summer flooding, after the 

large increase in their abundance after the main dredging operations. Overall, there was very little 

change in the abundance of these worms in any of the regions, and there was no significant 

difference in the patterns of temporal change in the FHA compared with the Control regions (Figure 

6.44A & 6.44B). There was no indication that the major flooding in the Noosa system in 1999 had 
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any effect on the abundance of these worms and there was no evidence of any differential effect on 

the animals living in the FHA compared with Control regions in the estuary. 

 

 

 

Figure 6.44: Number (+SE) of capitellid polychaetes in cores from the FHA Region and the two 

Control Regions, before and after major summer flooding in February 1999. (A) Short-term 

fluctuations (n=16, pooled across 2 sites x 2 locations); (B) Longer-term (Before to After) changes 

(n=32, pooled across 2 sites x 2 locations x 2 times). 

 

Number of Families of Polychaetes: Over the time course of the flooding even in the summer of 

1999, there were declines in the number of families present in the FHA and both of the Control 

regions, although shorter-term fluctuations (Figure 6.45A) varied considerably among the three 

regions. There was no significant impact of the flooding on the number of families of polychaetes in 

the FHA compared with the Control regions (Figure 6.45B) although there was a trend towards a 

slightly greater decline in the FHA compared with the average of the Control regions. This suggests 
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that overall the flooding event caused a decline in the diversity of polychaete families in the lower 

estuary, with perhaps a greater effect on the FHA. 

If there had been a similar effect of the flooding in 1998 (coincident with the dredging operations) 

on the number of families of polychaetes, then this suggests that the dredging operations may have 

had an even greater impact on the FHA than thought based on the analysis of the data taken before 

and after the dredging. The effect of the dredging operations was to cause an increase in the number 

of families of polychaetes present in the FHA, presumably due to a modification of the available 

habitats in the region. This increase may have been superimposed over the effect of the 

simultaneous flooding which would have been causing a decrease in the number of families in the 

FHA.  

 

Figure 6.45: Number (+SE) of families of polychaetes in cores from the FHA Region and the two 

Control Regions, before and after major summer flooding in February 1999. (A) Short-term 

fluctuations (n=16, pooled across 2 sites x 2 locations); (B) Longer-term (Before to After) changes 

(n=32, pooled across 2 sites x 2 locations x 2 times). 
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Figure 6.46: Number (+SE) of Mictyris longicarpus in cores from the FHA Region and the two 

Control Regions, before and after major summer flooding in February 1999. (A) Short-term 

fluctuations (n=16, pooled across 2 sites x 2 locations); (B) Longer-term (Before to After) changes 

(n=32, pooled across 2 sites x 2 locations x 2 times). 

 

Number of Mictyris longicarpus (soldier crabs): The short-term pattern of change in the 

abundance of crabs in the FHA was not significantly different from that observed in the Control 

regions with very few crabs occurring in samples from any of the regions (Figure 6.46A). There 

was a statistically significant difference in the longer-term (from Before to After flooding) pattern 

of change in the abundance of crabs in the Controls than the FHA (Figure 6.46B). The abundance of 

crabs in the Control regions was greater than in the FHA, after the differential levels of recruitment 

associated with the dredging operations. Over the time course of the flooding, the abundances of 

crabs declined to similar levels in all three regions (Figure 6.46B). The significant result in the 

analysis arose because of the greater rate of decrease in numbers in the Control regions than the 
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FHA, but in relation to understanding the differential effects of flooding in the different regions this 

may not be biologically important, as all three regions ended up with a similar abundance of crabs. 

In terms of the relative effect of dredging versus flooding, however, this result does suggest that in 

the absence of dredging, the level of recruitment of crabs into the FHA, compared with the 

Controls, was suppressed even more than that evident from the analysis of the dredging data. If the 

effect of flooding on crab populations in 1998 was similar to that observed in 1999 (i.e. Figure 

6.46), then this suggests that recruitment in the lower estuary would have been suppressed. The 

observed difference between the number of crabs in the FHA and the Controls may, therefore, have 

been even greater in the absence of dredging. 

6.4: Discussion 
6.4.1: Stages 1 and 2: Preliminary Dredging Operations 

Examination of the data from the sampling around the preliminary dredging operations suggested 

that the dredging had caused significant environmental impacts on the populations and assemblages 

of benthic invertebrates in the lower Noosa River estuary, particularly the polychaete worms. The 

total abundance of polychaetes showed a general decline in the Control regions but not in the 

Dredge Region or the Fish Habitat Area. The overall abundance of worms in the Dredge Region 

and FHA stayed relatively constant, even though the composition of the fauna changed markedly in 

those regions. 

There may be a general decline in the abundance of benthic invertebrates from summer to winter in 

the Noosa estuary accounting for the trend for smaller abundances from January to June in the 

Control Regions. Strong seasonal patterns in the abundance of macrofauna have been reported for 

nearby Moreton Bay (e.g. Stephenson et al., 1978; see review by Skilleter, 1998), with small 

abundances common in winter. The lack of a decline in the overall abundance of animals in the 

Dredge Region and the FHA suggests this pattern of change has been modified through the effects 

of the dredging. 

After these analyses for the preliminary dredging programme were done, the general conclusion 

was that: (i) there have been changes in the community of small animals which occur in the 

sediments in the Fish Habitat Area; (ii) these changes are very similar to those seen in the Dredge 

Region; (iii) the changes are different from those which are occurred in the Control Regions over 

the same time period; and (iv) the changes coincided with the operation of the dredge in the mouth 

of the estuary. All the available evidence points to the occurrence of an environmental impact 

associated with the dredging operations in the Noosa River, but it is impossible to rule out the 

possibility that these differences were a result of natural (i.e. not human-induced) changes in the 

communities near the mouth of the estuary (the Dredge Region and the Fish Habitat Region) which 

are different from those occurring further up the estuary (the Control Regions), perhaps exacerbated 

by the simultaneous occurrence of flooding and heavy seas associated with Cyclone Yali. 

Application of the precautionary principle would, however, suggest that the changes which were 

observed should be considered as having arisen as a result of the dredging operations. 

The only way in which these two confounding effects (dredging versus flooding) could be separated 

was through a consideration of longer-term datasets, comparing natural patterns of change in the 

mouth of the estuary (the Dredge Region and the Fish Habitat Region) with those changes in the 

Control Regions in the absence of dredging. This would determine whether the patterns of seasonal 

change for the animals close to the mouth of the estuary are normally different from those occurring 

further up the estuary. If this were the case, then the changes which have been observed in this 

study would be unlikely to have been caused by the dredging. Alternatively, if the populations and 

communities of animals in the two sections of the estuary normally show similar fluctuations in 
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abundance and diversity through time, then the patterns reported here would have been caused by 

the dredging operations. 

Samples were available from other work being done in the lower Noosa River estuary which 

bracketed the appropriate time-frame when there was, again, major flooding through the Noosa 

system during summer.  Samples were available for the following periods:  7-8 December 1998, 21-

22 January 1999, 1-2 March 1999 and 14-15 May 1999. 

The samples therefore provided a unique opportunity to examine the way in which the communities 

of animals at the mouth of the Noosa River estuary respond to periods of natural stress (floods, 

strong storms and heavy seas) compared with the communities further up the estuary. Analysis of 

these samples allowed us to distinguish between several alternative scenarios and, therefore, the 

likelihood that dredging was responsible for the "impacts" seen in the Dredge and Fish Habitat 

Region. 

6.4.2: Stage 3: Main Dredging Operations 

Analysis of the data to examine the impacts associated with the main dredging operations indicated 

there were five taxonomic groups which were potentially impacted from these activities: (i) Bivalve 

species 4; (ii) the capitellid polychaetes; (iii) the glycerid polychaetes; (iv) the number of families 

of polychaetes; and (v) the number of crabs – Mictyris longicarpus. For two of these, Bivalve 

Species 1 and the glycerid polychaetes, it seems likely that the statistically significant result from 

analysis is not biologically meaningful in terms of whether there has been a significant impact on 

the assemblages in the Noosa River system. 

For glycerid polychaetes, there was a significant difference in the long-term pattern of change in the 

FHA, compared with the Controls. More simply, the abundance of glycerids in the FHA changed in 

a way very different from how they fluctuated in the Control regions. It was the case, however, that 

there were considerably more of these worms in the FHA than either of the Control regions prior to 

dredging, but after the dredging was completed densities were similar in all three regions. The 

abundance of these worms in the FHA has declined markedly compared with in the Controls. It is 

important to note, however, that all three areas have reached similar levels in terms of abundance. 

The smaller amount of change for the glycerids in the Control regions may simply be due to the fact 

that the populations there could not decline any further, or as much as in the FHA, because 

abundances there were initially so much smaller. 

A similar result was obtained for Bivalve Species 1. The main difference here is that it was the 

Control Regions which initially had the greater numbers of this bivalve, compared with the FHA, 

but all three declined to similar levels. The level of decline in the FHA was less than seen in the 

Control Regions, but densities were initially much smaller. 

This left three taxonomic groups which needed to be considered in terms of the impacts of the main 

dredging operations. For capitellid polychaetes, there was significantly greater recruitment of these 

animals to the FHA than the Control regions after dredging. Species that can rapidly respond to 

available habitat following a disturbance are often referred to as opportunists. Such species are 

thought to be adapted for life in a rapidly changing and temporally unpredictable habitat. It is 

believed that many species of capitellid polychaetes have life histories which characterise them as 

opportunists. Capitellids are widely recognised for their occurrence in disturbed environments, 

associated with both natural and human activities. Studies of benthic succession following 

environmental disturbances, including an oil spill (Grassle & Grassle, 1974), dredging for a boating  

channel (Reish, 1961), organic enrichment and pollution (Pearson & Rosenberg, 1979) and dredge 

spoil disposal (Oliver et al., 1977), have shown capitellids to be amongst the first arrivals into an 
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area following the disturbance. They often dominate the fauna initially, then abundances decline 

sharply as the ecosystems starts to recover. 

Capitellids may produce either planktonic larvae, allowing widespread dispersal (Grassle & 

Grassle, 1974), or benthic larvae, which involves the brooding of young inside their tubes (Levin, 

1984). Additionally, capitellids can reach sexual maturity relatively quickly, they can produce 

several broods of young and may breed all year round. Although usually dioecious (i.e. separate 

sexes), several studies have found that some individuals change sex from male to female and may 

be self-fertilising before the transition is complete. This would be advantageous when only limited 

numbers of individuals reach a particular available habitat. These characteristics are thought to 

allow capitellids to colonise quickly new habitats which are made available after disturbances. 

Capitellids have been collected from a wide variety of habitats displaying a broad tolerance to many 

conditions, including a wide range of salinity, temperature and oxygen concentrations.  Capitellid 

polychaetes are mostly burrowing, subsurface deposit-feeders (Fauchald & Jumars, 1979). Many 

capitellids are believed to be non-selective feeders, that is, they will consume a variety of different 

organic material, although some of the less opportunistic species are thought to be more selective in 

their feeding. Several species of capitellids construct tubes for reproduction (Levin, 1984). 

Given these characteristics, it is not surprising that their abundances rose sharply after the dredging, 

indicating that there has been some environmental disturbance from the dredging in FHA area. 

Finally, there was no significant impact on the abundance of capitellid polychaetes associated with 

the preliminary dredging. This suggests the smaller amount of disturbance associated with the 

preliminary dredging operations was not sufficient to impact these worms, but the very much larger 

amount of dredging associated with the main operation did cause an impact. 

For crabs (primarily the soldier crab, Mictyris longicarpus), there was significantly more 

recruitment into the Control regions than the FHA, suggesting the dredging had made these 

sediment less suitable for these animals. The magnitude of the impact from dredging is, however, 

about the same level as that associated with the disturbance from the recreational bait-harvesting of 

yabbies. In other words, dredging has had an impact on these small crabs, but other common forms 

of human disturbance in local estuaries also cause impacts of a similar magnitude. 

It is more difficult to interpret the significant result for the total number of families of polychaetes. 

This was used as a surrogate measure of the diversity of worms in the system, but there is a great 

deal of contention in relation to the meaning of such surrogates and whether they are of ecological 

relevance. It could be argued thought that the results of this analysis indicates that at some level 

there has been a change in the nature of the habitat in the FHA and this had meant that different 

groups of worms were able to colonise there. This is clearly an impact. Many of the groups of 

worms that occurred in the samples from the FHA after dredging were in small numbers which 

meant there were not enough to analyse their abundance separately, but this does not mean that their 

abundances were not affected by the dredging. They now occur in places they did not previously 

occur. 

There were a number of differences between the outcomes from the preliminary dredging data and 

the main dredging data (see Table 6.7) whereby an impact had been detected on a particular 

taxonomic group after the preliminary dredging but not after the main dredging. The most likely 

explanation for this is the fact that the time period covering the preliminary dredging coincided with 

the potential effects of the heavy summer rainfall and storm period. For example, the total number 

of polychaetes was shown to be significantly impacted in both the dredge area and the FHA after 

the preliminary dredging, but not after the main dredging operations. Given the main dredging 

operation involved substantially more sediment being removed than in the shorter preliminary 

period, the impact on total numbers of animals after the preliminary period was more likely due to 
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other causes.  n this case,  the heavy flooding may have affected the Control regions differently 

from the effect on the FHA, leading to the appearance of an impact from dredging. This 

contingency formed the basis of the concerns which led to the necessity of the extra analyses and 

which now seem justified. Without this extra information, the dredging operations would have been 

blamed for impacts most likely caused by natural phenomena (i.e. flooding). 

6.4.3: Stage 3: Summer Flooding in the Noosa System 

Analysis of the effects of the summer flooding in 1999, on capitellid polychaetes, crabs and the 

number of families of polychaetes indicated that the flooding did not differentially impact on the 

populations in the FHA compared with the Control regions during this period. There was some 

indication that the abundance of these, and other, groups changed in response to the flooding, but 

any such effects were observed in all regions, suggesting it is unlikely that populations and 

assemblages in the FHA respond differently from those in Control regions to natural perturbations. 

This final piece of evidence suggests strongly that the impacts on the three groups of organisms 

above, capitellid polychaetes, crabs and the number of different families of polychaetes were caused 

by the dredging operations in the lower estuary, and were not a response to Cyclone Yali and the 

strong flooding and storms experienced at a time coincident with the onset of the dredging 

operations.  n fact, there is some evidence to indicate that if this flooding in 1998 had not occurred 

at the same time as the dredging operations, then the magnitude of the impacts on these groups of 

animals may have been greater than that documented here. The effect of the flooding in 1999 (in the 

absence of dredging) on these groups was in the opposite direction to the impact of the dredging 

operations in 1998 (in the presence of flooding) therefore it seems reasonable to suggest that the 

impact of flooding through the system may have been to suppress some of the impact from the 

dredging operations. 
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Chapter 7: Impacts of Human Activities 

7.1. Introduction 
Healthy estuaries are valued for the range of goods and services they provide, including economic, 

cultural and social benefits. In terms of economic benefit, estuaries contribute considerably more 

value per hectare than tropical rainforests and coral reefs combined (Costanza et al., 1997). 

Structurally complex estuarine macrophyte communities, including seagrass meadows, saltmarshes 

and mangrove forests, act as crucial buffers between terrestrial and coastal environments by 

trapping, retaining and recycling sediments, nutrients and pollutants (Kennedy, 1986). The 

assimilative capacity of these intertidal vegetated communities may protect sensitive estuarine 

communities from excessive nutrients or sediment pulses during storm or flood events. Estuarine 

mangroves also dissipate wave energy protecting coastal shorelines and human populations from 

erosion and stochastic severe weather events. Kathiresan and Rajendran (2004) compared the 

impacts from the 2004 tsunami in Indonesia among coastal villages with fringing mangroves with 

those lacking mangroves and found that the former had significantly fewer human mortalities. 

Estuarine plant communities also sequester disproportionately large amounts of atmospheric carbon 

compared with other vegetated ecosystems and play an important role in climate regulation 

(reviewed in McLeod et al., 2011). A single estuary may represent the sole environment for the 

entire life of many invertebrates and some species of fish (the so-called “estuarine residents”; 

Lenanton & Potter, 1987); areas for the growth and development of obligate or facultative users of 

estuaries (Blaber, 2000); an essential connection between freshwater and ocean environments for 

diadromous fauna (Ford et al., 1994; Bulger et al., 1995); or critical staging sites for migratory 

shorebirds along their annual migrations between summer breeding grounds and winter feeding 

sites (e.g. Goss-Custard et al., 1995; Zharikov & Skilleter, 2003). 

A range of nutrient inputs from the surrounding catchments, and a diverse assemblage of primary 

producers (including phytoplankton, microphytobenthos, epiphytic algae, macroalgae, seagrass, 

mangroves and saltmarsh), means that estuaries are extremely productive (Odum & Schelske, 1962; 

Alongi, 2009). The large primary and secondary productivity in estuaries provides an important 

food source for a wide variety of fisheries species (Creighton et al., 2015). These ecosystems may 

be viewed as a complex mosaic of interconnecting habitats (Skilleter & Loneragan, 2003) with 

connectivity among habitats maintained through both physical and biological processes (Sheaves et 

al., 2014). 

Physical processes such as tidal currents, land-based runoff and river flow link habitats in estuaries 

and adjacent terrestrial, freshwater and oceanic systems through the passive movement of nutrients, 

organic material, propagules and larvae (Abrantes & Sheaves, 2010). Organic carbon may be 

outwelled from nearshore habitats such as seagrass, mangroves and saltmarshes, fuelling production 

in adjacent estuarine and offshore habitats (Connolly et al., 2005; Abrantes & Sheaves 2009; 

Bouillon et al., 2008). 

Connectivity in estuarine habitat mosaics is also mediated through biological processes, including 

the movement of animals among habitats (Deegan, 1993; Boström et al., 2011). It is now well-

established that animals use (and move between) a variety of habitats during their lifecycles. 

Animals may move between habitats as an obligatory response to shifts in dietary or habitat 

requirements through ontogeny (Nagelkerken et al., 2015) or as a facultative response to access 

patches rich in food or shelter. These movements occur at a range of spatial and temporal scales. 

Animal movements between donor and recipient habitats are critical in facilitating the supply of 

adult populations with juveniles from their estuarine nurseries (Beck et al., 2001). Not only do 

animal movements contribute individuals (and thus biomass) to recipient populations but the 
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movements of animals through estuaries constitute important, biologically mediated exchanges of 

productivity and process (e.g. predation, grazing) between habitats and ecosystems (Sheaves et al., 

2014). Animals that are intermediate consumers in one habitat may become prey to higher 

consumers in another, essentially relaying productivity from habitats that higher consumers may not 

otherwise have had access to (Kneib, 1997). This means that certain habitats within estuaries, even 

if not used directly by a species, may still comprise an important component of the overall value of 

estuarine habitat mosaics to that species.  

Estuaries around the world are now considered to be among the most degraded and threatened of all 

ecosystems (Jackson et al., 2001; Elliot & Kennish, 2011) with declines in their condition attributed 

to human influence, both through massive alterations to coastal watersheds for agriculture, industry 

and urban development and through ongoing activities within the estuaries themselves such as 

fishing, construction and shipping activities (Kennish, 1996). With coastal populations set to top 6 

billion people by 2025, the habitats and organisms that exist within estuaries and the capacity of 

these systems to provide the ecosystem goods and services that ultimately drew so many people to 

their banks in the first place are under serious threat (Worm et al., 2006; Wolanski & Ducrotoy, 

2015). 

Human activities have been demonstrated to have direct and indirect effects on estuarine 

biodiversity and have impacted estuarine biota all levels of biological organization (Kennish, 1991). 

Human activities that impact estuarine ecosystems may be placed into two broad categories: coastal 

development and fishing. Impacts from individual human activities can accumulate across time and 

space to yield problems that are far more serious than those that result from a single isolated 

disturbance event. The impacts from individual activities may also be additive or synergistic with 

the impacts from other human activities in estuaries (Harris, 1988). The functional extinction of 

oysters in several estuaries worldwide as a result of historical overharvesting is thought to have 

facilitated subsequent eutrophication in these systems following increases in nutrient loadings from 

agricultural and urban sources in the surrounding catchments (Jackson et al., 2001). Thus managing 

estuaries where a number of users and a diversity of uses interact to alter the biological assemblages 

within them is a highly complex undertaking. 

Land use from coastal development is one of the most wide-spread and damaging forms of human 

impact on estuaries and their ecological communities (Hale et al., 2004). Large areas of native 

vegetation surrounding estuaries have been cleared for expanding agriculture, forestry, industry and 

urban sprawl associated with coastal population growth (Seabrook et al., 2002; Lotze et al., 2006). 

These changes have dramatically altered the hydrology and geomorphology of estuarine basins, and 

consequently, the flow of sediments, nutrients and contaminants from coastal terrestrial landscapes 

into estuarine waters (Lotze et al., 2006). 

Approximately 85 percent of the Australian population currently lives within 50 km of the coast 

(Australian Bureau of Statistics, 2010). Furthermore, due to the harsh and inhospitable conditions in 

the Australian interior, much of the country’s future population growth is forecast to occur in 

coastal regions (Wolanksi & Ducrotoy, 2015). Protecting Australia’s estuaries from ongoing 

anthropogenic-driven degradation will require an understanding of the key species, critical habitats 

and environmental processes that maintain ecological function within these systems (Roff & Taylor, 

2000). Management can then be targeted to protect those components of the system that are most 

important to sustaining its overall function (Roff & Evans, 2002). 

These threats and impacts often interact in complex ways producing changes to biological 

communities in estuaries. Due to the dynamic nature (i.e. high natural variability) in estuaries and 

the multitude of threats, the impacts of individual threats on estuarine ecosystems are often cryptic 

and difficult to detect (Thrush et al., 2008). Many threats produce only incremental changes to 

estuarine ecosystems but the overall cumulative impacts of land-use change have produced 
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widespread declines in estuarine biodiversity (Harris, 1988). This loss of biodiversity has significant 

implications not only for estuaries and the species within them, but the functioning of estuaries and 

the capacity of these systems to provide valuable ecosystem goods and services (Costanza et al., 

1997). 

The information on the threats from human activities in the Noosa catchment was used to design a 

sampling program to determine the extent to which differences in levels of activity caused 

differences in estuarine biodiversity at local scales. The large differences in the nature of the 

activities and the physical setting in different sections of the estuary required us to assess the 

impacts of human activity separately for the different sub-catchments: Lake Cootharaba, the main 

Noosa River channel and Lake Weyba. 

7.2. Material and Methods 
7.2.1. General Description 

7.2.1.1. Sampling Design Overview 

To compare the potential ecological impacts of different anthropogenic threats occurring in the 

Noosa catchment, subtidal macrobenthic and nekton communities were sampled in estuarine waters 

adjacent to patches supporting different types of human activities (e.g. residential without canal 

estates vs. residential with canal estates). To account for variation in the composition of the biotic 

communities as a function of the position in the estuary (e.g. distance from river mouth, channel vs 

lake), sampling was done separately in three distinct regions of the Noosa River – Lower Noosa 

River, Lake Weyba and Lake Cootharaba. These regions represent different hydrological, 

geomorphic and/or coastal development conditions and each possessed at least three replicate 

patches for at least two different activity categories. As human activities were not evenly distributed 

around the Noosa River catchment, there were not always enough replicate patches ascribed to each 

main activity category in each region to allow comparison between all activity categories across all 

regions. For example, there was only one “Residential” patch in Lake Cootharaba. As much as 

possible patches selected for sampling in each region were spaced and interspersed among groups to 

avoid spatial confounding (e.g. all patches from one activity category occurring downstream while 

patches from a different activity category occur upstream). 

7.2.1.2. Benthic Sampling 

Macrobenthic communities were sampled between March-April 2018 at the end of Noosa’s wet 

season. For each patch, samples were collected at two distances from shore to account for potential 

diluting effects of any threats associated with distance from shore; near (0-30m from shore) and far 

(80-110m from shore) (Figure 7.1). In each distance band, three 10 x 10m plots were randomly 

located such that each plot was placed at least 50m away from every other plot for a particular patch 

and at least 100m away from the outer edges of the patch (Figure 7.2). 

In each plot, three replicate infaunal samples were taken haphazardly using either a core or grab 

sampler. In shallow plots (< 1.5m depth), a coring device (diameter = 15cm) was plunged into the 

substrate to a depth of 15cm. A vacuum seal was then created by closing a valve above the water 

connected to the corer via a long cast iron pipe. The coring device was excavated, the end was 

capped and the sample was brought to the surface where it was emptied into a 500µm sieve to 

remove any excess water, and the remaining contents were transferred into a labelled sample jar 

(Figure 7.3). 
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Figure 7.1: Schematic showing the general sampling design used to compare the composition of 

the benthic and nektonic (prawns, crabs & fish) fauna in patches of the estuary in proximity to 

different shoreline human activities (see Chapter 4). Here, the example used is for the main Noosa 

River channel, with three contrasts being made (Control patches, Residential Patches and Canal 

Estate patches). 

 

 
 

Figure 7.2: Map of Lake Weyba showing the benthic sampling program in May 2018, contrasting 

community composition in waters adjacent to Residential (R) and Control (C) areas. 
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For deeper plots (> 1.5m) that could not be sampled with the corer, a Van Veen Grab was used. Due 

to some inconsistencies with the volume of sediment collected in each grab sample as a result of 

snags or the sloping or uneven nature of the bottom in some places, the volume of sediment 

collected in all grab samples was measured upon collection using a graduated bucket and recorded. 

In instances where the grab sampler did not close correctly on deployment (i.e. snags) or the volume 

of sediment in the grab sample was below 0.002 m3, the sample was rejected and another sample 

was taken. All contents collected in the grab were placed into labelled sample jars. In total, 

378 macrobenthic samples were collected, consisting of 243 core samples and 135 grab samples. 

All macrobenthic samples (grab and core samples) were fixed in a 10% buffered formalin solution 

immediately upon collection for a period of at least two days whereupon the samples were 

transferred to a 70% ethanol solution for storage. A pink stain (Rose Bengal) was added to each of 

the samples to facilitate easy sorting of organisms from non-animal material under a dissecting 

microscope. Once sorted, animals were identified to the lowest possible taxonomic level and 

counted. Numbers of animals counted in each sample were standardised by the sample volume 

before statistical analyses. To allow direct comparisons of abundance among the different 

components of this report, all volumes were standardised to 3.5 litres of sediment. 

7.2.1.2. Nekton Sampling 

In May 2018 and in November 2018, 168 beam trawls and 168 otter trawls (84 beam and 84 otter 

trawls per season) were collected to sample nekton in the shallow nearshore waters of the Noosa 

River system. Trawls were located adjacent to the 21 patches identified in the threats analyses and 

sampled earlier in the season for macrobenthic communities. 4 beam trawls and 4 otter trawls were 

collected in each patch. 

Juvenile prawns and small nekton were sampled with a beam trawl comprising a small sled with of 

steel frame (dimensions: 1.5 m wide, 0.8 m high) mounted on two wooden shoes attached to a 6 m 

long cone-shaped mesh net. The mesh size of the main body of the net was 1.2 mm, narrowing to 

1.0 mm in the cod-end. All beam trawls were completed during daylight within a 3-hours of the 

high tide as the higher water levels during this period permitted access to areas in the estuary closer 

to shore and nearshore vegetation such as mangroves that have previously been identified as 

important nursery areas for juvenile prawns. The starting GPS coordinates for each trawl were 

randomly identified using ArcGIS and all trawls were located at least 50m away from every other 

trawl and at least 100m from the edges of the patch. The beam trawl was hauled parallel to the 

shoreline for a distance of 100m (measured using GPS track log) at a speed of ~3.0 knots before the 

vessel motors were disengaged and the net dragged back to the boat. The exact start and end GPS 

coordinates of each trawl were marked using GPS so that subtle differences in the length of each 

trawl could be accounted for when the samples were analysed. All of the contents of the trawl were 

rinsed gently into a 500-micron sieve whereupon any fish caught in the trawl where immediately 

euthanized by submersion in a solution of clove oil and seawater. All trawl contents were then 

transferred into labelled sample bags and placed on ice for transport back to the lab. 

Large mobile nekton (adult prawns and fish) were sampled with an otter trawl in 4 random locations 

adjacent to each patch. Trawls were located between 30 and 100m from the shoreline. Trawling was 

done during daylight hours and up to 3 hours either side of the high tide (again to provide access to 

areas closer to shore). The otter trawl consisted of 5m long net with 4.5m wide head rope. The net 

consisted of a diamond mesh body with 10mm apertures and 3mm square mesh cod-end. Upon 

arriving at the GPS coordinates for the trawl location, a weighted marker buoy was deployed from 

the side of the vessel to mark the exact start location of the trawl as the net and otter boards were 

deployed from the stern of the vessel. The lead ropes of the otter trawl were let out for exactly 30m 

before being tied off. At this moment the distance meter of the onboard GPS was reset. The net was 

dragged across the bottom distance of 50m (as measured with the GPS) at a constant speed of 
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approximately 5 knots. At the 50-metre mark, the vessel motors were disengaged and the net was 

hauled back to the boat. All fish and prawns caught in the otter trawl were extracted from the net as 

soon as possible and immediately placed in a 20 litre holding tank filled with ambient sea water 

Small fish species that could not be identified on board the vessel were separated from the catch and 

humanely euthanized through immersion in a solution of seawater and clove oil. Larger, readily 

identifiable species of Chondrichthyes (i.e. rays) were identified and measured before being 

released. For species with more than 10 individuals in a single trawl, only 5-10 random individuals 

of that species were kept. The remaining individuals were counted, measured and photographed 

before being released. Following euthanasia, the catch for each trawl was transferred to a labelled 

sample bag and stored on ice.  Upon return from the field, both beam and otter trawls samples were 

transferred to a cold room and kept at -20°C until they could be processed. All animals caught in the 

trawls were identified to species and counted. All animals were also measured and weighed. 

7.2.2. Sampling Sites & Specific Contrasts 

In each region, samples were collected in the nearshore waters adjacent to patches assigned to 

different activity categories (3 replicate patches per activity category). Selection of patches in each 

region was based on the results of the threat mapping analyses completed earlier in 2018 (see 

Chapter 4 for full details). In total 21 patches were sampled across the 3 regions – Lower River (9 

patches), Lake Weyba (6) and Lake Cootharaba (6). A brief breakdown of patches is provided 

below: 

1) Lake Cootharaba region: 3 Creek patches (high river/creek input, patchy broken forest 

cover) and 3 Control patches (low – no rivers/creeks, consistent dense forest cover) (Figure 

7.4). 

2) Lower River region: 3 canal patches, 3 residential patches and 3 natural (control) patches 

(Figure 7.5). 

3) Lake Weyba region: 3 residential patches and 3 natural patches. 

 

 

 
 

Plate 7.1: Sampling estuarine communities in the Noosa River - 2018 
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Figure 7.3: Sequence for the collection of macrobenthic samples using a hand-held coring device. 

 

 

 

Figure 7.4: Patches sampled for benthic and nektonic fauna in Lake Cootharaba. CTR.A = Control 

patches & CTR.B = Creek patches. Samples were collected at two distances from the shoreline: 

Near = 0-30m and Far = 80-110m. 
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Figure 7.5: Patches sampled for benthic and nektonic fauna in the lower river region. CTR = 

Control patches, RES = Residential patches & CAN = Canal Estate Patches. Samples were 

collected at two distances from the shoreline: Near = 0-30m and Far = 80-110m. 

 

 

Figure 7.6: Patches sampled for benthic and nektonic fauna in the lower river region. CTR = 

Control patches & RES = Residential patches. Samples were collected at two distances from the 

shoreline: Near = 0-30m and Far = 80-110m. 
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7.3. Results 
7.3.1. Lake Cootharaba – Controls vs Creeks 

Total Abundance of Benthic Animals: In waters adjacent to the Control areas, the mean number 

of benthic animals was greater close to the shoreline than further offshore (Near – !	= 40.4, SE = 

15.7; Far – ! = 34.3 , SE = 5.1; ~15% difference). In contrast, in the waters adjacent to the Creek 

areas, there were more animals further offshore than close to the shoreline (Near – !	= 31.9, SE = 

5.2; Far – ! = 49.4.3 , SE = 11.5; ~35.4% difference) (Figure 7.7). It is important to note that there 

was no significant effect of either Activity (Controls vs Creeks) or Proximity (Near vs Far) as a 

Main effect or as an interaction in formal analysis (Table 7.1) due to significant small scale 

patchiness (among the different patches and among replicate cores). 

Total Number of Benthic Species: Overall, very few species were found in the nearshore 

sediments of Lake Cootharaba (Figure 7.8), irrespective of whether the samples were taken in water 

adjacent to Control or Creek patches. There was no significant influence of either Activity or 

Proximity on the number of species that were found in these sediments (Table 7.2). 

Abundance of Bivalves: On average, the number of bivalves was ~11.5% greater in the nearshore 

waters than those further offshore adjacent to Control patches (Figure 7.9). In contrast, there was 

48% fewer bivalves near the shore than further offshore in waters adjacent to the Creek patches 

(Figure 7.9). Again though, there was significant small scale patchiness (among Patches and among 

replicate cores) and this obscured the detection of significant effects of either Activity or Proximity 

in formal analysis (ANOVA; Table 7.3). 

Abundance of Amphipods: The average abundance of amphipods was quite small in the nearshore 

sediments of Lake Cootharaba, ranging from ~2.2 to 5.3 per core (standardised to 3.5 litres of 

sediment). There was no significant variation in abundance found in relation to either Activity type 

of Proximity to the shoreline (ANOVA; Table 7.4). There was 60% fewer amphipods further away 

from the shore in the Control patches whereas the abundance of amphipods was similar at both 

distances from the shore in the Creek patches (Figure 7.10). 

Abundance of Polychaetes: There were more polychaetes (compared with amphipods) in the 

nearshore sediments, but numbers were still relatively small, ranging from ~7.5 to 8.6 worms per 

core (Figure 7.11). There was very little variation in the mean number of polychaetes as a function 

of either Activity or Proximity (Table 7.5), but again, there was significant small-scale patchiness 

(among patches and among replicate cores) in their abundance. 

Numbers of Species of Main Taxa: None of the individual primary taxa (i.e. amphipods, bivalves, 

gastropods or polychaetes) were represented by sufficient species to warrant separate analysis. 

Many samples only contained 1-2 species within each group. 
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Table 7.1: Results of analysis of variance on the mean number of individuals in grab samples 

collected from sediments adjacent to Control and Creek areas in Lake Cootharaba. Data were 

loge(x=1) transformed numbers of animals in 3 grab samples collected from each of 3 plots within 3 

patches for each activity type and at two distances (proximity) from the shoreline (near = 0-30m 

and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 0.29 0.06 0.812 

Proximity: P 1 3.27 0.68 0.433 

A x P 1 0.08 0.02 0.901 

Patch (A x P) 8 4.80 2.50 0.039 
Plot (Patch x A x P) 24 1.92 4.34 0.000 
Residual 72 0.44   

 

 

 

 

Figure 7.7: Mean number (±SE) of individuals of benthic infauna in Lake Cootharaba, comparing 

the abundance in patches at two distances (0-30m and 80-110m) from Control versus Creek areas 

on the shoreline within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab 

samples pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 
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Table 7.2: Results of analysis of variance on the mean number of species in grab samples collected 

from sediments adjacent to Control and Creek areas in Lake Cootharaba. Data were untransformed 

numbers of species in 3 grab samples collected from each of 3 plots within 3 patches for each 

activity type and at two distances (proximity) from the shoreline (near = 0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 0.75 0.08 0.786 

Proximity: P 1 2.68 0.28 0.610 

A x P 1 0.45 0.05 0.832 

Patch (A x P) 8 9.49 1.32 0.282 

Plot (Patch x A x P) 24 7.21 2.74 0.000 
Residual 72 2.63   

 

 

 

 

Figure 7.8: Mean number (±SE) of species of benthic infauna in Lake Cootharaba, comparing the 

abundance in patches at two distances (0-30m and 80-110m) from Control versus Creek areas on 

the shoreline within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab 

samples pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 
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Table 7.3: Results of analysis of variance on the mean number of bivalves in grab samples 

collected from sediments adjacent to Control and Creek areas in Lake Cootharaba. Data were 

untransformed numbers of bivalves in 3 grab samples collected from each of 3 plots within 3 

patches for each activity type and at two distances (proximity) from the shoreline (near = 0-30m 

and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 0.75 0.08 0.786 

Proximity: P 1 2.68 0.28 0.610 

A x P 1 0.45 0.05 0.832 

Patch (A x P) 8 9.49 1.32 0.282 

Plot (Patch x A x P) 24 7.21 2.74 0.000 
Residual 72 2.63   

 

 

 

 

Figure 7.9: Mean number (±SE) of bivalves in Lake Cootharaba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from Control versus Creek areas on the shoreline 

within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab samples pooled 

across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 
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Figure 7.10: Mean number (±SE) of amphipods in Lake Cootharaba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from Control versus Creek areas on the shoreline 

within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab samples pooled 

across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 

 

Table 7.4: Results of analysis of variance on the mean number of amphipods in grab samples 

collected from sediments adjacent to Control and Creek areas in Lake Cootharaba. Data were 

loge(x+1) transformed numbers of amphipods in 3 grab samples collected from each of 3 plots 

within 3 patches for each activity type and at two distances (proximity) from the shoreline (near = 

0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 3.37 1.32 0.283 

Proximity: P 1 0.50 0.20 0.670 

A x P 1 3.75 1.47 0.260 

Patch (A x P) 8 2.54 1.61 0.173 

Plot (Patch x A x P) 24 1.58 4.51 0.000 
Residual 72 2.63   
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Figure 7.11: Mean number (±SE) of polychaetes in Lake Cootharaba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from Control versus Creek areas on the shoreline 

within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab samples pooled 

across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 

 

Table 7.5: Results of analysis of variance on the mean number of polychaetes in grab samples 

collected from sediments adjacent to Control and Creek areas in Lake Cootharaba. Data were 

loge(x+1) transformed numbers of polychaetes in 3 grab samples collected from each of 3 plots 

within 3 patches for each activity type and at two distances (proximity) from the shoreline (near = 

0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 0.00 0.00 0.991 

Proximity: P 1 0.02 0.00 0.953 

A x P 1 0.04 0.01 0.940 

Patch (A x P) 8 6.56 4.93 0.001 
Plot (Patch x A x P) 24 1.33 2.23 0.005 
Residual 72 0.60   

 

 

7.3.2. Community Composition – Lake Cootharaba 

A total of 3915 animals (adjusted for a sample volume of 3.5 litres) from 42 species was sorted and 

identified from the 100 samples collected in Lake Cootharaba to examine the influence of Creeks 

on community composition. Samples were collected at two distances from the shoreline (Near = 0-

30m and Far=80-110m) adjacent to patches with creeks entering the Lake and Control areas. 

The abundance of animals in the cores varied greatly, ranging from 3 to 433 individuals, and 

resulting in considerable variation at the scale of among the replicate cores (within metres of each 

other). Analysis of variance (non-metric permutational) showed that there was significant variation 

in the community composition at the scales of Plots and Patches (Table 7.6), but no significant main 
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effects of Proximity or Activity. The ordination of the data, sorted to highlight the possible 

interaction between Activity and Proximity (Figure 7.12) indicated there was no clear arrangement 

in relation to these main effects, with the plot dominated by the variation among the samples. 

An analysis of similarities (ANOSIM), pooling data across these smaller spatial scales, suggested 

there was some influence of Activity (P=0.04) (Figure 7.13), but this analysis needs to be treated 

with caution because of the significant variation at smaller spatial scales. This is seen as the overlap 

of samples from each of the Activity types in the plot. 

 

Table 7.6: Results of permutational multivariate analysis of variance (PERMANOVA) on the 

community composition of benthic animals in grab samples collected from sediments adjacent to 

Control and Creek areas in Lake Cootharaba. Data were square root transformed, to reduce the 

influence of rare species, numbers of animals in 3 grab samples collected from each of 3 plots 

within 3 patches for each activity type and at two distances (proximity) from the shoreline (near = 

0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 6235.7 0.74 0.701 

Proximity: P 1 2071.8 0.25 0.991 

A x P 1 3610.4 0.43 0.926 

Patch (A x P) 8 8551.2 3.02 0.001 
Plot (Patch x A x P) 23 2861.2 2.37 0.001 
Residual 65    

 

 

Figure 7.12: non-Metric Multi-Dimensional Scaling (nMDS) ordination plot showing the 

arrangement of samples from Lake Cootharaba in March-April 2018, collected to examine the 

influence of creeks on community composition. There were two main factors, Activity (Controls 

(no creeks) vs Creeks), and Proximity to shoreline (Near vs Far). Organisation of the samples for 

the plot highlights the potential interaction between these two main factors. 
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Figure 7.13: non-Metric Multi-Dimensional Scaling (nMDS) ordination plot showing the 

arrangement of samples from Lake Cootharaba in March-April 2018, for the main effect of Activity 

(Controls vs Creeks). Other details as in Figure 7.12. 

 

An examination of the Patches that were sampled in Lake Cootharaba (see Figure 7.14) indicates 

that two Control Patches and two Creek Patches were located on the north-western shoreline, while 

the other two patches were further south. This raised the possibility that at least a component of the 

significant variation among Patches (Table 7.6 above) was associated with this geographical 

separation (north to south gradient). Furthermore, the southern most creek, (shown as CTRL.B1) 

was smaller than the northern most ones which includes Kin Kin Creek, the focus of attention due 

to the large volumes of sediment washing down the catchment. 

We investigated this further, by analysing separately the data collected only in the northern most 

Patches, two for each of the Controls and the Creeks using PERMANOVA (Table 7.7), but this did 

not change the outcome of the analysis. There was still significant variation in the community 

composition among plots within patches and among the two Patches for each of the Controls and 

Creeks, but no significant effect of Activity or Proximity on the benthic community. 

 

Table 7.7: Results of permutational multivariate analysis of variance (PERMANOVA) on the 

community composition of benthic animals in grab samples collected from sediments adjacent to 

two Control and two Creek areas in the northern section of Lake Cootharaba.  

 
Effect df Mean Square F-value P-value 

Activity: A 1 3687.7 0.41 0.924 

Proximity: P 1 2166.8 0.24 0.980 

A x P 1 5185.0 0.58 0.833 

Patch (A x P) 4 9072.8 2.62 0.001 
Plot (Patch x A x P) 15 3509.7 2.59 0.001 
Residual 641 1355.0   
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Figure 7.14: Patches sampled for benthic and nektonic fauna in Lake Cootharaba. CTR.A = 

Control patches & CTR.B = Creek patches. Samples were collected at two distances from the 

shoreline: Near = 0-30m and Far = 80-110m. 

 

7.3.3. Noosa River Channel – Controls vs Residential vs Canal Patches 

Total Abundance of Benthic Animals: There were fewer benthic animals in the sediments further 

offshore than close to the banks in all three categories of activity (Controls vs Canals vs 

Residential) (Figure 7.15), but the size of these differences did not vary significantly among the 

three categories (i.e. No significant interaction Activity x Proximity, Table 7.8, P=0.274). There 

were twice as many benthic animals overall, close to the shoreline than further offshore (Figure 

7.16; Table 7.8), but there was no effect of Activity category on the abundance of benthic animals. 

Total Number of Benthic Species: The total number of benthic species in the sediments adjacent 

to the different categories of human activity mirrored the numbers of individuals. There was always 

more species found in the sediments near the shore in all three categories of human activity (Figure 

7.18) , but again, the magnitude of the differences was similar across the categories (A x P 

interaction, P=0.541; Table 7.9). There were significantly more species found close to the shore 

than further out, as a main effect (Table 7.9; Figure 7.17), although this difference was only ~2 

species per core. 

Abundance of Bivalves: The number of bivalves in the sediments was very patchy, with significant 

variation at scales ranging from among the replicate cores (metres), Plots within Patches (10’s 

metres) and among Patches (100’s metres) (Table 7.10), but there was no significant effect of either 

Activity or Proximity. The considerable spatial patchiness is reflected in the large error bars around 

the means for each treatment combination (Figure 7.19). 

Abundance of Amphipods:  There were approximately 90% fewer amphipods in the sediments of 

the Canal waterways than in either of the Control or Residential areas which were not significantly 

different from each other (Figure 7.20; significant Activity effect - Table 7.11). There was 

approximately 40% fewer amphipods further offshore than close to the shoreline (Figure 7.21; 

significant Proximity effect – Table 7.11). 
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Abundance of Polychaetes: In contrast to the result for the amphipods, there was no significant 

influence of Canals or Residential areas on the abundance of polychaetes (Figure 7.22), either as a 

main effect or as an interaction with distance from the shoreline (Proximity). There was a 

significant main effect of Proximity (Figure 7.23) to the shoreline with ~59% fewer polychaetes 

occurring further offshore than closer in out (Table 7.12; Figure 7.23). 

Number of Polychaete Species: There were also significantly fewer species of polychaetes found 

further offshore than closer in (ANOVA; Proximity – p=0.021), although this difference only 

amounted to ~1 species per core (Figure 7.24). 

 

 

Figure 7.15: Mean number (±SE) of individuals in the main Noosa River Channel, comparing the 

abundance in patches at two distances (0-30m and 80-110m) from Control versus Canal versus 

Residential areas on the shoreline within the 1.0 km buffer (see text for details). Data are from n=3 

replicate grab samples pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 

samples). 

 

Table 7.8: Results of analysis of variance on the mean number of individuals in grab samples 

collected from sediments adjacent to Control, Canal and Residential areas in the main Noosa River 

Channel. Data were loge(x+1) transformed numbers of individuals in 3 grab samples collected from 

each of 3 plots within 3 patches for each activity type and at two distances (proximity) from the 

shoreline (near = 0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 2 1.77 0.85 0.452 

Proximity: P 1 22.75 10.90 0.006 
A x P 2 3.02 1.45 0.274 

Patch (A x P) 12 2.09 1.99 0.055 

Plot (Patch x A x P) 36 1.05 2.17 0.001 
Residual 108 0.48   
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Figure 7.16: Mean number (±SE) of individuals in the main Noosa River Channel, comparing the 

abundance in patches at two distances (0-30m and 80-110m) from Control, Canal and Residential 

areas on the shoreline within the 1.0 km buffer (see text for details). Results of post-hoc SNK tests 

(after ANOVA) are shown as red symbols. 

 

 

 

Table 7.9: Results of analysis of variance on the mean number of benthic species in grab samples 

collected from sediments adjacent to Control, Canal and Residential areas in the main Noosa River 

Channel. Data were untransformed numbers of species in 3 grab samples collected from each of 3 

plots within 3 patches for each activity type and at two distances (proximity) from the shoreline 

(near = 0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 2 5.49 0.16 0.852 

Proximity: P 1 168.06 4.96 0.046 
A x P 2 21.91 0.65 0.541 

Patch (A x P) 12 33.91 2.06 0.047 
Plot (Patch x A x P) 36 16.49 1.49 0.059 

Residual 108 11.04   
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Figure 7.17: Mean number (±SE) of species in the main Noosa Channel, comparing the abundance 

in patches at two distances (0-30m and 80-110m) from the shoreline within the 1.0 km buffer. Data 

are from n=3 replicate grab samples pooled across 3 plots in each of 3 patches per area in Human 

Activity (n=81 samples). Results of post-hoc SNK tests (after ANOVA) are shown as red symbols. 

 

 

 

Figure 7.18: Mean number (±SE) of benthic species in the main Noosa Channel, comparing the 

abundance in patches at two distances (0-30m and 80-110m) from Control versus Canal versus 

Residential areas on the shoreline within the 1.0 km buffer. Data are from n=3 replicate grab 

samples pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 
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Table 7.10: Results of analysis of variance on the mean number of bivalves in grab samples 

collected from sediments adjacent to Control, Canal and Residential areas in the main Noosa River 

Channel. Data were transformed to loge(x+1). 

 
Effect df Mean Square F-value P-value 

Activity: A 2 4.30 1.14 0.353 

Proximity: P 1 0.91 0.24 0.634 

A x P 2 3.18 0.84 0.456 

Patch (A x P) 12 3.79 2.22 0.032 
Plot (Patch x A x P) 36 1.71 2.90 0.000 
Residual 108 0.59   

 

 

Figure 7.19: Mean number (±SE) of bivalves in the main Noosa Channel, comparing the 

abundance in patches at two distances (0-30m and 80-110m) from Control versus Canal versus 

Residential areas on the shoreline within the 1.0 km buffer (see text for details). Data are from n=3 

replicate grab samples pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 

samples). 

 

Table 7.11: Results of analysis of variance on the mean number of amphipods in grab samples 

collected from sediments adjacent to Control, Canal and Residential areas in the main Noosa River 

Channel. Data were transformed to loge(x+1). 

 
Effect df Mean Square F-value P-value 

Activity: A 2 23.56 4.80 0.029 
Proximity: P 1 23.23 4.73 0.050 
A x P 2 5.84 1.19 0.338 

Patch (A x P) 12 4.91 2.56 0.014 
Plot (Patch x A x P) 36 1.92 3.22 0.000 
Residual 108 0.59   
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Figure 7.20: Mean number (±SE) of amphipod crustaceans in the main Noosa Channel, comparing 

the abundance in patches from Control versus Canal versus Residential areas on the shoreline 

within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab samples pooled 

across 3 plots in each of 3 patches per area of Human Activity and two distances from the shoreline 

(n=54 samples). Results of post-hoc SNK tests (after ANOVA) are shown as red symbols. 

 

 

 

Figure 7.21: Mean number (±SE) of amphipod crustaceans in the main Noosa Channel, comparing 

the abundance in patches at two distances (0-30m and 80-110m) from the shoreline within the 1.0 

km buffer (see text for details). Data are from n=3 replicate grab samples pooled across 3 plots in 

each of 3 patches per area of Human Activity (n=81 samples). Results of post-hoc SNK tests (after 

ANOVA) are shown as red symbols. 



 195 

 

Table 7.12: Results of analysis of variance on the mean number of polychaetes in grab samples 

collected from sediments adjacent to Control, Canal and Residential areas in the main Noosa River 

Channel. Data were transformed to loge(x+1). 

 
Effect df Mean Square F-value P-value 

Activity: A 2 0.96 0.58 0.576 

Proximity: P 1 27.04 16.33 0.002 
A x P 2 0.47 0.28 0.759 

Patch (A x P) 12 1.66 1.26 0.281 

Plot (Patch x A x P) 36 1.31 2.55 0.000 
Residual 108 0.51   

 

 

 

 

 

 

 

 

Figure 7.22: Mean number (±SE) of polychaete worms in the main Noosa Channel, comparing the 

abundance in patches at two distances (0-30m and 80-110m) from Control versus Canal versus 

Residential areas on the shoreline within the 1.0 km buffer (see text for details). Data are from n=3 

replicate grab samples pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 

samples). 
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Figure 7.23: Mean number (±SE) of polychaete worms in the main Noosa Channel, comparing the 

abundance in patches at two distances (0-30m and 80-110m) from the shoreline within the 1.0 km 

buffer (see text for details). Data are from n=3 replicate grab samples pooled across 3 plots in each 

of 3 patches per area of Human Activity (n=81 samples). Results of post-hoc SNK tests (after 

ANOVA) are shown as red symbols. 

 

 

Figure 7.24: Mean number (±SE) of species of polychaete worms in the main Noosa Channel, 

comparing the abundance in patches at two distances (0-30m and 80-110m) from Control versus 

Canal versus Residential areas on the shoreline within the 1.0 km buffer (see text for details). Data 

are from n=3 replicate grab samples pooled across 3 plots in each of 3 patches per area of Human 

Activity (n=27 samples). 
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7.3.4. Community Composition – Noosa River Channel 

A total of 7735 animals (adjusted for a sample volume of 3.5 litres) from 116 species was sorted 

and identified from the 162 samples collected in the Noosa River Channel to examine the influence 

of Canals and Residential areas on community composition. Samples were collected at two 

distances from the shoreline (Near = 0-30m and Far=80-110m) adjacent to patches near Canals, 

Residential areas and Control areas. 37 of those species were very rare though, occurring only as 

either 1 or 2 individuals in the samples. 

The abundance of animals in these cores again varied considerably ranging from 1 to 262 

individuals per core, with significant variation at the scales of among replicates, among Plots within 

Patches and Among the Patches within each of the Activity types (Controls, Residential and Canals) 

(Table 7.13).  

PERMANOVA indicated there were significant differences in the community composition between 

the two distances from the shoreline (Table 7.13; Figure 7.25) and also among the three Activity 

types (Figure 7.26). Pair-wise tests to determine the differences among the three Activity types 

indicated that the community composition in Patches associated with the Canals was significantly 

different from both the Control and Residential Patches (which were not different from each other). 

 

 

Figure 7.25: non-Metric Multi-Dimensional Scaling (nMDS) ordination plot showing the 

arrangement of samples from the Noosa River Channel in March-April 2018, collected to examine 

the influence of Canals and Residential areas on community composition. There were three main 

factors, Activity (Controls vs Canals vs Residential areas), and Proximity to shoreline (Near vs Far). 

Organisation of the samples for the plot highlights the arrangement of samples between these two 

distances from the shoreline. 
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Figure 7.26: non-Metric Multi-Dimensional Scaling (nMDS) ordination plot showing the 

arrangement of samples from the Noosa River Channel in March-April 2018, collected to examine 

the influence of Canals and Residential areas on community composition. There were three main 

factors, Activity (Controls vs Canals vs Residential areas), and Proximity to shoreline (Near vs Far). 

Organisation of the samples for the plot highlights the arrangement of samples between the three 

types of shoreline activity. 

 

 

 

Figure 7.27: non-Metric Multi-Dimensional Scaling (nMDS) three dimensional ordination plot 

showing the arrangement of samples among the three categories of activity (Controls vs Canals vs 

Residential areas), and Proximity to shoreline (Near vs Far). 
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Table 7.13: Results of permutational multivariate analysis of variance (PERMANOVA) on the 

community composition of benthic animals in grab samples collected from sediments adjacent to 

Control, Residential and Canal areas in the Noosa River Channel. Data were square root 

transformed, to reduce the influence of rare species, numbers of animals in 3 grab samples collected 

from each of 3 plots within 3 patches for each activity type and at two distances (proximity) from 

the shoreline (near = 0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 2 11858.0 1.73 0.056 
Proximity: P 1 16538.0 2.42 0.018 
A x P 2 6653.4 0.97 0.494 

Patch (A x P) 12 6843.5 1.78 0.001 
Plot (Patch x A x P) 36 3846.5 2.12 0.001 
Residual 107 1815.7   

 

The separation of the samples in the Canals from the samples in the other two activities is difficult 

to distinguish in the 2-dimensional ordination, although the H symbols are separated from the other 

two categories. This is easier to visualise in the 3-D ordination shown in Figure 7.27, where the H 

symbols are clustered to the top right of the plot. 

The separation of the benthic community in the sediments from the Canal foreshore, from the 

sediments elsewhere in the Noosa River channel (i.e. the Control and Residential patches) was a 

consequence of the gradual change in the overall composition rather than changes in a few 

dominant species (SIMPER analysis). None of the species of polychaetes that were primarily 

responsible for the shift in community composition contributed more than 7% to the differences 

between the Canal patches and elsewhere. The species that contributed most were either burrowing 

species such as the Capitellids, Opheliids, Orbiniids and Lumbrinerids or active predators such as 

the Nereidids. There was no single species that could be considered a good indicator of the 

differences between the different patches though. Many species, each contributed a small amount to 

the change in community composition, suggesting an overall change and shift in the benthic 

community associated with the Canal estates. 

7.3.5. Lake Weyba – Controls vs Residential Patches 

Total Abundance of Benthic Animals: There was very little difference in the abundance of 

benthic animals at either distance from the shoreline in Control patches, but there was 50% more 

animals further offshore than closer in, for the Residential patches (Figure 7.28). Despite this 

overall effect size term, analysis of variance on the mean abundances was not significant for the 

interaction term or the main effect of Activity (Table 7.14), but there was a highly significant effect 

at the small spatial scale of Among Plots within Patches, which affected the power of the test for the 

main effects. 

Total Number of Benthic Species: There were more species found further offshore than closer to 

the shoreline for both Control (Effect size = 21%) and Residential (Effect size = 35%) patches 

(Figure 7.29), but despite the size of these differences there was no significant interaction or main 

effect of Activity (Table 7.15). There was a significant overall effect of Proximity though, with 

significantly more species occurring in the offshore sediments than closer in (Figure 7.30). 

Abundance of Bivalves: There were similar numbers of bivalves in the Control and Residential 

patches, at each of the distances from the shoreline, with no significant effect of Activity as an 

interaction or main effect (Table 7.16). There were, however, 58% fewer bivalves close to the 

shoreline than further offshore (Figure 7.31) and this was detected as a significant effect of 

Proximity (Table 7.16). 
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Abundance of Amphipods: An examination of the abundance of amphipods in each of the 

different types of patch (Figure 7.32), suggests that there is a strong interaction between Activity 

and Proximity. On average, there was 65% fewer amphipods further offshore than in the nearshore 

Control sediments, but there were 15% more amphipods in the offshore sediments compared within 

the nearshore Residential sediments. Despite this relatively large effect size, analysis of variance 

failed to detect any significant influence of either Activity or Proximity as main effects or as an 

interaction (Table 7.17). 

Abundance of Polychaetes: The average number of polychaete worms was significantly greater in 

the offshore sediments compared with those closer in (Figure 7.33) but there was no significant 

influence of Activity, either as a main effect or as an interaction (ANOVA, Table 7.18). There was 

26% fewer polychaetes in the Residential patches than in the Control patches, with the P-value 

sitting at 0.067 (Figure 7.34). 

Number of Polychaete Species: The average number of polychaete species was significantly 

greater in the sediments further offshore than those closer in (ANOVA, Proximity, Table 7.19, 

Figure 7.35). There was no significant influence of Activity either as a main effect or an interaction 

(Table 7.19). 

 

 

 

Figure 7.28: Mean number (±SE) of benthic animals in Lake Weyba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from Control versus Residential areas on the 

shoreline within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab samples 

pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 
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Table 7.14: Results of analysis of variance on the mean number of benthic animals in grab samples 

collected from sediments adjacent to Control and Residential areas in the Lake Weyba Channel. 

Data were untransformed (but note transformation was unable to remove heteroscedasticity of the 

variances, so the untransformed analysis was used). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 29742.69 1.85 0.211 

Proximity: P 1 21101.49 1.31 0.286 

A x P 1 33818.76 2.10 0.185 

Patch (A x P) 8 16111.99 1.55 0.194 

Plot (Patch x A x P) 24 10423.49 5.58 0.000 
Residual 72 1867.08   

 

 

 

 

 

Figure 7.29: Mean number (±SE) of benthic species in Lake Weyba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from Control versus Residential areas on the 

shoreline within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab samples 

pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 
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Figure 7.30: Mean number (±SE) of benthic species in Lake Weyba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from the shoreline within the 1.0 km buffer (see text 

for details). Data are from n=3 replicate grab samples pooled across 3 plots in each of 3 patches per 

area of Human Activity (n=54 samples). Results of post-hoc SNK tests (after ANOVA) are shown 

as red symbols. 

 

 

 

 

Table 7.15: Results of analysis of variance on the mean number of benthic species in grab samples 

collected from sediments adjacent to Control and Residential areas in the main Noosa River 

Channel. Data were untransformed. 

 
Effect df Mean Square F-value P-value 

Activity: A 1 70.08 2.11 0.185 

Proximity: P 1 310.08 9.33 0.016 
A x P 1 12.68 0.38 0.554 

Patch (A x P) 8 33.23 2.12 0.074 

Plot (Patch x A x P) 24 16.65 2.21 0.005 
Residual 72 7.09   
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Figure 7.31: Mean number (±SE) of bivalves in Lake Weyba, comparing the abundance in patches 

at two distances (0-30m and 80-110m) from the shoreline within the 1.0 km buffer (see text for 

details). Data are from n=3 replicate grab samples pooled across 3 plots in each of 3 patches per 

area of Human Activity (n=54 samples). Results of post-hoc SNK tests (after ANOVA) are shown 

as red symbols. 

 

 

 

 

Table 7.16: Results of analysis of variance on the mean number of bivalves in grab samples 

collected from sediments adjacent to Control and Residential areas in the main Noosa River 

Channel. Data were untransformed (but note transformation was unable to remove 

heteroscedasticity of the variances, so the untransformed analysis was used). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 15.52 0.02 0.889 

Proximity: P 1 5011.08 6.72 0.032 
A x P 1 429.14 0.58 0.470 

Patch (A x P) 8 745.50 1.15 0.368 

Plot (Patch x A x P) 24 648.35 6.10 0.000 
Residual 72 106.33   
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Figure 7.32: Mean number (±SE) of amphipods in Lake Weyba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from Control versus Residential areas on the 

shoreline within the 1.0 km buffer (see text for details). Data are from n=3 replicate grab samples 

pooled across 3 plots in each of 3 patches per area of Human Activity (n=27 samples). 

 

 

 

 

Table 7.17: Results of analysis of variance on the mean number of amphipods in grab samples 

collected from sediments adjacent to Control and Residential areas in the main Noosa River 

Channel. Data were log(x+1) transformed. 

 
Effect df Mean Square F-value P-value 

Activity: A 1 3.70 0.72 0.421 

Proximity: P 1 5.99 1.16 0.312 

A x P 1 0.91 0.18 0.685 

Patch (A x P) 8 5.14 2.04 0.085 

Plot (Patch x A x P) 24 2.52 6.04 0.000 
Residual 72 0.42   
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Table 7.18: Results of analysis of variance on the mean number of polychaetes in grab samples 

collected from sediments adjacent to Control and Residential areas in the main Noosa River 

Channel. Data were untransformed. 

 
Effect df Mean Square F-value P-value 

Activity: A 1 4468.81 4.50 0.067 

Proximity: P 1 11288.42 11.6 0.010 
A x P 1 1415.15 1.42 0.267 

Patch (A x P) 8 993.74 0.91 0.524 

Plot (Patch x A x P) 24 1091.54 3.19 0.000 
Residual 72 341.67   

 

 

 

 

 

 

Figure 7.33: Mean number (±SE) of polychaetes in Lake Weyba, comparing the abundance in 

patches at two distances (0-30m and 80-110m) from the shoreline within the 1.0 km buffer (see text 

for details). Data are from n=3 replicate grab samples pooled across 3 plots in each of 3 patches per 

area of Human Activity (n=54 samples). Results of post-hoc SNK tests (after ANOVA) are shown 

as red symbols. 
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Figure 7.34: Mean number (±SE) of polychaetes in Lake Weyba, comparing the abundance in 

patches in two different classes of Activity (Controls and Residential) within the 1.0 km buffer (see 

text for details). Data are from n=3 replicate grab samples pooled across 3 plots in each of 3 patches 

per area of Proximity (n=54 samples). 

 

 

 

 

Table 7.19: Results of analysis of variance on the mean number of species of polychaetes in grab 

samples collected from sediments adjacent to Control and Residential areas in the main Noosa 

River Channel. Data were untransformed. 

 
Effect df Mean Square F-value P-value 

Activity: A 1 4.08 0.32 0.587 

Proximity: P 1 118.23 9.28 0.016 
A x P 1 0.45 0.04 0.855 

Patch (A x P) 8 12.74 1.99 0.092 

Plot (Patch x A x P) 24 6.40 2.55 0.001 
Residual 72 2.51   
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Figure 7.35: Mean number (±SE) of polychaete species in Lake Weyba, comparing the abundance 

in patches at two distances (0-30m and 80-110m) from the shoreline within the 1.0 km buffer (see 

text for details). Data are from n=3 replicate grab samples pooled across 3 plots in each of 3 patches 

per area of Human Activity (n=54 samples). Results of post-hoc SNK tests (after ANOVA) are 

shown as red symbols. 

 

7.3.6. Community Composition – Lake Weyba 

A total of 10,505 animals (adjusted for a sample volume of 3.5 litres) from 77 species was sorted 

and identified from the 108 samples collected in Lake Weyba to examine the influence of 

Residential areas on community composition. Samples were collected at two distances from the 

shoreline (Near = 0-30m and Far = 80-110m) adjacent to patches near Control and Residential 

areas. 25 of those species were considered rate, occurring only as either 1 or 2 individuals in the 

samples. The abundance varied between 4 and 325 individuals per sample, indicating once again the 

large patchiness in the distribution of the fauna in the sediments. 

There was a significant difference between the composition of the benthic community at the two 

different distances from the shoreline (PERMANOVA, Table 7.20, Proximity). The 2-dimensional 

ordination of the data shows that the communities at each distance are well separated, with the 

exception of a few samples (Figure  7.36). In contrast, there was no significant effect of the 

different human activities (Residential vs Control areas) on the composition of the benthic 

community (Table 7.20, Figure 7.37). 
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Table 7.20: Results of permutational multivariate analysis of variance (PERMANOVA) on the 

community composition of benthic animals in grab samples collected from sediments adjacent to 

Control and Residential areas in Lake Weyba. Data were square root transformed, to reduce the 

influence of rare species, numbers of animals in 3 grab samples collected from each of 3 plots 

within 3 patches for each activity type and at two distances (proximity) from the shoreline (near = 

0-30m and far = 80-110m). 

 
Effect df Mean Square F-value P-value 

Activity: A 1 3113.10 0.852 0.598 

Proximity: P 1 14876.00 2.073 0.044 
A x P 1 2097.10 0.292 0.967 

Patch (A x P) 8 7174.70 2.424 0.001 
Plot (Patch x A x P) 24 2959.40 3.177 0.001 
Residual 72 931.58   

 

 

 

 

Figure 7.36: non-Metric Multi-Dimensional Scaling (nMDS) ordination plot showing the 

arrangement of samples from Lake Weyba in March-April 2018, collected to examine the influence 

of Residential areas on community composition. There were two main factors, Activity (Controls vs 

Residential areas), and Proximity to shoreline (Near vs Far). Organisation of the samples for the 

plot highlights the arrangement of samples between the three types of shoreline activity. 
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Figure 7.37: non-Metric Multi-Dimensional Scaling (nMDS) ordination plot showing the 

arrangement of samples from Lake Weyba in March-April 2018, collected to examine the influence 

of Residential areas on community composition. There were two main factors, Activity (Controls vs 

Residential areas), and Proximity to shoreline (Near vs Far). Organisation of the samples for the 

plot highlights the arrangement of samples between the three types of shoreline activity. 

 

 

 
Plate 7.2: Sorting the catch of nekton from the small otter trawl. 
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7.4: Conclusions 
This component of the study comprised, to the best of our knowledge, the most extensive benthic 

and nektonic sampling ever conducted in the Noosa River system. Previous work on the fish 

communities (e.g. Miller & Skilleter, 2006) was focussed in the lower reaches of the estuary, near 

the river mouth. Similarly, the benthic studies (see Chapter 6 and Skilleter et al. 2006) also focussed 

in these lower reaches and addressed only the potential impacts from dredging operations. The 

studies detailed here (i.e. Chapter 7) examined the full spectrum of possibly threats (see Chapter 4) 

within the Noosa River estuary with a view to determining which of the most common threats were 

transformed into impacts on the biodiversity. 

Major Findings – Benthic Communities 

1. The focus of the sampling in Lake Cootharaba was the comparison between patches close to 

creeks draining into the Lake and patches without such inputs. There was generally very few 

species found in the sediments of Lake Cootharaba and there was no detectable impacts 

from the Activity (Creeks vs  Controls). There was no detectable significant differences in 

community composition due to either Proximity to the shoreline or Activity, but there was 

considerable small scale variation among the patches and also among the plots within a 

patch. There was a large difference in the average abundance of animals relating to the 

distance from the shoreline (i.e. Proximity), with this pattern reversing near the creeks, but 

this difference was not significant. These differences were observed for the total number of 

individuals, but also for major taxonomic groups such as the bivalves and amphipods. It 

should be remembered though that the densities of the individual taxa were always quite 

small.  

 

There are several possible explanations for this lack of statistical significance, relating to 

shoreline activity: 

i. Despite the differences in effect sizes (differences in the average abundances) between 

the two types of shoreline Activity, these differences are due to natural variation in 
abundances and not specifically related to the different Activity types. That is, the lack 

of statistical significant reflects the lack of biological significance. This would indicate 

that the influence of the creeks into Lake Cootharaba is not affecting the abundance of 

the benthic fauna in a way that could be considered ecologically relevant. 

ii. There were real effects of the creeks on benthic abundance but the scale and magnitude 

of any such effects occurred over a larger spatial scale than was sampled among the 

patches. That is, the effects of the creeks (e.g. sedimentation, increased turbidity, inputs 

of freshwater) extend over a larger area, possibly the entire lake. Inputs of sediment, 

especially from Kin Kin Creek may be having a marked effect on the benthic 

communities throughout Lake Cootharaba and possibly within the entire Noosa system. 

 

Studies done elsewhere (e.g. Reid et al., 2011; Duggan et al., 2014) have found that 

sedimentation and inputs of freshwater during flood events may reduce the abundance 

of sedimentary chlorophyll and also meiofauna, both of which form the basis of food 

webs in estuarine systems. A decline these sources of food at the base of the web would 

then cascade through to higher trophic levels, including the macrofauna (e.g. Leroux 

and Loreau, 2008; Rossi et al., 2009). If the effects of the creeks are of ecological 

importance in Lake Cootharaba, but operating at scales larger than we sampled here, a 

very different type of investigation would be needed to identify if this is the case. 
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Increased sedimentation is also likely to change the mix of sediment grain sizes present 

in benthic habitats, with the fine particles being deposited on the surface of existing 

sediments. These sediments may become mixed or remain as distinct layers depending 

on the extent of water movement and resuspension. The benthic fauna live on or among 

the sediment particles, so sediments with a large number of different fractions (grain 

sizes) present are considered more complex than sediments that are well sorted (narrow 

range of grain sizes present). There are generally more species present in these more 

complex sediments (e.g. Gray and Elliot, 2009). Detailed studies on the rates of 

sedimentation and benthic resuspension would need to be done (see Chapter 9) in order 

to determine how inputs of sediment from Kin Kin are modifying the average grain size 

and sorting coefficients within Lake Cootharaba. 

iii. One of the original driving forces for this study was concerns over the impacts of prawn 
trawling within Lake Cootharaba, on the basis of anecdotal reports and also documented 

declines in the commercial catch. The current study was not done though to examine 

specifically any impacts from prawn trawling, but rather to investigate the current status 

of the benthic communities (of which prawns are one part) within the system and to 

examine the potential for using prawns as a sentinel species for detecting impacts. 

Declines in the catch as a result of prawn trawling are, however, not the only recognised 

impact from this type of fishing (reviewed by Andrew and Pepperell, 1992).  

 

The trawl gear is extremely damaging to benthic habitats (O’Neill and Summerbell, 

2011) and the associated faunal communities (e.g. Costa and Netto, 2014; McHugh et 

al., 2015; McHugh et al., 2016; Pitcher et al., 2016) and the discards  attract scavengers 

and predators which can also affect benthic communities (e.g. Ramsay et al., 1996, 

1997). 

 

If there are environmental impacts associated with the decades of benthic prawn 

trawling in Lake Cootharaba, these effects are likely to be manifested over much larger 

spatial scales (i.e. the entire Lake) than we examined with our focus on shore-based 

activities, and they could be masking any effects from the creeks and sediment inputs. 

iv. These differences have biological relevance and possible importance, despite the lack 

of statistical significance (see Amrhein et al, 2017). In the Control patches, where were 

more individuals close to the shore, but in Creek patches, there was 35% more animals 

further away from the confluence of the creek with the Lake. This suggests that the 

influence of the creeks entering into Lake Cootharaba leads to a reduction in the total 

number of animals close to the shoreline, whereas the unimpacted pattern (Control 

patches) is that more animals are closer to the shore than further out. 
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2. Sampling in the main Noosa River channel was directed at three specific types of shoreline 

Activities: Control or natural areas, those with Residential development along the shoreline 

and within the buffer zone and those associated with Canal estates. Again, the primary result 

from these studies was that there were some effects associated with proximity to the 

shoreline, but very few effects associated with Activity. The main exception to this was the 

very large reduction in the abundance of amphipods in the Canal estate sediments compared 

to those in the main channel near the Controls or Residential areas. 

 

Amphipod crustaceans lack a planktonic stage: the females carry the developing eggs in a 

pouch under the abdomen (the marsupium) and the juveniles hatch directly from the eggs. 

This may effect the capacity for amphipod populations to recover after any environmental 

impacts, due to limited dispersal. There was also a significantly different community found 

in the sediments within the Canal estates, but this was primarily due to an overall change in 

the species of polychaete worms present in these patches compared with the main channel. 

Together, these results suggest there are important impacts associated with the canal 
estates, which need to be investigated further. 
 

Canal estates, due to their restricted water circulation, are susceptible to periods of hypoxia 

(reduced oxygenation of the water) and this has been found to impact on amphipods 

elsewhere (e.g. Coffin et al., 2018). Any freshwater runoff may also lead to localised 

changes in salinity which has also been associated with decreased abundances of amphipods 

in estuarine systems (Rutger and Wing, 2006). 

 

In addition, canal estates are also associated with a large number of residential boat 

moorings, introducing the potential for impacts associated with recreational boating to affect 

the fauna within these areas (Burgin and Hardiman, 2011). Recreational boating and canal 

estates have been associated with impacts including hydrocarbon pollution from fuel 

leakages (English et al., 1963; Clark et al., 1974), heavy metal toxicity from anti-fouling 

paints (Mayor et al., 2013; Neira et al., 2013), loss of submerged vegetation (Hastings et al., 

1995) & organic enrichment from sewage dumping from on-board toilets (Burgin and 

Hardiman, 2011). 

3. Sampling in Lake Weyba focussed on whether shoreline residential development affected the 

benthic communities. Sampling was once again characterised by very large and significant 

small scale patchiness. In contrast to the apparent role of Residential patches in the main 

Noosa River channel, in Lake Weyba there were very clear effects of Residential activity on 

the abundance of benthic animals, with significantly fewer animals close to the shore than 

further out. This suggests that the effects are relatively localised so that the influence is 

reduced with increasing distance from the sources. Given these effects were detected across 

widely spaced Patches of the same activity, it is likely that the cause is something common 

across most residential areas so that the influence is manifested where ever there are homes 

on the shoreline. 

 

There are a wide range of potential sources of impacts associated with residential areas that 

could lead to such impacts, including: 

(i) Increased nutrients and/or pesticides associated with gardening and lawn maintenance. 

Increased nutrient levels associated with septic systems and/or faecal material from 
animals. The use of lawn fertiliser or even nutrient additives for plants (e.g. vegetable 

gardens) may lead to excess nutrients (N and P) leaching into the nearby waterways (e.g. 

McKinney et al., 2001; Chintala et al., 2006). These inputs are often non-point source (i.e. 

are diffuse; Carpenter et al., 1998) and could be associated with most, if not all, residential 

areas within this part of the system (e.g. Bowen and Valiela, 2004 in the USA). 
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Eutrophication (enhanced carbon production often associated with excessive nutrients) is 

considered one of the major sources of biodiversity loss within estuarine and coastal  waters 

(de Jonge et al., 2002; Lotze et al., 2006). 

 

Pesticides, such as pyrethroids, are increasingly used in residential and industrial areas for 

the control of insect pests, especially mosquitoes, because of their relatively minor toxicity 

to mammals and birds (e.g. Hermández-Guzmán et al., 2017). Aquatic invertebrates and 

fish, however, have been shown to be affected adversely by exposure to these insecticides 

(e.g. Bradberry et al., 2005). 

 

Given the effects were specific to the patches adjacent to the residential areas (i.e. they were 

different from the Controls) and dissipated within ca. 100-200 m from the shoreline, the 

magnitude of any such inputs would likely be relatively minor. There is the potential though 

for any nutrients to accumulate within the system, given the poor flushing of Lake Weyba 

and the Noosa system in general. If further studies are pursued, it is recommended that 

nutrient analysis is done on samples from the water column and the sediments, using the 

sampling design implemented here. This would allow a determination of whether nutrients 

are the likely cause of the impacts. 

(ii) Heavy metal and hydrocarbon pollution associated with runoff from impervious surfaces 
(e.g. rooftops, driveways and tennis courts). Rooftops and paved surfaces frequently 

accumulate pollutants associated with paints and other treatments and/or fuel leaks from 

motor vehicles (e.g. Grella et al., 2018). Heavy metal pollution is a problem globally and 

there is a great deal known about the effects of various metal species on different marine and 

estuarine organisms (e.g. Ahn et al., 1995). Lead (Pb) and Zinc (Zn) are frequently 

associated with residential areas, due to their use in roofing materials We did not sample for 

heavy metals, but it is possible the Queensland EPA may have data from the Noosa system 

that could be assessed.  

Hydrocarbons are introduced to the marine and estuarine environment primarily through 

anthropogenic sources (Simpson et al., 1996) and can enter through the spills of petrol in 

urban areas (Neff, 1979; Sharma et al., 1997).  

4. There was substantial and often significant small-scale patchiness in the abundance of the 

benthic fauna. This was observed among the individual Patches, coded as belonging to a 

specific Activity class, and also among the replicate samples. 

i. Significant patchiness in abundance is sometimes seen as a response to environmental 

impacts, with greater variability considered an indicator of disturbance (e.g. Caswell 

and Cohen, 1991; Warwick and Clarke, 1993). Chapman et al. (1995), however, showed 

that this was not a reliable indicator because under some circumstances environmental 

disturbance was associated with a decrease in variability. 

ii. Some of the variability among the different Patches was likely due to variability in any 

effects associated with specific threats (see Chapter 4). The Methods developed allowed 

us to select Patches that had the greatest similarity to each other in relation to those 

threats that appeared dominant in that area of the estuary. It was not possible, however, 

to incorporate every single threat into the selection of patches so other influences may 

be acting on the composition of the benthic communities. Sampling a greater number of 

similar patches would potentially resolve some of this variability, but at much greater 

cost, due to the time-consuming nature of processing benthic samples. 
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Chapter 8: Baseline Data for Future Monitoring 

8.1. Introduction 
The focussed sampling programs to determine any impacts associated with designated land use 

categories (see Chapter 7) provided data that could be used as the baseline for any future monitoring 

of the Noosa estuarine systems, either as a regular program to monitor the health of the benthic and 

nektonic communities, or in response to specific management activities (see Chapter 9). The data 

from the areas designated as ‘Control” patches provide the most useful information in this context, 

as they are the least likely to be affected by any nearshore anthropogenic activities. 

These data are analysed here as the first step in the development of any ongoing monitoring 

program that the relevant agencies may initiate. The sampling design that was used for the 

examination of land-use impacts (i.e. as shown here and in Chapter 7) may not necessarily be the 

best or most appropriate design for any future monitoring programs. The design of all sampling and 

experimental work must be based on clearly stated questions (hypotheses), in this case, 

management outcomes. Otherwise there is the real risk that the data collected (and therefore the 

considerable funds that would be expended) would not provide information on the questions of 

interest. These data may be analysed statistically and patterns described, but that should not be 

equated to addressing focussed management questions, unless the collection of those data was done 

using an appropriate sampling design. 

8.2. Methods 
The relevant sampling methods have already been described in detail in Chapter 7 for the benthic 

and nektonic communities. In summary: 

Benthic samples were collected at two distances from shore; near (0-30m from shore) and far (80-

110m from shore). In each distance band, three 10 x 10m plots were randomly located such that 

each plot was placed at least 50m away from every other plot for a particular patch and at least 

100m away from the outer edges of the patch. In each plot, three replicate infaunal samples were 

taken haphazardly using either a core or grab sampler. In shallow plots (< 1.5m depth), a coring 

device (diameter = 15cm) was plunged into the substrate to a depth of 15cm. A vacuum seal was 

then created by closing a valve above the water connected to the corer via a long cast iron pipe. The 

coring device was excavated, the end was capped and the sample was brought to the surface where 

it was emptied into a 500µm sieve to remove any excess water, and the remaining contents were 

transferred into a labelled sample jar. For deeper plots (> 1.5m) that could not be sampled with the 

corer, a Van Veen Grab was used. Due to some inconsistencies with the volume of sediment 

collected in each grab sample as a result of snags or the sloping or uneven nature of the bottom in 

some places, the volume of sediment collected in all grab samples was measured upon collection 

using a graduated bucket and recorded. In instances where the grab sampler did not close correctly 

on deployment (i.e. snags) or the volume of sediment in the grab sample was below 0.002 m3, the 

sample was rejected and another sample was taken. All contents collected in the grab were placed 

into labelled sample jars. 

All macrobenthic samples (grab and core samples) were fixed in a 10% buffered formalin solution 

immediately upon collection for a period of at least two days whereupon the samples were 

transferred to a 70% ethanol solution for storage. A pink stain (Rose Bengal) was added to each of 

the samples to facilitate easy sorting of organisms from non-animal material under a dissecting 

microscope. Once sorted, animals were identified to the lowest possible taxonomic level and 

counted. Numbers of animals counted in each sample were standardised by the sample volume 
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before statistical analyses. To allow direct comparisons of abundance among the different 

components of this report, all volumes were standardised to 3.5 litres of sediment. 

For nekton sampling, a small beam trawl and baby otter (prawn) trawl were used. Juvenile prawns 

and small nekton were sampled with a beam trawl comprising a small sled with of steel frame 

(dimensions: 1.5 m wide, 0.8 m high) mounted on two wooden shoes attached to a 6 m long cone-

shaped mesh net. The mesh size of the main body of the net was 1.2 mm, narrowing to 1.0 mm in 

the cod-end. All beam trawls were completed during daylight within a 3-hours of the high tide as 

the higher water levels during this period permitted access to areas in the estuary closer to shore and 

nearshore vegetation such as mangroves that have previously been identified as important nursery 

areas for juvenile prawns. The starting GPS coordinates for each trawl were randomly identified 

using ArcGIS and all trawls were located at least 50m away from every other trawl and at least 

100m from the edges of the patch. The beam trawl was hauled parallel to the shoreline for a 

distance of 100m (measured using GPS track log) at a speed of ~3.0 knots before the vessel motors 

were disengaged and the net dragged back to the boat. The exact start and end GPS coordinates of 

each trawl were marked using GPS so that subtle differences in the length of each trawl could be 

accounted for when the samples were analysed. All of the contents of the trawl were rinsed gently 

into a 500-micron sieve whereupon any fish caught in the trawl where immediately euthanized by 

submersion in a solution of clove oil and seawater. All trawl contents were then transferred into 

labelled sample bags and placed on ice for transport back to the lab. 

Large mobile nekton (adult prawns and fish) were sampled with an otter trawl in 4 random locations 

adjacent to each patch. Trawls were located between 30 and 100m from the shoreline. Trawling was 

done during daylight hours and up to 3 hours either side of the high tide (again to provide access to 

areas closer to shore). The otter trawl consisted of 5.0 m long net with 4.5 m wide head rope. The 

net consisted of a diamond mesh body with 10mm apertures and 3mm square mesh cod-end. Upon 

arriving at the GPS coordinates for the trawl location, a weighted marker buoy was deployed from 

the side of the vessel to mark the exact start location of the trawl as the net and otter boards were 

deployed from the stern of the vessel. The lead ropes of the otter trawl were let out for exactly 30m 

before being tied off. At this moment the distance meter of the onboard GPS was reset. The net was 

dragged across the bottom distance of 50m (as measured with the GPS) at a constant speed of 

approximately 5 knots. At the 50-metre mark, the vessel motors were disengaged and the net was 

hauled back to the boat. All fish and prawns caught in the otter trawl were extracted from the net as 

soon as possible and immediately placed in a 20 litre holding tank filled with ambient sea water 

Small fish species that could not be identified on board the vessel were separated from the catch and 

humanely euthanized through immersion in a solution of seawater and clove oil. Larger, readily 

identifiable species of Chondrichthyes (i.e. rays) were identified and measured before being 

released. For species with more than 10 individuals in a single trawl, only 5-10 random individuals 

of that species were kept. The remaining individuals were counted, measured and photographed 

before being released. Following euthanasia, the catch for each trawl was transferred to a labelled 

sample bag and stored on ice.  Upon return from the field, both beam and otter trawls samples were 

transferred to a cold room and kept at -20°C until they could be processed. All animals caught in the 

trawls were identified to species and counted. All animals were also measured and weighed. 

8.3. Results and Discussion 
All estimates of abundance in this report have been converted to a standardised volume of sediment 

of 3.5 litres to account for the in the size of samples collected using benthic grabs. The only 

exception to this are the data in Chapter 6 (historical analysis of floods versus dredging). Any future 

studies need to ensure that those data are standardised appropriately for relevant comparisons to be 

made. The data that have been analysed are primarily the abundances of major taxonomic groups 

(e.g. bivalves, amphipods) as no single species was sufficiently abundant to warrant separate focus. 
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Table 8.1: Summary statistics for the major groups of benthic animals found in Control Patches in 

Lake Cootharaba, Noosa River channel and Lake Weyba. Data are means (±SE) based on the 

samples collected in control patches within each of the regions. 

 

 Total All Areas Lake Cootharaba Noosa River Lake Weyba 

     

Number of samples 216 108 54 54 

Abundance 62.96 ± 4.68 38.83 ± 5.17 46.37 ± 6.90 127.80 ± 9.67 

No. Species 6.94 ± 0.29 4.08 ± 0.20 8.33 ± 0.57 11.28 ± 0.47 

Bivalve Abundance 17.20 ± 2.42 23.07 ± 4.59 5.65 ± 1.21 17.02 ± 2.11 

Bivalve Species 1.50 ± 0.07 1.07 ± 0.06 1.13 ± 0.11 2.70 ± 0.14 

Gastropod Abundance 0.31 ± 0.17 0.56 ± 0.33 0.02 ± 0.02 0.11 ± 0.08 

Gastropod Species 0.08 ± 0.02 0.12 ± 0.03 0.02 ± 0.02 0.06 ± 0.03 

Amphipod Abundance 14.93 ± 2.19 3.30 ± 0.56 14.69 ± 4.18 38.44 ± 6.62 

Amphipod Species 1.46 ± 0.09 0.81 ± 0.07 1.98 ± 0.21 2.26 ± 1.19 

Polychaete Abundance 21.56 ± 1.69 8.05 ± 0.93 21.31 ± 2.75 48.85 ± 3.79 

Polychaete Species 3.22 ± 0.16 1.83 ± 0.14 4.04 ± 0.29 5.17 ± 0.33 

     

The overall abundance of animals living in the sediments in Control patches across the Noosa River 

system was relatively small. Lake Weyba had the largest densities, but there was still only ~128 

individuals per sample (Table 8.1). For comparative purposes we examined the abundances of 

benthic infauna in some urbanised estuaries from around the globe. Morrisey et al (1992) sampled 

the heavily industrialised Botany Bay (Sydney, Australia) using hand-held cores that had a volume 

of ~785 mL. Standardising their abundances to 3.5 litres gives maximal densities greater than 4000 

individuals per sample, or 30x greater than currently found in Lake Weyba (Figure 8.1). Seitz et al. 

(2018) examined the abundance of infauna to a depth of 30 cm in 14 different estuarine systems 

within Chesapeake Bay in the USA, with a focus on how land use (forested, agricultural, developed 

land) and shoreline development (natural versus modified) affected the communities. Despite these 

systems being heavily modified and close to very large U.S cities, comparative densities were still 

2-3x greater than the maximal density we recorded for Noosa and 6x greater than the average 

density (Seitz et al., 2018; Figure 3a). Wildsmith et al. (2009), working in the highly modified Peel-

Harvey estuary in Western Australia recorded densities of ~5000 individuals per sample, albeit of a 

very small number of mostly capitellid polychaetes, but again substantially greater densities than 

currently found within the Noosa River system. 

These comparisons are intended only as a guide to the currently depauperate state of the benthic 

fauna within the Noosa system. There are a multitude of possible explanations for why the densities 

of fauna within the sediments of Noosa are less abundant than in other estuaries, but given the 

documented decline in species richness and abundance that has been documented in Noosa, it is one 

more line of evidence indicative of a problem within the system. 

The following analyses are based on a total of 10,458 individuals (standardised to 3.5 litres of 

sediment) from 162 samples taken in the Control sites. There were 107 species recorded in these 

Control sites, but 37 of those species (35%) could be considered rare, occurring as either a single or 

two individuals from all samples. 42 of the species (39%) could be considered common occurring 

as more than 10 individuals across all samples. It is, however, important to remember that for viable 

populations, densities of individuals need to be sufficient to allow fertilisation to occur, so total 

numbers of individuals is not the only important variable: density is also critical (Grosberg & 

Levitan, 1992; Levitan et al., 1992). 
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Figure 8.1: Data from Morrisey, D.J., Howitt, L., Underwood, A.J. (1992). Spatial variation in soft-

sediment benthos. Marine Ecology Progress Series 81, 197–204. Figure 2 (Page 200). 

 

 

 

Figure 8.2: non-metric multi-dimensional ordination (nMDS) plot of the data from the samples in 

the Control sites in each of the three sub-catchments (Regions) that were sampled. N=161 samples 

(one sample was removed as it has so few individuals present, from a single species, that it 

dominated the analysis). 
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Figure 8.3: non-metric multi-dimensional ordination (nMDS) plot of the data from the samples in 

the Control sites in each of the three sub-catchments (Regions) that were sampled. N=161 samples 

(one sample was removed as it has so few individuals present, from a single species, that it 

dominated the analysis). Plot shows the interaction between Region and Proximity (near vs far from 

the shoreline). 

 

The composition of the benthic community in the Control sites was very different among the three 

sub-catchments (Regions) (Figure 8.2; ANOSIM, P < 0.001). There was almost no overlap in the 

composition of the samples from each of these regions. There was a significant interaction between 

Region x Proximity though (Figure 8.3), with the composition of the benthic community not 

differing with distance from the shoreline in Lake Cootharaba (P > 0.19) but varying with distance 

in the main Noosa River channel (P < 0.001) and Lake Weyba (P < 0.001). This indicates that at 

present there are five distinct benthic communities in the Control sites around the Noosa system. 

The number of individuals varied among the different sub-catchments with Lake Weyba supporting 

the greatest densities (Figure 8.4). There was no significant difference in the abundance of animals 

between the Near and Far samples in Lakes Cootharaba and Weyba, but there were more animals 

close to the shore than further out in the main River channel (ANOVA, significant R x P 

interaction, SNK tests; Table 8.1). 

 

Table 8.1: Results of analysis of variance on the mean number of individuals in grab samples 

collected from sediments in Control areas in each of the three Regions (Lake Cootharaba, main 

Noosa River channel and Lake Weyba). Data were loge(x+1)transformed. 

 
Effect df Mean Square F-value P-value 

Region: R 2 45.32 52.83 0.001 
Proximity: P 1 4.56 4.33 0.095 

R x P 2 11.37 13.26 0.001 
Patch (R x P) 4 1.07 0.51 0.729 

Plot (Patch x R x P) 12 2.10 2.45 0.005 
Residual 194 0.86   
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Figure 8.4: The mean abundance of benthic animals in Control patches from the three different 

sub-catchments of the Noosa River estuary (Lake Cootharaba, main Noosa River channel and Lake 

Weyba), sampled in April, 2018. . Samples standardised to 3.5 litres of sediment. 

 

Figure 8.5: Mean number of benthic species in Control patches from the three different sub-

catchments of the Noosa River estuary, (Lake Cootharaba, main Noosa River channel and Lake 

Weyba), sampled in April, 2018. Samples standardised to 3.5 litres of sediment. 
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The mean number of benthic species also varied significantly among the three sub-Regions, 

although the differences depended on whether samples were collected close to the shore (Near) or 

further out (Far) (Figure 8.5; ANOVA, significant R x P interaction, Table 8.2). For the offshore 

samples, Lake Weyba supported more species than the Noosa channel which in turn had more 

species that Lake Cootharaba (SNK tests). Close to the shore, there was no significant difference 

between the number of species in Lake Weyba and the Noosa channel, but both supported more 

species than Lake Cootharaba (SNK tests). The change in water depth between the near and far 

patches was substantial in the main Noosa Channel, whereas there was very little change in water 

depth with increasing distance from the shoreline in Lake Cootharaba and Lake Weyba. 

 

Table 8.2: Results of analysis of variance on the mean number of species in grab samples collected 

from sediments in Control areas in each of the three Regions (Lake Cootharaba, main Noosa River 

channel and Lake Weyba). Data were untransformed. 

 
Effect df Mean Square F-value P-value 

Region: R 2 1001.13 127.66 0.001 
Proximity: P 1 0.82 0.05 0.830 

R x P 2 129.04 16.46 0.001 
Patch (R x P) 4 16.59 1.19 0.364 

Plot (Patch x R x P) 12 13.94 1.78 0.054 

Residual 194 7.84   

 

 

 

Figure 8.6: Mean number of bivalves in Control patches from the three different sub-catchments of 

the Noosa River estuary, (Lake Cootharaba, main Noosa River channel and Lake Weyba), sampled 

in April, 2018. Samples standardised to 3.5 litres of sediment. 
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There was significantly fewer bivalves in the sediments in the main Noosa Channel than in either of 

Lake Cootharaba or Lake Weyba (Figure 8.6), with approximately a 4-fold difference present. 

These bivalves comprised only 1-2 different species in the samples, so no separate analysis was 

done on the number of bivalve species present. 

 

Table 8.3: Results of analysis of variance on the mean number of bivalves in grab samples 

collected from sediments in Control areas in each of the three Regions (Lake Cootharaba, main 

Noosa River channel and Lake Weyba). Data were untransformed. 

 
Effect df Mean Square F-value P-value 

Region: R 2 5467.17 4.98 0.008 
Proximity: P 1 508.47 0.20 0.678 

R x P 2 1059.43 0.97 0.383 

Patch (R x P) 4 2745.02 0.98 0.455 

Plot (Patch x R x P) 12 2805.43 2.56 0.004 
Residual 194 1097.10   

 

There were significantly more amphipods close to the shore than further out in Lake Weyba and the 

main Noosa River channel (ANOVA, Table 8.4, SNK tests; Figure 8.7) but not in Lake Cootharaba 

(significant Region x Proximity interaction).. There were almost no amphipods sampled in the 

control patches in Lake Cootharaba (Figure 8.7). 

 

 

Figure 8.7: Mean number of amphipods in Control patches from the three different sub-catchments 

of the Noosa River estuary, (Lake Cootharaba, main Noosa River channel and Lake Weyba), 

sampled in April, 2018. Samples standardised to 3.5 litres of sediment. 
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Table 8.4: Results of analysis of variance on the mean number of amphipods in grab samples 

collected from sediments in Control areas in each of the three Regions (Lake Cootharaba, main 

Noosa River channel and Lake Weyba). Data were untransformed, but note that variances were 

heteroscedastic and this could not be rectified via transformation of the data. 

 
Effect df Mean Square F-value P-value 

Region: R 2 80.52 77.61 0.001 
Proximity: P 1 28.20 34.03 0.002 
R x P 2 8.61 8.30 0.001 
Patch (R x P) 4 0.81 0.74 0.584 

Plot (Patch x R x P) 12 1.09 1.05 0.402 

Residual 194 1.04   

 

 

Figure 8.8: Mean number of species of amphipods in Control patches from the three different sub-

catchments of the Noosa River estuary, (Lake Cootharaba, main Noosa River channel and Lake 

Weyba), sampled in April, 2018. Samples standardised to 3.5 litres of sediment. 

 

The pattern in the distribution of amphipod species was essentially the same as for their abundance, 

with more species close to the shoreline than farther our in Lake Weyba and the main Noosa River 

channel, but no difference between distances for Lake Cootharaba (ANOVA, Region x Proximity, P 

< 0.006; SNK tests; Figure 8.8). Overall, there were few species found in the system in 2018. 

The abundance of polychaete worms in the Control patches was more complicated than for the 

other taxa (Figure 8.9). There was no significant difference in the abundance of worms in Lake 

Cootharaba between the two distances from the shoreline, but there were differences between 

distances in the main Noosa Channel and Lake Weyba (Figure 8.9) (ANOVA, Table 8.5, SNK 

tests). The abundance of polychaete species also mirrored that of the number of individuals (Figure 

8.10) in terms of where significant differences were detected (Table 8.6). 
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Figure 8.9: Mean number of polychaetes in Control patches from the three different sub-

catchments of the Noosa River estuary, (Lake Cootharaba, main Noosa River channel and Lake 

Weyba), sampled in April, 2018. Samples standardised to 3.5 litres of sediment. 

 

Table 8.5: Results of analysis of variance on the mean number of polychaetes in grab samples 

collected from sediments in Control areas in each of the three Regions (Lake Cootharaba, main 

Noosa River channel and Lake Weyba). Data were loge(x+1) transformed. 

 
Effect df Mean Square F-value P-value 

Region: R 2 82.65 101.01 0.001 
Proximity: P 1 2.20 1.30 0.313 

R x P 2 6.42 7.84 0.001 
Patch (R x P) 4 1.80 0.87 0.508 

Plot (Patch x R x P) 12 2.06 2.51 0.004 
Residual 194 0.82   

 

 

Table 8.6: Results of analysis of variance on the mean number of species of polychaetes in grab 

samples collected from sediments in Control areas in each of the three Regions (Lake Cootharaba, 

main Noosa River channel and Lake Weyba). Data were loge(x+1) transformed. 

 
Effect df Mean Square F-value P-value 

Region: R 2 224.07 70.87 0.001 
Proximity: P 1 1.67 0.27 0.626 

R x P 2 37.69 11.92 0.001 
Patch (R x P) 4 6.41 1.30 0.323 

Plot (Patch x R x P) 12 4.91 1.55 0.108 

Residual 194 3.16   

 

 



 224 

 

Figure 8.10: Mean number of species of polychaetes in Control patches from the three different 

sub-catchments of the Noosa River estuary, (Lake Cootharaba, main Noosa River channel and Lake 

Weyba), sampled in April, 2018. Samples standardised to 3.5 litres of sediment. 

 

 

It is evident, even with the very small numbers of benthic individuals currently present in the 

sediments, that any long-term monitoring needs to distinguish among the different Regions (or sub-

catchments) and also incorporate sampling at different distances from the shoreline in order to 

capture the full spectrum of species and also variation in abundances. These spatial differences 

across the Noosa River system mean that any attempt to determine the efficacy of planned or 

proposed management responses to the loss of biodiversity must include in the sampling design 

measures of variation at the scales covered here, from metres (among replicates) to kilometres 

(among regions). 
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Chapter 9: Management Considerations – Dredging 

Recommendations 

 

If the primary cause of the decline in benthic communities, both over the long-term (20 year period) 

and over small spatial scales associated with specific human activities, is accepted as being caused 

by sedimentation and associated benthic resuspension, the following recommendations are made for 

future work. 

1. Before any management responses are initiated, a program of measurement of benthic 

resuspension and sedimentation should be implemented. Any such program should be designed to 

incorporate variable weather events (e.g. strong winds, rain periods). This program should be 

initiated as soon as possible to take advantage of the recent benthic sampling that has been done, 

allowing the results of the two phases of work to be linked to each other. 

2. In association with any studies on benthic resuspension and sedimentation, once preliminary 

data are available, the depth profile into the substratum of major groups of benthic organisms 

should be determined. This would provide information on which species are living close to the 

surface of the sediments and therefore more susceptible to the immediate effects of smothering. 

3. Consideration should be given for implementing a semi-regular monitoring program of both 

the benthic and nektonic communities, with a sampling design targeting the management options 

that are implemented, in order to measure the success or failure of such options. Clear statements 

about the ecological goals of any management actions must be stated before the sampling designs 

are developed. 

4. Plans should be made for opening the mouth of the estuary at a time when there are peak 

spring tides and possibly predicted rainfall. Opening the estuary at this time would provide an 

opportunity for accumulated fine sediments to be flushed from the system. This is no longer 

possible due to the restricted opening and reduced tidal prism. 

5. Once flushing has been achieved, maintenance of dredging channels through the shallow 

lakes should be established and discussion should be held with the relevant government agencies 

about establishing designated ‘go slow zones’ within the lakes and possibly even areas where 

boating is not allowed, to reduce swash from boats eroding shallow shorelines and preventing the 

re-establishment of seagrass (intertidal and shallow subtidal) and mangroves. This would, by 

necessity, need to include the banning of prawn trawling in the shallow areas, if it is not possible to 

ban all trawling in the system. 

6. Future considerations, if sedimentation and resuspension is shown to be reduced after 

flushing and dredging of channel, could then be given to replanting of both seagrass and mangroves 

in areas where these flowing marine plants were once known to be present. 
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Conclusions 

 

Dredging, whether it is for maintenance of boating channels, creation of new habitats, or opening 

the mouth of the estuary, is associated with a wide range of potential impacts on biodiversity and 

also on ecosystem goods and services. The various threats include: 

• Complete loss of fauna from the area being dredged due to entrainment in the dredge gear; 

 • Some mobile fauna may escape 

 • Some species may be returned in overflow of fine sediments; 

 

• Changes to phytoplankton primary production due to changes in chemical (nutrient) exchange 

between the suspended sediments and the water column and/or reductions in light penetration into 

the water column due to increased turbidity; 

 • This may result in algal blooms, including of toxic species; 

 

• Secondary production (zooplankton) may be stimulated due to increased phytoplankton 

production. Blooms may lead to hypoxia if too much material sinks to the bottom and dies, leading 

to dead zones, which can spread; 

 

• Increased turbidity can affect the feeding success of a wide range of species in the water column, 

including larval prawns and crabs, fish and many of the species (e.g. copepods) that form the diet of 

higher trophic levels; 

 

• Effects on benthic fauna may also be widespread due to the often close relationship between 

animals and the sediment; 

 • Changes in benthic community composition as sediment grain size changes; 

 • Burial and smothering of animals as fine sediments sink back to the bottom; 

 • Changes in the stability of the substratum affecting different types of animals; 

 • Effects on larval supply through complicated mechanisms; 

 

• Release of toxic chemicals (e.g. pollutants, acid-sulphate leachates) back into the water column for 

further dispersal; 

 

• Loss of specific benthic habitats, such as oyster reefs, tube-mats, seagrass and algal beds; 
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9.1. Preamble 
During meetings with the Board of the Noosa Biosphere Reserve Foundation, Noosa Council and 

The Nature Conservancy, discussions focussed on possible explanations for the decline in 

biodiversity within the Noosa estuarine system and also suggested management options. The 

primary area of discussion was on the deleterious effects of repetitive sediment resuspension of the 

fine silts and clays that were entering the waterways from catchment streams and creeks. Large 

volumes of sediment have been recorded as entering the Kin Kin Creek catchment and subsequently 

washing down into Lake Cootharaba. Wind-driven and tidal water movement in the shallow 

waterways has the potential to move these sediments around the estuarine system, impacting on 

benthic plants (seagrasses, algal mats) and animals (infauna and epifauna) and also pelagic plants 

(phytoplankton) and animals (zooplankton & also juvenile fishes). 

This section will provide a brief analysis of the potential ways that these resuspended sediments 

may impact plants and animals. This is combined with an analysis of the impacts of dredging – it is 

through the study of dredging impacts that a great deal of understanding has been gained about the 

effects of sedimentation. Furthermore, dredging the channels and waterways and also potentially 

opening up the mouth of the estuary to allow flushing was highlighted as a possible management 

response to the problems. This section therefore provides an overview of the ecological 

considerations that must be taken into account when determining the viability of a dredging 

program. 

Where possible, information in the effects of dredging have been taken from studies in the SE 

Queensland region, particularly Moreton Bay, because of the overlap in much of the estuarine 

fauna, similar climatic conditions and relevant socio-economic factors. More detailed experimental 

work on the impacts of sedimentation has been done overseas though so this literature is also 

referenced where relevant. 

9.2. Impacts of Dredging 
9.2.1. Scope of this review 

The effects of dredging on assemblages of benthic invertebrates within the catchments of SE 

Queensland have not been addressed in any detailed manner.  Several studies have provided pre-

impact data from sites in the Moreton Bay region (e.g. Hailstone, 1976; Stephenson et al., 1976;  

Stephenson & Campbell, 1977; Stephenson et al., 1978) but few post-dredging studies have been 

done. Poiner & Kennedy (1984) took advantage of the pre-impact surveys from the Middle Banks 

region (Stephenson et al., 1978) and re-analysed a subset of this larger dataset to provide direct 

comparisons, before and after, of an area subjected to extensive dredging. This study showed 

marked declines in numbers of 'species' and total numbers of individuals in the areas which were 

dredged, but increases in these variables over the same time-period in nearby undredged areas.  

These undredged areas showed evidence of impacts arising from the associated sediment plume 

generated during dredging operations (Poiner & Kennedy, 1984), but without suitable 'control' or 

'reference' sites, the magnitude of any such effects cannot be estimated. 

Skilleter et al. (2006) examined the effects of sand dredging in the mouth of the Noosa River as part 

of bank stabilisation. The results of these studies, including as yet unpublished data comparing the 

effects of dredging with the effects of periodic flood events (associated with cyclones), are 

presented in detail in Chapter 6 of this report. These studies showed that dredging does have 

specific impacts on some groups of benthic fauna and these need to be considered when planning  

of any future dredging. Importantly though, in the context of this report and the declines in 

biodiversity throughout the estuarine system, there are important limitations to these previous 

studies, despite them being focussed in the Noosa River estuary. 
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First, these studies specifically focussed on the area near the mouth of the estuary as this was where 

the dredging was being done and where bank stabilisation was planned. This places a spatial 

limitation on the broader applicability of the results to other parts of the system. As documented in 

this report, the composition of the benthic and nektonic communities vary considerably among the 

different catchment areas of the system (e.g. lakes versus channels). Therefore dredging in other 

parts of the system would potentially impact a different community of organisms from that found 

near the mouth. 

Second, the sediment composition (i.e. grain size and sorting, organic content, etc.) also varies 

considerably in the different catchments of the system. The sediments near the mouth are generally 

coarse sands that are poorly sorted and relatively deficient in organic materials. In contrast, the 

sediments further up the system, for example in Lake Cootharaba, are much finer, comprising silts 

and muds, much of which has been washed down from Kin Kin Creek. As will be discussed below, 

the impacts of dredging are very much influenced by the composition of the sediments due to 

interactions with the grain size (e.g. propensity for sediment resuspension) and organic content (e.g. 

microbial community composition). Therefore, the effects of dredging are likely to affect the 

sediments in the different parts of the system differently, with subsequent variable effects on the 

fauna in the sediments and the water column. 

Third, these previous studies were done 20 years ago and since that time considerable development 

and human activity has occurred within the nearshore area and also in the broader Noosa region. 

Many of these activities are threats to the biodiversity and health of the estuary (see Chapter 4). 

Those threats that translate into impacts will be affecting the benthic and nektonic communities and 

therefore any further dredging will interact with these other impacts, with possible synergistic 

effects. This means that there will need to be focussed studies done in order to understand how any 

management responses to the declines in biodiversity affect the health of the system. 

Despite the scarcity of detailed studies done specifically on the impacts of dredging in the Moreton 

Bay region, studies on the effects of dredging and similar extractive industries elsewhere have 

demonstrated clearly the potential for substantial impacts on benthic assemblages.  The following 

sections provide an overview of the relevant scientific literature which deals with impacts 

associated with dredging or similar extractive activities in estuarine and marine environments.  This 

coverage does not provide an exhaustive review of all available literature. It does, however, provide 

a background on the various ways in which dredging may have effects on biological assemblages in 

estuarine and marine environments. 

9.2.2. Entrainment of Organisms 

Dredging usually results in the complete loss of organisms from the area being dredged (ICES, 

1975;  Nichols et al., 1990). The benthic infauna, including macro- and meiofauna, are collected 

with the dredged sediment but it is possible that some of these organisms may be returned to the 

estuarine environment as part of the overflow of fine material. Mobile species may also be able to 

survive entrainment (Morton, 1977), although this would likely depend on the specifics of the 

equipment being used. Wainwright et al. (1992) modelled the loss of commercially important 

Dungeness crabs, Cancer magister, due to entrainment in dredge equipment in Grays Harbour, 

Washington, and found some types of dredge equipment had the potential to cause marked impacts 

on the fisheries. The direct impacts on populations of Dungeness crabs, and the added indirect 

effects due to loss of suitable habitat for recruitment, has resulted in the need for expensive 

mitigation programmes to be implemented in this region (e.g. Dumbauld et al., 1993). 
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9.2.3. Effects from Resuspension of Sediments 

Dredging in sandy and muddy areas will lead to resuspension of bottom sediments, especially in 

areas where there are strong water currents.  Resuspension of sediments has potentially complicated 

biological effects, including effects on primary and secondary production.  The critical physical 

consequences of sediment resuspension are an increase in the turbidity of the water, and subsequent 

redeposition of the sediment onto the substratum, with possible alterations in sediment grain size 

and associated parameters. 

9.2.3.1. Suspended Sediments in Water Column 

9.2.3.1.1 Effects on Primary Production 

Resuspension of sediments into the water column as a result of dredging is likely to affect primary 

production in two basic ways: (1) by stimulating chemical exchange between resuspended 

sediments and the water column; and (2) by altering the maximal depth of light penetration due to 

increases in turbidity (i.e. the water becomes murkier). In order to appreciate the consequences of 

chemical exchange between sediments which are resuspended by dredging operations and the water 

column, it is first necessary to understand some of the fundamental steps in the deposition, burial 

and chemical transformations of sedimentary materials. 

Benthic sediments consist of a mixture of living and non-living animal, plant and algal matter, a 

large and diverse microbial community, amorphous organic matter, and inorganic minerals of 

varying particle sizes (e.g. clays, silts and sands). There is also a liquid phase present, consisting of 

water and a complex constituency of dissolved ions which occupy the spaces (pores) between the 

particulate materials (Day et al., 1989; Chester, 1990). Particulate materials and dissolved nutrients 

may originate from outside the estuarine system (e.g. atmospheric or anthropogenic sources), or 

may originate from internal sources such as phytoplankton blooms. 

Following sediment deposition, a particle of non-living organic matter undergoes a complicated 

series of oxidation-reduction chemical transformations called "diagenesis" which may eventually 

result in the release of its components in an inorganic (mineralised) form. As the process of 

sedimentation continues, the particle becomes buried and over time will occupy successively deeper 

layers of the sediment, and the sediments become stratified. This stratification is manifested as 

vertical gradients in both the composition of particulate matter and in the chemical nature of the 

diagenetic process. The chemical stratification (referred to as the "diagenetic zone sequence") 

represents a vertical structuring of chemical properties of the particulate matter and the ambient 

pore water (Day et al., 1989;  Chester, 1990). 

Typically the upper region of the sediments, bounded by the sediment-water interface, is the aerobic 

or oxic zone, where the interstitial water is oxygenated. Oxygen is the primary oxidising agent and 

alteration of sedimentary material proceeds by aerobic respiration. With increasing depth, the 

amount of oxygen in the pore water decreases. Within this large anoxic zone, respiration proceeds 

anaerobically and the primary oxidising agent shifts from oxygen to nitrate (NO3), sulphate (SO4) 

and ultimately carbon dioxide (CO2) (Martens, 1978). These diagenetic reactions occur rather 

slowly, especially within the anaerobic regions of the sediments and, as a result, large amounts of 

undegraded or partially degraded organic material can be 'stored' in the anaerobic zone of the 

sediments if natural rates of sedimentation are high. 

All of these diagenetic events are usually mediated by micro-organisms which participate in 

diagenesis in order to acquire energy and raw materials for the synthesis of biopolymers. By-

products of the microbial breakdown of organic material include soluble inorganic nutrients (e.g. 

nitrate, phosphate, ammonia) which are essential for algal and plant growth (primary production).  
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These inorganic nutrients become available to the algae and plants via diffusion from the pore water 

into the overlying water column. The sediments can therefore act as a reservoir of nutrients for 

primary producers. At particular times of the year, this supply of nutrients may be of importance in 

fuelling local phytoplankton blooms. As much as 60% of the phosphorous and nitrogen needs of 

phytoplankton can be supplied by mineralisation processes within the sediments (Blackburn, 1986). 

The rate of chemical exchange between the sediments and the overlying water column is dependent 

in part upon the rates of chemical diffusion, rate of deposition of particulate matter and the 

magnitude of sediment disturbance. Natural agents of disturbance include bioturbation (sediment 

mixing and ventilation activities of infaunal organisms), and mass water movement generated by 

increased flow (e.g. periods of flood), winds and tides. This disturbance facilitates the diffusion-

dependent rate of chemical exchange and stimulates the decomposition of organic phosphorous and 

nitrogen resulting in an increase in nutrient fluxes across the sediment-water interface, often several 

orders above static conditions (Kristensen & Blackburn, 1987; Day et al., 1989; Chester, 1990). 

Primary productivity, as manifested by algal and aquatic plant growth, is closely linked to the 

diagenetic processes occurring in the sediments. These diagenetic processes have this role because 

they are critical to the local geochemical cycling of elements essential for the nutrition of the algae 

and other plants. The fundamental issue relating to the effects of dredging on primary productivity 

is therefore the extent to which the dredging-induced sediment disturbance and resuspension alters 

the coupling between pelagic and benthic productivity and geochemical cycling. Windom (1975) 

reported that soluble levels of phosphorous and nitrogen increased 50-100 times above ambient 

levels during the disposal of dredge-spoil. One problem which may arise from such dramatic 

increases in nutrient concentrations in the water column is the stimulation of nuisance algal blooms 

including toxic red tides (Morton, 1976), although increased turbidity has been suggested as one 

reason why some lake systems in the Netherlands do not have blooms of blue-green algae (van 

Duin et al., 1995). 

Sediment resuspension induced by dredging can also lead to increases in the turbidity of the water 

column, which in turn reduces the maximal depth of light penetration. Sediment resuspension can 

therefore affect primary productivity by reducing the total width of the euphotic zone - the zone in 

the upper layers of the water column wherein light levels are sufficient to support photosynthesis.  

The magnitude of any reduction on the width of the euphotic zone is dependent on factors such as 

the grain size of the sediments, the size of the area being dredged, the duration and volume of 

material removed from the bottom, and site-specific hydrographic and bathymetric features 

(Kennish, 1992). 

The effect of dredging on local primary productivity seems to be strongly dependent on local 

conditions. Sediment resuspension caused by dredging operations significantly reduced 

phytoplankton growth in a naturally clear estuary in South Florida, but not in a naturally turbid 

system in the upper Chesapeake Bay (Windom, 1975).  Sediments resuspended during dredging 

may also act to trap phytoplankton, carrying them to the bottom (Brehmer, 1965). 

Changes in turbidity in the water column may also lead to reductions in rates of primary production 

of benthic microalgae. Iannuzzi et al. (1996) estimated that dredging associated with construction of 

a marina in Long Island Sound, New York could lead to a  48% reduction in rates of primary 

production of sediment microalgae.  n that study, they suggested that this loss of production would 

be compensated for by increased surface area associated with the construction of piers and jetties 

for the marina facility. This would not usually be the case for dredging associated with an extractive 

industry where there is no compensatory provision of alternative benthic habitats. Sloth et al. (1996) 

found that benthic microbial communities in Denmark were very resilient to the effects of sediment 

resuspension, with rates of primary and bacterial production returning to ambient levels after 1 

week. 
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9.2.3.1.2. Effects on Secondary Production 

Nutrients released following resuspension of sediments may stimulate growth of phytoplankton and 

this initial stimulus in primary production may lead to a similar enhancement of secondary 

productivity in the form of increases in the abundance of herbivorous zooplankters, and eventually 

additional larger organisms which prey upon the zooplankton. As the blooms decline, the uneaten 

remains settle to the substratum and possibly add a pulse of food to the benthic habitats. The overall 

effect of sediment resuspension would also depend on the amount of degradable organic material 

which was also resuspended into the water column. If the amount of resuspended organic material is 

large, sustained proliferation of heterotrophic microflora may decrease the oxygen content of the 

water, and widespread hypoxia or anoxia could ensue to the detriment of the pelagic and the benthic 

fauna. One of the concerns identified for dredging in estuarine environments is that the formation of 

deep holes in the substratum, with restricted water flow, will lead to oxygen depletion (e.g. Pollard 

et al., 1991), although it seems likely that such holes will be rapidly filled by slumping and 

sedimentation (May, 1973). 

Studies on the effects of dredging and trawling associated with fishing activities have shown that 

marked increases in suspended particulate material occur immediately after these operations begin 

(e.g. Jørgensen, 1980; Rieman & Hoffmann, 1991; Eleftheriou & Robinson, 1992). Even short-term 

dredging can lead to increases in particulate concentrations in the water column of over 1000% 

(Jørgensen, 1980) and can cause dramatic decreases in dissolved oxygen concentrations (e.g. 

Jørgensen, 1980; Riemann & Hoffman, 1991). 

Increased turbidity can also reduce the foraging success of visual predators. The classical models of 

predator-prey dynamics by Lotka (1925) and Volterra (1926) were based on the assumption that 

consumption of prey is directly proportional to both prey and predator abundance. This simple 

assumption of direct proportionality underlies many models of trophic interactions still used by 

modellers working with plankton. Recently, however, modellers have made substantial advances 

through the recognition that predator-prey contact rates also depend on the spatial distribution of the 

predators and prey in the water column. Lasker et al. (1970) and Lasker (1975, 1978) proposed that 

fish larvae actually feed in patches of relatively dense phytoplankton, thereby enhancing their 

feeding rate greatly over what would be predicted on the basis of average densities of prey in the 

water column. Lasker also hypothesised that intense storms introduced sufficient turbulent mixing 

into the surface mixed layer to disperse the patches of prey and thereby disrupt larval fish feeding 

occasionally even enough to cause recruitment failures (Lasker, 1975;  Parrish & MacCall, 1978). 

The prediction that increased turbulence leading to the destruction of feeding patches and causing 

increased larval mortality is the direct opposite of the predictions generated by considering how the 

relative movements of predators and prey influence their rates of feeding. Gerritsen & Strickler 

(1977) first focussed the attention of plankton ecologists on the role of predator and prey mobility in 

affecting encounter rates between the two. Rothschild & Osborn (1988) extended the evaluation of 

the importance of how prey move, relative to their predators, by showing in theory  that enhanced 

turbulent mixing substantially increases the encounter rates of planktonic predators and their prey. 

This model has stood up to test by Sundby & Fossum (1990), who showed that much of the 

unexplained variance in gut fullness of larval cod off Norway could be explained by the Rothschild-

Osborn hypothesis. 

Despite the success with these models in explaining predator-prey interactions in relation to 

turbulence, there has been little incorporation into these models, of the effects of increased 

suspended material in the water column on predator-prey contact rates for fish or invertebrates.  

Rothschild & Osborn (1990) mentioned turbidity as a factor which can change the "perceived area" 

(i.e. ability to see a prey item) for a visually searching fish larva, but did not specifically include 

calculations on how different levels of turbidity would be translated to changes in feeding by the 
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larvae. A decrease in the ability to see and move towards prey is likely to be another factor 

controlling encounter rates between predators and prey in the plankton. 

Elevated levels of suspended solids in the water column have been shown to result in reductions in 

the numbers of prey consumed by a variety of estuarine fish (e.g. Johnston & Wildish, 1982; 

Minello et al., 1987). Cyrus & Blaber (1987) have shown that the distribution of juvenile fish in an 

African lake system is closely related to levels of turbidity. Blaber & Blaber (1980) found that 

many of the species of fish present in Moreton Bay and associated estuarine areas could be divided 

into four main groupings based on their relationships with turbidity, and that movements of some of 

these fishes were influenced by the presence of areas with high turbidity. 

It is not, however, only large mobile fish and their larvae which could be affected by an increase in 

suspended material in the water column. Filter-feeding zooplankton (e.g. Daphnia) can have their 

rates of ingestion decreased by up to 95% with increased suspended sediment concentrations 

(Arruda et al., 1983). The effect of suspended particles also appears to depend on the size and type 

of particles. Gaddy & Parker (1986) found that volcanic ash had no significant effect on the feeding 

rates of this same species of Daphnia, using similar methodology and concentrations of suspension. 

Passive filter-feeding invertebrate larvae, surrounded by inorganic particles, may have their rates of 

feeding reduced by having to process and sort large numbers of non-food items. Many prosobranch 

gastropod veligers handle and ingest inorganic particles along with phytoplankton if they are 

presented with a mixed source (Fretter & Montgomery, 1968). The filtering apparatus (e.g. the cilia 

on the velum) may also become clogged by the fine suspended material. A decrease in encounter 

rates with food items, and also decreased assimilation rates (Arruda et al., 1983), may significantly 

increase the amount of time needed to obtain the necessary nutrition for growth and survival. Given 

that growth and survival in the plankton are usually not independent, a reduction in growth rate for 

plankters could mean a significant increase in the rates of mortality in the plankton. 

It seems likely, therefore, that the effects of increased turbidity on interactions between predators 

and their prey will be dependent upon the particular trophic levels being examined and the way in 

which the predator acquires prey. Visually searching predators, such as fish larvae, may have their 

ability to locate prey impaired by decreased light intensity associated with turbidity. Zooplankton, 

which are less able to control horizontal movements and are therefore more dependent upon 

"random" contact with phytoplankton cells and smaller zooplankton for feeding, will encounter 

greater numbers of non-food particles possibly slowing the processing of food and even interfering 

with their feeding apparatus. Schubel et al. (1973) have also reported that a doubling of fine-grained 

sediment concentrations in the water column had a substantial effect on the hatching success of 

pelagic fish eggs. 

Benthic filter-feeding organisms, such as bivalves and some groups of polychaetes, may also be 

affected adversely by increased concentrations of inorganic particles in the water column. The 

effects of increased suspended loads on filter-feeders has been reviewed by Morton (1976) and 

include effects on efficiency of filtering apparatus, increased energetic demands for maintenance 

damage to gill filaments, reductions in rates of respiration, retarded egg development and reduced 

growth and survival of larvae. The quality of suspended food for benthic suspension-feeders is 

likely to be decreased in a similar manner to that described above for pelagic filter-feeders, with 

subsequent declines in growth and survivorship (e.g. Peterson, 1985). Reductions in abundances of 

large suspension-feeding animals such as bivalves may lead to further declines in water quality.  

Cohen et al. (1984) suggested that increased water quality in the upper Potomac River in Maryland 

(USA) could be attributed to the suspension-feeding of bivalves filtering excess particles from the 

water. Declines in the abundance of these organisms would presumably lead to subsequent 

increases in suspended sediment loads and declining water quality. Turner & Miller (1991) 

suggested declines in growth of the hard clam Mercenaria mercenaria with increased suspended 
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sediment load were caused by a decreased net energy gain from food due to the processing of the 

sediment particles (as pseudofaeces). 

9.2.4. Effects of Sedimentation on Benthic Organisms 

9.2.4.1. Changes in Sediment Grain Size 

Changes in the distribution of sediment grain-sizes in different parts of the estuarine system are a 

result of the removal of the sediment by the dredge with the exposure of underlying sediments, 

redeposition of suspended material back onto the substratum, and eventual 'refilling' of the holes 

made by the dredge by sediment transported from other sections of the estuarine system (de Groot, 

1986). Additionally, increasing the depth of the estuary may lead to changes in the hydrodynamics 

in the area, with subsequent effects on natural sedimentation rates. Exposure of underlying 

sediments which are often poorly sorted may allow greater mobilisation and loss of fine sediments 

during storm events or periods of flooding (e.g. Messieh et al., 1991). 

Some information on the consequences of sediment redeposition and subsequent alterations to the 

physical character of the sediments has come from studies examining impacts associated with 

trawling.  In the case of prawn trawling, changes in sediments arise from the mixing action of the 

trawl gear as it pushes through the substratum. Sediment is often more compacted in the wake of 

trawl gear, possibly because fine particles suspended into the water column are carried away from 

the area by water currents (Bridger, 1972). Trawling would, therefore, result in an overall increase 

in the grain-size of the sediments, with any shifts possibly more pronounced in habitats with a 

greater proportion of muds and silts. 

Any changes in the sediment grain-size caused by dredging are likely to lead to changes in the 

overall composition of the benthic assemblages due to the often close association between soft-

sediment fauna and sediment parameters (e.g. Sanders, 1958, 1960; McNulty et al., 1962). The finer 

particles dispersed during dredging also include organic particles which are often bound to the 

sediment grains. This organic material is an important food source for deposit-feeding animals 

(Levinton, 1979, 1989), so one effect of any changes in grain-size of the sediments may be a 

decrease in the abundance of deposit-feeding fauna with subsequent effects on other components of 

the system (reviewed by Levinton, 1979, 1989). 

There is generally a close association, at large spatial scales, between the distribution of benthic 

soft-sediment organisms and the particle size of sediments. Studies done mostly in the temperate 

northern hemisphere have shown that deposit-feeding fauna are mostly associated with fine 

sediments whereas suspension-feeding fauna are more common in coarse sandy sediments (e.g. 

Sanders, 1958; Rhoads & Young, 1970; Levinton, 1972; Holland & Polgar, 1976; Whitlatch, 1977;  

but see Skilleter, 1991 for a counter example). Changes in sediment grain-size may therefore result 

in shifts in the entire community structure of the sediments after dredging, with associated indirect 

effects on other components of the estuarine environment (e.g. pelagic organisms that prey on 

animals in the sediments). 

Kaplan et al. (1974) found that the recovery of benthic assemblages after dredging varied as a 

function of sediment type and that the distribution of sediment-types was affected by changes to the 

hydrodynamic regime caused by the dredging. Jones & Candy (1981) found that the structure of the 

benthic assemblages in Botany Bay (Sydney) recolonising dredged areas varied depending on the 

sediment type. Where dredging led to a change in sediment type from sand to mud (see Jones, 

1981), there was a decrease in species richness (although some of the conclusions drawn by Jones 

(1981) have been challenged by McGuinness, 1988).   
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9.2.4.2. Burial of Organisms 

Fine-grained sediments which are resuspended in the water column by dredging will eventually be 

deposited back onto the substratum at locations dependent on the flow regime in the estuary (Dyer, 

1979). Direct burial of organisms due to sedimentation is one of the most obvious impacts 

associated with dredging where there is inadequate attention paid to restricting the extent of 

transport of the resuspended material (e.g. Morton, 1976;  Maurer et al., 1981). Organisms which 

are attached to hard substrata (e.g. oysters, mussels and barnacles) are likely to be killed outright 

when they are smothered by fine sediments because of their inability to burrow above the deposited 

material (e.g.  Carriker, 1967, 1986; Saila et al., 1972;  Moran, 1991). Increased siltation from 

dredging has been implicated in declines in coral populations in Bermuda (Dodge & Vaisnys, 1977) 

and Hong Kong (Morton, 1994). Brown et al. (1990) documented widespread declines in coral 

cover at Phuket in Thailand after dredging, but also noted the rapid recovery of the reef after 22 

months. 

In a series of laboratory experiments, Maurer et al. (1981a, b, 1982) examined the ability of 

polychaetes, crustaceans and molluscs to migrate vertically after being buried in natural (i.e. locally 

occurring) and "exotic" (simulated dredge spoil from elsewhere) sediments. They found that 

survival decreased as the depth of burial and the length of time the animals were buried increased.  

Interestingly, they also found that survival was significantly reduced in "exotic" sediments 

compared with ones the animals naturally occurred in. This suggests that the effects of burial under 

dredge spoil may be a greater problem than burial from naturally occurring material resuspended 

during dredging. 

Most of the field-based experimental studies which have dealt with the effects of sediment 

disturbance on soft-sediment communities have been done on relatively small scales, e.g. patches of 

defaunated sediments (Zajac & Whitlatch, 1982) and have been primarily interested in rates of 

recovery and the successional sequence involved in recolonisation (reviewed by Thistle, 1981), but 

there have been some which have dealt with the effects of smothering on infauna (Rhoads, 1974;  

Thistle, 1981;  Wilson, 1981). Brenchley (1981), for example, found that the impact of burial on 

infauna depended on the mobility of the animals (tube-dwellers vs. mobile burrowers) and their 

feeding type (suspension-feeders vs, deposit-feeders). Similarly, Peterson (1985) found that 

suspension-feeding clams were more susceptible to mortality from burial than deposit-feeding 

clams.  None of these studies specifically examined the effects of smothering from continuously 

deposited sediments on the survival of new recruits. 

9.2.5. Effects on the Stability of the Substratum 

The physical stability of the seafloor is an important component affecting the settlement and 

survival of many benthic organisms (Rhoads et al., 1978). As dredging removes material from the 

bottom, the surrounding sediment is likely to slump downwards to fill the holes, creating a more 

mobile substratum, with subsequent effects on the structure of the benthic assemblages. There are 

examples where the apparent pattern of suspension-feeders in sandy sediments and deposit-feeders 

in fine sediments breaks down (e.g. Sanders et al., 1962; Rhoads & Young, 1970; Aller & Dodge, 

1974;  Maurer et al., 1979). This often occurred in places where sediments were exposed to strong 

water currents, and the substratum in these places often had an appearance indicative of constant 

reworking often to depths of 10 cm or more. This constant movement of the substratum provides a 

less stable habitat for organisms to occupy. The stability of sediments has been suggested as being 

important for a variety of organisms (e.g. Sanders, 1958; Boaden, 1968; Aller & Dodge, 1974;  

Palmer & Brandt, 1981) and increasing sediment stability has been shown to cause a reduction in 

the number of species in a variety of habitats (e.g. Maurer et al., 1979; Skilleter, 1991). Kaplan et 

al. (1974) suggested that recolonisation of dredged sediments would be delayed until the sediments 
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became more stable, thus increasing the time for areas to recover from the disturbance (see also Van 

Der Veer et al., 1985). 

9.2.6. Effects on Larval Supply 

Studies on other forms of anthropogenic disturbance in marine and estuarine systems can provide 

indications of likely effects from dredging on larval supply. Permanent loss of oyster beds and reefs 

of the tube-dwelling polychaete worm Sabellaria has occurred in the North Sea and this has been 

attributed to the effects of trawling and associated disturbance to the benthic habitats (de Groot, 

1984). The exact mechanism by which trawling could have eliminated these animals remains 

unclear, but it probably involved alteration of the habitat to the extent that recruitment of larvae 

from the plankton was not sufficient to maintain the populations. The larvae of many benthic 

invertebrates are very specific in their choice of the substratum onto which they attach prior to final 

metamorphosis to the adult form (Meadows & Campbell, 1972). Many larvae cue into the presence 

of conspecific adults (gregarious settlement), resulting in highly aggregated patterns of dispersion 

(e.g.  Crisp, 1967, 1974; Wilson, 1968). 

Butman (1987) has challenged the paradigm that benthic organisms make active choice of particular 

sediment types, and has shown that similar patterns of distribution of benthic organisms would 

result using a model of passive deposition of larvae based on their relative size and fall velocities in 

relation to flow conditions. Changes to hydrodynamics in estuarine systems, with increased flow 

rates, tidal exchanges, etc. (Erskine, 1990) would affect either the capacity of larvae to actively 

choose to settle in certain environments, or would affect where they were deposited on the bottom.  

Under both scenarios, the prediction would be changes to the patterns of larval arrival, settlement 

and recruitment under dredging. 

9.2.7. Release of Toxic Compounds into the Water Column 

Chemical exchanges between resuspended sediments and the water column are not limited to those 

involving a release of nutrients which enhance autotrophic growth. The sediments also serve as a 

store for a variety of inorganic (e.g. heavy metals) and organic pollutants (such as pesticides and 

organo-phosphate fertilisers) which may be released in soluble form following sediment 

resuspension (May, 1973; Kennish, 1986, 1992). Sediments which are dredged in proximity to 

canal estates and marinas close to urban and/or commercial centres are likely to be polluted with a 

variety of toxic compounds, including pesticides, heavy metals and hydrocarbons (e.g. Lau et al., 

1993). 

Morton (1976) reviewed some of the effects of toxicants on aquatic organisms. Some of the effects 

he noted included reduced respiration and reproductive capacity, reduced capacity for construction 

of the shell and physiological impairment of the adductor muscle in oysters, interference with the 

chemosensory capacity of some organisms (which could affect ability to search for food), and 

effects on embryonic development in various species of bivalves, possibly including oysters and/or 

mussels being planted around the Noosa estuary in order to replenish lost populations of these 

habitat-forming animals. 

Studies on dredging have revealed that concentrations of heavy metals following sediment 

resuspension vary according to metal and locality. Thus, some heavy metals show little change in 

concentration (e.g. mercury), a temporary increase in concentration (e.g. iron), a sustained increase 

in concentration (e.g. cadmium), and a series of spikes in concentration (e.g. zinc) (Windom, 1975;  

also see May, 1973). Heavy metal ions released from the sediments may be quickly scavenged by 

insoluble iron hydroxides and clay particles and become redeposited. The scavenged metal may 

later be released back into the water column in its ionic form following diagenetic transformation 

(Windom, 1975). The chemistry involved in pollutant regeneration is very complex and cannot be 
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predicted accurately despite a knowledge of the metal content of the sediments (Windom, 1975;  

Morton, 1976;  Kennish, 1992). 

Davenport & Spacie (1991) suggest that some accumulated chemicals, such as PAHs, may become 

more toxic when released into the water column because of photoactivation.  They tested elutriates 

derived from contaminated sediments and found that none of the extracts were toxic in the absence 

of light (i.e. when still bound up in bottom-sediments). 

9.2.8. Loss of, or Changes to, Benthic Habitats 

A potentially critical aspect of dredging in estuarine and marine environments is the resultant loss 

of benthic habitats (e.g. Brehmer, 1965;  Kaplan et al., 1974). Any heterogeneity originally present 

on the substratum, such as the rocks, cobble, patches of sand, etc., is usually removed as the 

substratum is taken away. This will result in loss of habitat complexity, and the availability of 

microhabitats and surfaces for attachment of organisms (Iannuzzi et al., 1996). Similar effects have 

been noted after the use of fishing equipment such as scallop dredges (e.g. Currie & Parry, 1996). 

Loss or partial destruction of the living component of benthic habitats typically has serious 

ecological consequences. Reefs (e.g. corals, serpulid and spirorbid tubeworms, vermetid molluscs, 

oysters) and seagrass beds are often 'islands' of high species diversity and abundance relative to the 

surrounding sediments (e.g  Well, 1961; Peterson, 1979). This diversity results from a complex of 

factors, including the presence and availability of the habitat for occupation of other organisms, the 

structural complexity provided by the structures, increased habitat stability, availability of food and 

protection from predators (Thayer et al., 1975;  Orth, 1977;  Orth et al., 1984;  Peterson, 1979;  

Heck & Orth, 1980). 

Dredging may also dislodge rocks and shells and in the process, raise them above the surface of the 

sediment. This has been observed as a result of bottom trawling (e.g. Caddy, 1968, 1973). This 

would increase the surface area available for occupation by epibenthic organisms, especially sessile 

(attached) forms. The intrusion of structures above the surface of the sediment would also cause 

changes to near-bottom hydrodynamics with subsequent effects on settlement and recruitment of 

infaunal organisms (e.g. Butman, 1989;  also see Section 1.5.1. below).   

Holes in the substratum will also be formed where large rocks are dislodged, further modifying the 

topography of the bottom (Caddy, 1973). Changes to the bottom topography may result in a greater 

variety of microhabitats being available and, to the extent that diversity is often positively 

correlated with habitat complexity in benthic habitats, a greater diversity of benthic fauna. Any 

effect of modifications to the bottom topography will persist until the rocks and shells are reburied 

by sediment deposition and movement.  In areas of low sedimentation this may require substantial 

amounts of time and in the interim the new surface area available for epifauna may lead to an 

increase in their abundance, at the expense of habitat (sediment) for infaunal organisms. 

Dredging has been implicated in substantive impacts on estuarine seagrass beds (Giesen et al., 

1990; Larkum & West, 1990; Onuf, 1994). Odum (1963) suggested increased siltation on seagrass 

beds in Texas, after dredging, resulted in declines in productivity, although the following year there 

was increased production possibly as a result of associated increased in nutrients. Quammen & 

Onuf (1993) report changes in species composition and coverage of seagrasses in a hypersaline 

coastal lagoon in Texas, suspected to have been caused by dredging-induced turbidity, with effects 

lasting for over a decade. 

Given the close associations between seagrasses and the associated fauna (e.g. Bell & Westoby, 

1986; Bell & Pollard, 1989), it is likely that loss of the vegetated habitats would have large-scale 

effects on benthic invertebrate assemblages, although this has rarely been investigated 
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experimentally (but see Peterson et al., 1987). Declines in the extent of seagrasses in Chesapeake 

Bay (Dennison et al., 1993) have been associated with declining water quality, but impacts on the 

benthic invertebrates as a response to these changes in abundance of the seagrasses has not been 

examined. 

9.2.9. Recolonisation by Benthic Fauna after Dredging 

After dredging has been completed, the important issue becomes one of rates of recolonisation of 

the 'new' benthic habitats by infauna and epifauna. "Recolonisation" can be defined simply as the 

increase in the number of animals in previously impacted zones. It is expected that zones which 

have been dredged will be changed considerably from their original condition: a large volume of the 

substratum has been removed. The rate of recolonisation measures how quickly animals arrive back 

into the disturbed zone and take up residence there. By itself, recolonisation makes no assumptions 

about spatial and temporal patterns in other (undisturbed) areas. 

Another term often used in relation to environmental impacts arising from human activities such as 

sand and gravel extraction is the term "recovery". Definition of 'recovery' in an ecological sense is 

problematic because it requires some detailed knowledge of what a biological assemblage would 

look like in the absence of the anthropogenic disturbance. Recovery has been evaluated on the basis 

of arbitrary levels of species richness or total abundance. For instance, an area may be considered as 

having "recovered" if it now contains 75% (for example) of the species or individuals at some 

reference area. Such an evaluation depends on the assumption that the reference area represents 

what the disturbed area should "look like" in terms of faunal composition. Most biological 

assemblages (aquatic and terrestrial) are spatially and temporally variable, so there is no a priori 
reason to expect that any two areas, disturbed or not, should be so similar that a simple comparison 

of species richness would be a useful measure of "recovery". A more valid consideration of 

"recovery" requires some estimation of patterns of spatial and temporal variability in the structure 

of the assemblages (e.g. Clarke, 1993), and the abundance of individual taxa (e.g. Underwood, 

1991, 1992, 1993). This approach requires more complex sampling designs and analytical methods, 

although these are now available (Clarke, 1993; Green, 1993; Underwood, 1993; Keough & 

Mapstone, 1995). 

Rates of recolonisation of soft-sediment systems after dredging vary considerably ranging from 2-3 

months to several years depending on the system and the intensity and frequency of the dredging 

operations (e.g. May, 1973). Kenny & Rees (1994) examined rates of recolonisation after gravel 

extraction off the coast of England and found that even after 7 months some taxa had not "fully 

recovered". They suggested several possible explanations for the observed differences compared 

with reference sites, including the fact that the substratum in the dredged areas was considerably 

different from that previously and, importantly, loss of adults in the area may be reducing the 

availability of suitable sites for larvae to settle into the dredged area. This latter point is an 

extremely important consideration. Many marine organisms have a widely-dispersed larval stage, 

which spends considerable time in the plankton, usually at the mercy of the vagaries of wind and 

tidal-currents. Recolonisation requires that larvae are available to settle into the new habitats created 

by the dredging. Many larvae respond to particular cues when choosing sites to settle, including the 

presence of adult conspecifics (reviewed by Meadows & Campbell, 1972; Butman, 1987). Loss of 

adults through dredging may remove suitable cues from an area, thus effectively preventing larvae 

from colonising the available habitat even though they may be present in the overlying water-

column. 

Oliver et al. (1977) examined the patterns of succession into sediments after dredging and dredge 

spoil disposal in Monterey Bay, California. They found that the early phase of recolonisation was 

characterised by the arrival and settlement of various opportunistic polychaete taxa, and the 

immigration of peracarid crustaceans (cumaceans and amphipods) (see also Saila et al., 1972; 
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Wildish & Thomas, 1985). The opportunistic polychaetes were all characterised by having short 

generation times, small size, low fecundity and high larval availability. None of these opportunists 

were abundant in nearby undisturbed areas of sediment. The later stages of recolonisation were 

characterised by the arrival of less mobile crustaceans and less opportunistic polychaetes which 

tended to be abundant in the undisturbed areas. An important feature was the fact the first-arrival 

opportunistic species were similar among different types of disturbance (e.g. dredged areas versus 

dredge spoil disposal areas) whereas the taxa involved in later stages of succession was very 

dependent on the composition of the nearby benthic assemblages.   

McCall (1978) stressed the importance of variability in larval availability in determining the 

recolonisation of defaunated sediments. Jones (1986) examined the effects of dredging and spoil 

disposal in the lower Hawkesbury River. He found that the total number of individuals in the 

dredged area "recovered" more rapidly than the number of species (see also Johnson & Nelson, 

1985), suggesting possibly that only the early stages of recolonisation may have been examined. 

Some species had recolonised within 2 weeks of dredging being completed. López-Jamar & Mejuto 

(1988) found that species number and abundance recovered more rapidly than total biomass. Van 

Dolah et al. (1984) found that recovery of an estuarine area was mostly facilitated by lateral 

slumping of the residual sediments, carrying organisms into the area, but also suggested the timing 

of dredging and disposal was important, with greater rates of recovery attained by avoiding periods 

when fauna were known to recruit to estuarine systems. 
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